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Abstract 
Arsenic, cadmium and chromium are significant anthropogenic contaminants. 
This work provides an insight into the short- and longer term controls on their 
mobility. 
Cadmium is known to be strongly adsorbed by iron and manganese 
oxyhydroxides. Extended X-ray absorption fine structure (EXAFS) spectroscopy and 
ab initio quantum mechanical calculations have shown that whilst cadmium prefers to 
adsorb to iron oxyhydroxides via 'edge-' rather than 'corner sharing' mechanisms, 
mineral morphology exerts a strong control on the relative importance of each 
mechanism. Cadmium has been shown to sorb on cryptomelane (KMn8O16) by 
exchanging with protons in the structural tunnels that this mineral possesses. 
Ferrihydrite is a metastable iron oxyhydroxide that is known to be a very 
effective sorbent of As(V) and Cr(III). Over time it ages into more crystalline phases 
such as goethite (a-FeOOH) and/or hematite (a-Fe203). Arsenic is not released to 
solution during the ageing of As(V)-contaminated ferrihydrite, and all arsenic remains 
as surface complexes throughout the ageing process. Conversely, Cr(III) that is 
present during ferrihydrite nucleation forms a discrete Cr(OH)3-nH2O precipitate as 
this mineral ages, and ageing is accompanied by a persistent release of aqueous 
chromium. Increases in As(V) and Cr(III) loading retard the phase transformation 
process. 
Green rust (Fe2(11)Fe(")(OH)5(SO4)) is of potentially great importance to trace 
metal mobility because of its mixed valence. However, As(V) is not reduced by this 
material, regardless of whether it is introduced before or after green rust nucleation. 
In contrast, Cr(VI) undergoes instantaneous reduction to Cr(III) following interaction 
with green rust. 
Sulphidisation of As(V)-contaminated goethite results in the rapid reduction of 
As(V) and the formation of poorly crystalline mackinawite (Fei+xS). EXAFS analysis 
shows that the first coordination shell around As(III) is identical to that in poorly 
crystalline orpiment (As2S3). 
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Chapter 1 
Chapter 1 
The environmental geochemistry of arsenic, cadmium 
and chromium 
1.0 INTRODUCTION 
This chapter is an overview of the environmental geochemistry of arsenic, 
cadmium and chromium. It outlines the factors which have previously been 
identified in field and laboratory studies that exert the most significant control on the 
mobility of these three elements. The subsequent results chapters focus on a number 
of these factors in order to improve our understanding of the way that arsenic, 
cadmium and chromium behave on both short and long timescales in contaminated 
sediments and soils. 
1.1 ARSENIC IN THE ENVIRONMENT 
1.1.1 Introduction 
Arsenic is widely distributed in nature. The natural background level of 
arsenic in soils ranges between 0.1 - 50 ppm (mean 5- 6ppm) (Vinogradov, 1959; 
Backer and Chesnin, 1975; Bowen, 1979), but can reach far higher levels in 
contaminated soils. Arsenic has long been recognised as a toxin and carcinogen 
(Hering, 1994). Arsenic poisoning is known to result in melanosis, leucomelanosis, 
keratosis, hyperkeratosis, dorsum, non-petting oedema, gangrene and skin cancer 
(Mandal et al., 1996). It is also linked to the development of cancers on internal 
organs such as the bladder and lungs (Mandal et al., 1996). In recognition of the 
potential health risks associated with arsenic, the recommended maximum drinking 
water limit for arsenic is 10 ppb (WHO, 1993). 
1.1.2 Sources of arsenic 
1.1.2.1 Natural sources 
As can be seen from Table 1.1, rocks contain by far the largest amount of 
arsenic, with relatively minor amounts in the oceans, soil, biota and atmosphere. 
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Under natural conditions, the main source of arsenic to the environment is 
weathering of parent geological materials. Arsenic is present in many clay minerals, 
phosphorites and manganese ores, but is especially concentrated in magmatic 
sulphide ores. The most important ores of arsenic are minerals such as arsenopyrite 
(FeAsS), realgar (AsS) and orpiment (As2S3). These minerals are often found in 
association with sulphide ores of other metals (e. g. in solid solution with pyrite, 
FeS2), and hence terrains rich in sulphide-bearing strata can display elevated levels 
of arsenic in river and ground waters due to sulphide oxidation (Nriagu, 1994; 
Smedley et al., 1995) (Table 1.1). Mining activities can vastly increase the rate and 
extent of sulphide oxidation, and the resulting 'acid mine drainage' sediments can 
contain > 2000 ppm arsenic in some fractions (Bigham et al., 1990; Table 1.1). 
Arsenic levels are increased by accumulation during weathering processes 
and translocation in colloidal fractions (limura, 1981). Hence, arsenic levels in 
shales (14.5 ppm on average; Bhumbla and Keefer, 1994), sediments (100-300 ppm; 
Branson and Patrick, 1987) and soils (7.2 ppm, Bhumbla and Keefer, 1994) are 
enriched relative to the 1.8 ppm crustal average (Iimura, 1981). Where not present 
in primary minerals, soil arsenic is often ' contained in secondary sedimentary 
minerals such as Al-, Ca-, Fe-, Mn- or Pb-arsenates (Yan-Chu, 1994). 
Bangladesh and West Bengal are currently experiencing widespread 
poisoning from naturally occurring arsenic in drinking water abstracted from tube 
wells (Mandal et al., 1996). These provide 95% of Bangladesh's drinking water, and 
are sunk 20 to 100 metres into the fine alluvial sediments of the Ganges delta. The 
worst affected areas are located in the upper delta plain, mostly in the abandoned 
meander belt (Das et al., 1996). The major source of arsenic in the deltaic sediments 
is thought to be authigenic pyrite which can contain thousands of ppm arsenic. It 
seems that pumping from the tube wells has drawn down oxygenated water which 
has caused the oxidation of pyrite and the release of arsenic (Chakraborti, pers. 
comm. ). Around 45% of the tube wells are producing water with an arsenic content 
greater than 50 ppb (the WHO's maximum permissible limit; WHO, 1993) (Mandal 
et al., 1996). This has profound consequences for human health; affected 
populations are now 80 million (out of 120 million) in Bangladesh and 9 million (out 
of 68 million) in West Bengal (Chakraborti, pers. comm). Additionally, the visible 
signs of disease are just the tip of the ice berg because external, skin-related 
problems present after internal organs have been affected (Chakraborti, pers. comm). 
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Table 1.1. The distribution of arsenic between different reservoirs and 















Fe(OH)3(s) from rich acid 
mine drainage sediments 
Average world soils 
Soils close to/derived from 
sulphide ore deposits 
















All data from Bhumbla and Keefer (1994) except for 1 Iimura (1981); 
2 Branson and Patrick (1987); 3 Bigham et al. (1990); 4 Levander 
(1977). 
1.1.2.2 Anthropogenic sources 
Arsenic may accumulate in soils through mining activities, the use of 
arsenical pesticides, application of fertilisers, irrigation, dust, the burning of fossil 
fuels and the disposal of industrial and animal wastes (Nriagu, 1994). The 
anthropogenic influence on the level of arsenic in soils depends on the intensity of 
human activity, the distance from the pollution sources, and the pollutant dispersion 
pattern (Yan-Chu, 1994). 
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1.1.3 The form of arsenic in the environment 
Arsenic occurs naturally in the environment in oxidation states ranging 
between -3 and +5 (Smedley et al, 1995). However, in sediment-water and soil 
environments arsenic commonly exists in only the mono-, tri-, and pentavalent 
oxidation states: 
As(V) Arsenate 
As(III) Arsenite, and monomethyl arsonic acid (MMAA) 
As(I) Dimethyl arsinic acid (DMAA) 
In natural waters, the organic forms of arsenic are relatively unimportant in 
comparison to inorganic As(III) and As(V) (Smedley et al., 1995). However, it has 
been suggested that methylated organic oxyacids (MMAA and DMAA) can be 
produced by a variety of organisms and their presence has been reported in a range 
of natural waters (Braman and Foreback, 1973; Andreae and Klumpp, 1979) and 
soils and sediments (Woolson, 1977). 
It is clear from Fig. 1.1 that arsenic is stable in dissolved form over a wide 
range of Eh-pH space. Under conditions normally encountered in natural aqueous 
environments, the most common forms of inorganic arsenic are the arsenate 
oxyanions H2AsO4- and HAsO42- and the neutral arsenite species H3AsO30 
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Fig. I. I. Eh-pH diagram for part of the system As-C-S-O-H at 25°C and 1 
atmosphere. The assumed activities are: As = 10-8; C= 10-3; S= 10-3. It can be 
seen that arsenic is stable in dissolved form over a relatively wide range of Eh-pH 
space. 
Table 1.2 Stability constants for arsenic species 
commonly found in the environment 
Species log K 
As(V) 
HAsO42- + 2H+ = H3AsO40 9.1 
H2AsO4'+ H+ = H3AsO40 2.243 
As(III) 
H2AsO3' + H+ =H3AsO30 9.228 
Data from Appelo and Potsma (1993) Geochemistry, 
ground water and pollution, Appendix B. Balkema. 
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As(III) is much more toxic, soluble and mobile than As(V) (Yan-Chu, 1994). 
In general, the speciation, solubility, mobility, bioavailability and toxicity of arsenic 
depends on its oxidation state, and hence an understanding of the Eh - pH dependent 
transformations between various species is essential to our knowledge of arsenic 
behaviour in the environment (Masscheleyn et al., 1991b). 
1.1.4 Factors controlling arsenic speciation and solubility 
1.1.4.1 The effect of Eh conditions 
Under oxidising conditions (200 - 500 mV), 65 - 95 % of dissolved arsenic 
exists as As(V) (Fig. 1.1). A strong correlation has been observed between levels of 
dissolved arsenic and iron in solution, suggesting that iron oxyhydroxides play an 
important role in controlling arsenic solubility under oxidising neutral to mildly 
acidic conditions (Masscheleyn et al., 1991a, b; Marin et al., 1993). The correlation 
between levels of soluble iron and arsenic suggests that As(V) species coprecipitate 
with iron oxyhydroxide. If this is the case, As(V) could only be released back to 
solution upon reductive dissolution of the host iron oxyhydroxide. However, an 
increase in soluble arsenic has been observed to precede dissolution (Masscheleyn et 
al., 1991b). This is probably due to desorption of any arsenic that was initially 
adsorbed rather than coprecipitated with the iron oxyhydroxide (Masscheleyn et 
al., 1991b). No correlation has been observed between soluble arsenic and 
aluminium or manganese concentrations, and oxidised suspensions are generally 
undersaturated with respect to Fe-, Al-, Mn-, Ca-, and Mg-arsenates. These 
observations indicate that neither aluminium- nor manganese oxides or the arsenates 
control arsenic concentrations in oxic soil and sediment environments (Masscheleyn 
et al., 1991 a, b). 
The more mobile As(III) species begins to dominate over the pentavalent 
form when Eh falls to between 0 and 200 mV. However, the greatest concentrations 
of soluble arsenic are generally found under the most reducing conditions (-200 
mV), where levels of soluble arsenic can often be ten to twenty times greater than 
under oxidising conditions of equivalent pH (Masscheleyn, 1991a, b; Marin et al., 
1993). Under highly reducing conditions, soluble arsenic concentrations often 
undergo a sudden decrease, and it has been suggested that this may be due to the 
formation of arsenic sulphides (Moore et al., 1988). Additionally, MnOOH becomes 
thermodynamically unstable under reducing conditions, and very small amounts of 
As(V) would be required to obtain saturation with respect to manganese arsenate 
minerals. Hence Masscheleyn et al. (1991b) suggest that the formation of 
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Mn3(As04)2 could set an upper limit to dissolved arsenic concentrations under 
reducing conditions. 
Arsenic is known to substitute for both iron and sulphur in pyrite, and it can 
account for up to 9 mole % (Kolker, pers. comm. ). Thus, it is not surprising that the 
oxidation of authigenic pyrite in River Ganges deltaic sediments is resulting in 
serious arsenic contamination (Chakraborti pers. comm. ). What is surprising is that 
the iron oxyhydroxides formed during pyrite oxidation do not appear to be acting as 
an effective sorbent of the released arsenic (Chakraborti pers. comm. ). A possible 
explanation for this centres on the fact that arsenic will be present in pyrite as 
As(III). Once in solution, this is only weakly sorbed by iron oxyhydroxides in 
comparison to As(V). Since Chakraborti (pers. comm. ) reports that the highest 
arsenic mobility is associated with oxygen-poor (but not anoxic) waters, it seems 
likely that in this case there is insufficient oxygen to generate As(V). Hence, arsenic 
remains highly mobile as As(III) and can be transported to drinking water supplies. 
Abiotic reactions do not appear to be involved in the release or transport of arsenic 
because it appears at the surface as inorganic arsenate or arsenite (Mandal et al., 
1996) and not DMAA or MMAA (Chatterjee et al., 1995). 
1.1.4.2 The effect of pH conditions 
The redox equilibrium of arsenic is pH-dependent (Ferguson and Gavis, 
1972; Fig. 1.1), and hence pH as well as Eh has a direct effect on arsenic speciation 
in solution (Pierce and Moore, 1982). The adsorption of arsenic species onto 
geological materials is also highly pH-dependent. The As(III) species (present as 
H3AsO4O up to pH 9) shows an adsorption maximum on most metal oxides and 
hydroxides at about pH 6 to 7 (Fig. 1.2) (Xu et at., 1988). 
The extent of adsorption of the As(V) oxyanions (HAs04-2 and H2AsO4-) is 
generally greater than that of As(III) species (Xu et al., 1991). Adsorption of the 
negatively charged As(V) oxyanions is favoured under low pH conditions when the 
net positive mineral surface charge is high. Increasingly alkaline conditions cause a 
drastic decrease in As(V) adsorption as mineral surface charge becomes increasingly 












3 5 7 9 
pH 
Fig. 1.2. Adsorption of As(V) and As(III) on alumina as a function of pH. [As(V)] 
and [As(III)] = 10-6 M. It is clear that the amount of As(V) oxyanion adsorption is 
significantly greater than that of the neutral As(III) species, and that adsorption of 
As(V) oxyanions is favoured at lower pH values where net mineral surface charge 
becomes increasingly positive. Kd is the distribution coefficient, and represents the 
ratio of adsorbed metal : metal in solution. From Xu et al. (1991). 
Alumina (A1203) and hematite (Fe203) are significant adsorbents of arsenic 
since their net surface charge is positive below their pHzp (pH of zero point of 
charge) values (-pH 6.5 - 7) (Xu et al., 1991; Fig. 1.3). Conversely, quartz has a net 
negative surface charge under most natural pH conditions because it has a pHzp of 
2. Hence, it is not a favourable adsorbent for the predominantly negative and 
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Fig. 1.3. Adsorption of As(V) on alumina, hematite and quartz. Alumina and 
hematite have pHzpC values in the range 6.5 - 7. The net positive surface charge developed under more acidic conditions makes them attractive adsorbents for As(V) 
oxyanions from solution. Quartz is not an important adsorbent of As(V) since it has 
a particularly low pHZPC value of 2-2.5. Kd is the distribution coefficient, and 
represents the ratio of adsorbed metal : metal in solution. From Xu et al. (1991). 
The decrease in As(V) adsorption at very low values of pH (Fig. 1.3) is 
probably due to a shift in the H3AsO4° : H2AsO4 ratio with decreasing pH (Fig. 1.1). 
Xu et al. (1991) suggest that the formation of positively charged [Al-H2AsO4]2+ or 
[Fe-H2AsO4]2+ complexes with solubilised A13+ and Fe3+ may also contribute to this 
effect. 
Although crystalline iron oxides such as hematite can clearly adsorb 
significant amounts of arsenic, amorphous iron oxyhydroxides have an even higher 
sorption capacity (Bowell, 1994). This is not surprising since the poorly crystalline, 
amorphous oxides and hydroxides of iron (and aluminium) possess a broad range of 
different sorption sites, and reactive surface areas are much greater than that of the 
equivalent crystalline phases. 
1.1.4.3 The effect of organic acids 
Xu et al. (1991) have found that the presence of fulvic acid (FA) generally 
decreases the adsorption of arsenic in the pH range of 4 to 8. As(V) adsorption is 
decreased most markedly at relatively high (>_ 25 ppm) FA concentrations because 
the FA anions can successfully compete for adsorption sites under such conditions. 
In contrast, As(III) adsorption is slightly decreased at lower (- 10 ppm) but not 
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higher FA levels. The effects of FA under strongly acidic and basic conditions are 
minor (Xu et al., 1991). 
1.1.5 Arsenic in the environment: Summary 
The Eh-pH-dependent speciation of arsenic in solution largely determines its 
mobility since As(V) species are less soluble than As(III) species, and the different 
species display substantial differences in their adsorption behaviour (Fig. 1.2). 
Variations in the amount of arsenic in solution appear to be related to 
transformations between species, adsorption/desorption reactions, and the 
coprecipitation/dissolution of various mineral phases with changing Eh-pH 
conditions. 
Iron oxyhydroxides generally limit the mobility of arsenic under oxic 
conditions by adsorbing or coprecipitating it as As(V). However, as witnessed in 
Bangladesh and West Bengal, the mobility of any As(III) which persists under oxic 
conditions will only be slightly limited by interaction with oxide mineral surfaces. 
Under reducing conditions iron and/or arsenic sulphides are likely to control arsenic 
concentrations (Moore et al., 1988), although Mn3(AsO4)2 may also exert an 
influence (Masscheleyn et al., 1991a, b). Quartz is not important as an adsorbent of 
arsenic, but iron- and aluminium (oxyhydr)oxides are by virtue of their positive 
surface charge at pH levels of _< 
6.5 - 7. 
Amorphous iron- and Al-hydroxide content (Pierce and Moore, 1982; Sakata, 
1987), clay content (Elkhatib et al., 1984) and pH (Pierce and Moore, 1982; Elkhatib 
et al., 1984; Sakata, 1987) are the soil properties with the greatest reported effects on 
arsenic sorption in soils. Other factors such as the presence of organic compounds in 
solution (e. g. fulvic acid), and competitive adsorption (e. g. phosphate, fulvic acids) 
will also affect the mobility of arsenic in solution. 
In summary, arsenic should be less mobile in oxidising environments 
because of the dominance of the less soluble and more readily sorbed As(V) species. 
Under reducing conditions, transformation of As(V) to the more soluble As(III) form 
and dissolution of As-containing solids (sorbents and coprecipitates) will lead to 
greater mobility of arsenic. 
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1.2 CADMIUM IN THE ENVIRONMENT 
1.2.1 Introduction 
Cadmium is a rare element in nature, having one thousandth the average 
abundance of zinc (which it is often found in association with) in the upper crust 
(Hem, 1972). Cadmium has no essential biological function and is highly toxic to 
plants and animals even at very low concentrations (Lehoczky et al., 1998). 
Cadmium has a biological half-time of 15-20 years in humans, and the major hazard 
it poses is its chronic accumulation in the kidneys. Food is the main route by which 
cadmium enters the body (Lehoczky et al., 1998), and exposure can cause a variety 
of adverse health effects. The most prominent are kidney dysfunction, lung diseases, 
disturbed calcium metabolism and bone defects (Jin et al., 1998). 
1.2.2 Sources of cadmium 
1.2.2.1 Natural sources 
Cadmium contamination rarely has a natural source. This is because, even 
though the weathering of crustal minerals plays a major role in the natural cycle of 
cadmium, it rarely results in any marked enrichment of the metal in the environment 
(Krishna Murti et al., 1987). The ranges and mean concentrations of cadmium for 




Table 1.3 The abundance of cadmium in common rocks, sediments and soils. 
Rock type Cadmium content (ppm) 
Mean Range 
Igneous 
Granite 0.09 0.001-0.60 
Basalt 0.13 0.006-0.60 
Ultramafic 0.026 0.001-0.03 
Metamorphic 
Gneiss 0.04 0.007-0.26 
Schist 0.02 0.005-0.87 
Eclogite 0.11 0.04-0.26 
Sedimentary 
Limestone 0.065 0.001-0.50 
Sandstone 0.02 0.01-0.41 
Shale, clay 0.03 0.02-11.0 
Red clay 0.56 
Organic mud 0.39 
Deep ocean sediments 0.5 0.05-17 
Oceanic manganese oxides 8.0 <3.0-21 
Phosphorites 25 <10-500 
Recent sediments 
Lake sediments 0.91 0.02-6.2 
Stream sediments 0.16 0.03-0.40 
Soils 
Cultivated, uncontaminated soil, N. 1.1 0.75-1.51 
France 
Cultivated uncontaminated soil, USA 0.27 0.005-2.42 
Unpolluted topsoil (subsoil), Japan 0.62 (0.28)3 
Polluted topsoil (subsoil), Japan 7.79 (4.61)3 
Natural, uncontaminated surface soils 0.09-0.334 
(15cm), Spain 
I (Lamy et al., 1993); 2 (Page et al., 1987); 3 (Asami et al., 1995); 4 (Sanchez- 
Camazano et al., 1994) 
The levels of cadmium in igneous rocks are relatively low and show little 
variation between rock-types. Cadmium is concentrated by sedimentation, and 
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hence is found at higher levels in sedimentary rocks than igneous rocks (Page et al., 
1987). In particular, certain carboniferous shales are enriched with cadmium, and 
the soils derived from these deposits and the plants growing in them tend to contain 
elevated cadmium levels (Krishna Murti et al., 1987). 
The major natural source of cadmium to the environment is the weathering of 
cadmium-bearing parent minerals such as sphalerite, ZnS, (which can contain 
cadmium in solid solution with zinc) in the primary host rock, or sediments formed 
by weathering of these rocks. Based upon the cadmium concentrations in common 
rock types (Table 1.3), soils derived from weathering of igneous rocks should 
contain the least cadmium, whilst those derived from weathering of sedimentary 
rocks should contain the most, with metamorphic rock-derived soils intermediate 
between the two. 
1.2.2.2 Anthropogenic sources 
Total anthropogenic input of cadmium to the environment is nearly ten times 
that of all natural sources (Nriagu, 1980). Since the major source of cadmium is 
industry, anthropogenic sources of cadmium tend to be far more localised and 
concentrated than any natural source. A considerable amount of the cadmium used 
each year probably escapes to the environment, either in the extraction and 
processing of ores, product manufacture or waste disposal (Moore and 
Ramamoorthy, 1984). 
Mining of non-ferrous metal ores can be a significant source of cadmium 
contamination, especially in those mines which exploit zinc and lead ores. Zinc ores 
invariably contain the highest concentrations of cadmium, but the actual amount 
varies widely between different ore bodies (Krishna Murti et al., 1987). The mine 
tailings associated with mining activities can lead to cadmium contamination from 
wind-blown dust, whilst waterborne transport of cadmium-rich solid material and 
aqueous (leached) cadmium can cause contamination some distance downstream of 
mines. This form of dispersal is not confined to active mines, and many zinc-lead 
mines and mine tailings act as persistent sources of cadmium (Krishna Murti et al., 
1987). 
Cadmium, often in association with zinc, can be expected to escape to the 
atmosphere in processes in which it is melted (Hem, 1972), and an unknown amount 
of cadmium escapes to the environment as a zinc impurity during the processing of 
zinc ores. Cadmium also occurs as a natural by-product in crude oil, coal and 
gasoline, and hence another source of cadmium to the atmosphere is combustion of 
fossil fuels. As a consequence, increased cadmium and zinc levels have been 
observed to occur in soils and vegetation adjacent to heavily used roads (Lagerwerff 
and Specht, 1970). 
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About half of the cadmium used in the USA in the 1970's was consumed in 
electroplating processes, the remaining fifty percent being divided equally between 
production of pigments (used in paints, printing inks and plastics) and production of 
stabilisers for use in thermoplastics such as polyvinyl chloride (PVC). A smaller 
amount of cadmium was also used in the production of fluorescent and cathode-ray 
tubes, some types of batteries, bearing metals, and low-melting metal alloys (Krishna 
Murti et al., 1987). 
In many countries, the liquid and solid wastes arising from the manufacture 
of the above items are discharged to sewage systems. In the absence of such 
networks, the wastes are presumably disposed to natural water courses or specified 
disposal areas (Krishna Murti et al., 1987). 
Because cadmium is often present in products at low levels and as 
compounds, its recovery is both technically and economically restricted. Upon 
product disposal, there is only 5% recovery of cadmium from wastes compared to 
40% for lead. Most cadmium-containing articles may enter the municipal waste 
disposal pathway, where their fate is either to be landfilled or incinerated (Krishna 
Murti et al., 1987). 
In recent years there has been an increasing trend towards the disposal of 
heavy metal wastes, especially cadmium, into soils (Sanchez-Martin and Sanchez- 
Camanzano, 1993). This disposal has been in the form of organic-rich sewage and 
other sludges and power station fly-ash. It has occurred for practical and economic 
reasons since sludges are good fertilisers and this method of disposal is cheap (Lamy 
et al., 1993). Cadmium and lead have consequently become significant 
contaminants in soil and groundwater systems (Hutchinson and Meema, 1987; Tiller 
et al., 1987). The contamination-related problems are worst where the toxic heavy 
metals are co-disposed with large volumes of organic wastes (Pohland and Gould, 
1986). This is because the mobility of cadmium is increased under certain pH 
conditions by the formation of soluble organic complexes (Lamy et al., 1993). 
It is now recognised that soils with high cadmium levels are those which 
receive heavy applications of sewage sludge and phosphate fertilisers, those in areas 
of natural mineralisation, and those near to point sources of airborne cadmium, such 
as non-ferrous metal smelters (Krishna Murti et al., 1987). 
1.2.3 Factors affecting cadmium mobility 
Cadmium is generally recognised to be the most mobile trace metal in soils 
(Alloway et al., 1991; Schmitt and Sticher, 1991), although the importance and 
precise nature of cadmium associations in soils and soil solutions are not well known 
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(Lamy et al., 1993). The fate of cadmium which reaches the soil from anthropogenic 
sources depends essentially on its mobility in the host medium (Hem, 1972; Lamy et 
al., 1993). This, and the bioavailability of cadmium, in turn depend on metal 
speciation, solubility of solid phases and soil properties such as pH, mineralogy and 
organic matter content (Lamy et al., 1993; Sanchez-Martin and Sanchez-Camanzano, 
1993). 
Mineral and organic matter surface reactions such as adsorption are generally 
known to have predominant roles in the retention of cadmium in soils (Riffaldi and 
Levi-Minzi, 1975; Shuman, 1977). Additionally, surface precipitation on oxides, 
hydroxides, and carbonate surfaces may occur for metals such as cadmium and zinc 
(Dzombak and Morel, 1990). It is also possible for these heavy metal ions to 
penetrate the lattice of minerals and subsequently form coprecipitates and solid 
solutions (White and Yee, 1986; Brummer et al., 1988). 
1.2.3.1 Inorganic speciation and solubility controls 
Depending on the prevailing geochemical conditions, three important 
cadmium-containing solids have stability fields in the Cd-C-S-O-H system (Fig. 
1.4); otavite, CdCO3(s), greenokite, CdS(s), and Cd(OH)2(s). 
Under oxidising conditions below pH 7.5-8.0 the dominant species is the free 
metal ion Cd2+ (Dryssen and Wedborg, 1980; Turner et al., 1981), the chemistry of 
which can be considered in terms of complexation of the Cd2+ cation with inorganic 
and organic ligands (e. g. the cadmium aquo ion, [Cd(H2O)6]2+). 
However, between pH 7.5 and pH 12.5 the major cadmium species in 
oxidised waters is cadmium carbonate (Fig. 1.4), the solubility of which is controlled 
by the following reactions (Rai et al., 1991b): 
CdCO3(s) = Cd2++ C03 2- logK = -12.2 ± 0.1 
Cd2++ CO32- = CdCO3(aq) logK = 4.7 ± 0.1 
Cd2+ + 2CO32- = Cd(C03)22- logK = 6.4 ± 0.1 
These data suggest that the aqueous carbonate complex is dominant in the 
stability field of CdCO3(s). Due to the solubility of the carbonate complex, it is 
thought that the U. S. Public Health drinking water limit for cadmium (10 ppb) may 
be exceeded in river water and underground water under oxidising, highly alkaline 
conditions (Hem, 1972). Furthermore, the fact that the freshwater concentrations of 
cadmium are variable (Moore and Ramamoorthy, 1984) suggests that CdCO3(s) does 
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Fig. 1.4. Eh-pH diagram for part of the system Cd-C-S-O-H at 25°C and 1 atm. The 
assumed activities are: Cd = 10-8; C= 10-3; S= 10-3. It can be seen that the free 
Cd2+ ion occupies a relatively large region of Eh-pH space. 
Under the aquatic conditions commonly found in oxidising environments, the 
solubility of Cd(OH)2(s) is too great to provide any significant solubility control. 
However, Cd(OH)2(s) may start to occupy the CdCO3(s) stability field if pCO2(g) 
decreases, and it may start to exert some control on aqueous cadmium concentrations 
under such conditions. The solubility of Cd(OH)2(s) is controlled by the following 
reactions (Rai et al., 1991 a): 
Cd(OH)2(s) = Cd2±+ 20H- logK = -14.14 ± 0.21 
Cd(OH)2(s) = Cd(OH)20 logK = -7.04 ± 0.21 
Cd(OH)2(s) + 20H- = Cd(OH)42- logK = -5.62 ± 0.32 
Under certain conditions, other important dissolved cadmium species may 
exist in systems differing from that shown in Fig. 1.4. For instance, the chloride 
complex can become significant if chloride concentrations exceed 350 ppm (Hahne 
and Kroontje, 1973). Since cadmium is sulphophilic,. the CdSO40 ion pair may also 
have some influence if the sulphate concentration exceeds 1000 ppm (Hem, 1972). 
The degree of hydrolysis and the strength of metal complexation follows the 
sequence Cd < Pb « Hg (Dryssen and Wedborg, 1980; Turner et al., 1981). Because 
Cd2+ forms relatively weak complexes, it is likely that the relatively simple Cd-C-S- 
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O-H system depicted in Fig. 1.4 correctly describes cadmium speciation in many 
natural river, lake and underground waters. 
1.2.3.2 Typical fraction of cadmium in soils 
Lead and copper are more strongly bound by soil organic matter than 
cadmium and zinc (Asami et al., 1995). These results are consistent with the fact 
that the solubility constants for heavy metal-soil humic acid interactions between pH 
5 and pH 7 increase in the order Cd < Zn < Cu (Takenaga and Aso, 1975). 
Furthermore, it has been shown that heavy metal cations are adsorbed by various 
clay minerals (Abd-Elfattah and Wada, 1981) and iron- and Al- (oxyhydr)oxides 
(Kinniburgh et al., 1976; McKenzie, 1980; Benjamin and Leckie, 1981) with a very 
similar selectivity: Cd < Zn < Pb < Cu. As this sequence suggests, cadmium is 
more labile than the zinc, lead, or copper. This explains why cadmium is often 
observed to be the most bioavailable and leachable of the four metals, especially in 
contaminated soils (Robinson et al., 1998). Indeed, the high bioavailability of 
cadmium has caused it to become a great source of concern regarding terrestrial 
food-chain contamination (McLaughlin et al., 1999). 
1.2.3.3 Adsorption and ion exchange 
Cadmium adsorption increases with pH as mineral surface charge becomes 
increasingly negative. Percentage adsorption rises from <10% to 100% over a 
narrow pH range of 2-2.5 pH units known as the 'adsorption edge'. This is illustrated 
in Fig. 1.5 for goethite, alumina and silica. It is also clear from this plot that the 
order of sorption with increasing pH is Cu(II), Zn(II), Co(II) - Cd(II), consistent 
with Cd(II) being less strongly adsorbed than Cu(II) and Zn(II). Indeed, Kinniburgh 
et al. (1976) have shown that lead, copper, zinc and nickel all adsorb on ferrihydrite 
more strongly than cadmium. Thus, the co-existence of other dissolved heavy 
metals can decrease the extent of cadmium adsorption. The effect of this 
'competitive adsorption' can be heightened still further in the presence of major 
groundwater/seawater ions; these have also been shown to inhibit the adsorption of 
cadmium and other heavy metals (e. g. Balistrieri and Murray, 1982; Cowan et al., 
1991; Petersen et al., 1993; Naidu et al., 1994, Davis and Upadhyaya, 1996). 
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Fig. 1.5. Adsorption of Cu(II) ("), Zn(II) ("), Co(II) ( ) and Cd(II) (o) on goethite, 
alumina and silica at 25°C. BET surface area 45m2dm-3. Initial metal 
concentration 10-4 M, background electrolyte 10-3 M KNO3. From Spark et al., 
1995. 
Cadmium adsorption also decreases with increasing adsorbate : adsorbent 
ratio (Fig. 1.6). This is because the availability of the most energetically favourable 
surface sites becomes limited as dissolved metal concentrations, and hence 
percentage surface loading, increase. This forces the occupation of less favourable 
sites which results in a drop in percentage adsorption at a given pH (e. g. Dzombak 
and Morel, 1990). 
4. 
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Fig. 1.6. (a) Precipitation curve for 1x10-4 M cadmium at 25°C, ionic strength = 
0.01 M KNO3. (b)-(e) Adsorption of cadmium at various concentrations on goethite: 
55 m2 L-1, ionic strength = 0.01 M KNO3 at 250C; (b) 2x10-4 M; (c) 1x10-4 M; (d) 
1x 10-5 M; (e) 1x106 M. Increasing adsorbate/adsorbent ratio pushes the adsorption 
edge to increasingly high pH values. From Johnson, 1990. 
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Of the oxide minerals mentioned above, goethite is among the most effective 
sorbents of cadmium. Lamy et al. (1991) observe that cadmium desorption from this 
mineral is incomplete even at pH 4, suggesting that cadmium adsorption is of a 
specific and permanent nature. Moreover, the affinity of iron (oxyhydr)oxides in 
general for cadmium is illustrated by the fact that trace metal concentrations in soil 
oxide fractions are often orders of magnitude higher than in the bulk soils (Le Riche 
and Weir, 1963; Taylor and McKenzie, 1966; Hiller and Brummer, 1995). 
Davis et al. (1987) observe the formation of a solid solution between calcium 
and cadmium following adsorption of cadmium onto calcite. This has important 
implications for the mobility of cadmium since its release back to solution from a 
coprecipitate with calcium (calcite) or iron (e. g. goethite) would require dissolution 
of the host mineral, but would be slow and sustained. The importance of calcite as 
an adsorbent phase is also indicated by the field findings of Fuller and Davis (1987). 
They found that clean grains of primary minerals such as quartz and aluminosilicates 
sorbed much less Cd2+ than grains which had surface patches of secondary minerals 
(e. g., carbonates, iron- and manganese oxides). Calcite grains were observed to sorb 
the greatest amount of Cd2+, on a weight-normalised basis, despite the greater 
abundance of quartz. 
1.2.3.4 The influence of organic matter 
Iron (oxyhydr)oxides are generally thought to have dominant roles in the 
retention of cadmium by soils. This is largely because of their relatively high 
abundance in temperate acidic soils, and their high capacity for the retention of 
cadmium and other metals (Riffaldi and Levi-Minzi, 1975; Shuman, 1977). 
However, natural waters and soils also contain significant quantities of ill-defined 
organic matter such as humic acid (HA) and fulvic acid (FA) in addition to the 
inorganic surfaces and ligands considered above. These organic materials can alter 
the speciation patterns of heavy metals in solution (Turner, 1987), although the 
effects can be rather mild for cadmium because it forms relatively weak complexes 
with FA (Turner, 1987) and HA (Takenaga and Aso, 1975). 
Since the sorption edge for cadmium on iron oxides is considerably higher 
(-pH 6.5 - 7.5; Benjamin and Bloom, 1981; Kuo and McNeal, 1984) than that of 
humic substances (-pH 2-3; Riffaldi and Levi-Minzi, 1975), the latter are expected 
to be more important sorbents than the oxides under low pH conditions (- pH 4.5; 
Kuo and Jellum, 1991). Indeed, a number of studies have indicated that dissolved 
organic material and organic coatings (biofilms) on particulate matter can exert a 
strong control on the behaviour of trace metals in the environment, thereby masking 
the surface properties and reactivity of the underlying particles (e. g. Lion et al., 
1988; Lamy et al., 1991; Tipping and Hurley, 1992; Sanchez-Martin and Sanchez- 
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Camanzano, 1993). However, it has also been shown that whilst organic material 
does have a notable effect on trace metal speciation and mobility under acidic 
conditions, this influence is decreased under conditions of near neutral to alkaline 
pH in lakes (Tessier et al., 1985,1996) and soils (Anderson and Christensen, 1988). 
Furthermore, Tessier et al. (1985,1996) have shown that trace metal adsorption 
under these conditions takes place by direct bonding to inorganic mineral surfaces, 
even in the presence of organics. An extended X-ray absorption fine structure 
(EXAFS) spectroscopy study has proven this conclusively for cadmium adsorption 
on iron oxyhydroxides (Collins et al., 1999). 
Under acidic conditions, soil in the presence of soluble sludge organic matter 
(SSOM) sorbs more cadmium than soil alone (Lamy et al., 1993) (Fig. 1.7). This 
increased level of sorption may result from the participation of the SSOM in the 
fixation of cadmium by the soil; a cadmium-SSOM complex could form a cadmium- 
SSOM-mineral ternary complex by interacting with the solid phase. This would be 
in accordance with the work of Jardine et al. (1989), who showed that the fixation of 
dissolved organic C on soil mineral constituents depends on solution pH, with a 




Fig. 1.7. Comparison of the behaviour of cadmium (200 µmol/L) in the mixed 
system (soil + SSOM) with the two simple systems: cadmium + soil alone and 
cadmium + SSOM alone (in the latter case, data correspond to complexed cadmium 
in solution). From Lamy et al. (1993). 
Conversely, soil in the presence of SSOM above pH 5.5 sorbs less cadmium 
than soil alone (Lamy et al., 1993). Under such conditions, the SSOM can form 
soluble cadmium-organic matter complexes. These can limit the fixation of 
cadmium by soil by competing with its exchange capacity. However, when the 
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SSOM/soil ratio decreases, the sorption of cadmium by soil is found to be nearly 
identical in the presence or absence of SSOM (Lamy et al., 1993). 
The calculated partitioning of cadmium between the solid and liquid phases 
during sewage sludge disposal is shown in Fig. 1.8. It can be seen that the formation 
of soluble cadmium-organic matter complexes is at a maximum between pH 5 and 7, 
and increased cadmium mobility is expected in this pH range (Lamy et al., 1993). 
This is in agreement with the work of Elliott et al. (1986), who concluded that 
increased soil organic matter should restrict mobility and bioavailability of cadmium 
(and copper) under acidic conditions, where soluble metal complex formation is 
limited. It is also consistent with the observation of Tessier et al. (1985,1996) that 
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Fig. 1.8. Speciation of cadmium in the mixed system cadmium-soil-SSOM as 
predicted by Lamy et al., 1993. 
1.2.3.5 Biochemical influences 
Cadmium is known to be extracted from solution by the biota, and 
bioaccumulation in the food chain is a possibility (Moore and Ramamoorthy, 1984). 
The strength of this accumulation is very high in some terrestrial plants. For 
instance, Indian mustard (Brassica juncea (L. ) Czern) seedlings have been shown to 
concentrate Pb(II), Sr(II), Cd(II), and Ni(II) 500-2000 times relative to the 
contaminated material they were grown in (Salt et al., 1997). Accumulation can 
occur by several routes, but usually involves ingestion or uptake across biological 
membranes followed by the formation of organo-metallic complexes. For instance, 
higher plants, algae and some yeasts detoxify heavy metals by sequestration with 
heavy metal-binding peptides called phytochelatins or their precursor, glutathione 
(Zhu et al., 1999b). The strong accumulation of various contaminants forms the 
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basis of 'phytoremediation' which uses 'hyperaccumulating' plant species to remove 
toxic substances from contaminated soils, sediments and waters (e. g. Robinson et 
al., 1998; Zhu et al., 1999a). 
1.2.4 Cadmium in the environment: Summary 
Cadmium is one of the most mobile trace elements in soils, and the parent 
mineral phases exert little control on the levels of dissolved cadmium in solution; in 
most natural surface waters, free Cd2+ as the aquo ion ([Cd(H2O)6]2+) is the 
dominant cadmium species. Relative to other trace metals such as copper, zinc, lead 
and mercury, the degree of hydrolysis and strength of cadmium complexation is 
rather low, and cadmium is generally only bound weakly by a single ligand in its 
complexes. 
Adsorption, cation exchange capacity and pH appear to exert the most 
significant controls on cadmium mobility in natural, uncultivated soils. It seems 
likely that adsorption on iron (oxyhydr)oxides (e. g. goethite) is of a specific and 
permanent nature. Sorption on calcite may also be important. Adsorption of 
cadmium generally increases with increasing pH and adsorbate/adsorbent ratio. 
Under low cadmium concentrations where there is an excess of sorption sites, 
adsorption capacity is independent of the soil properties, and levels of cadmium 
sorption are close to 100% (Christensen, 1984). Under high cadmium 
concentrations, however, soil properties start to exert an influence on the extent and 
mechanism(s) of cadmium sorption (Anderson and Christensen, 1988). 
The importance of inorganic complexes in cadmium speciation is 
questionable, since the chloride and sulphate complexes only become significant 
when the concentration of the respective ligands reach 350 ppm and 1000 ppm. 
However, natural soils and waters often also contain significant quantities of 
ill-defined organic matter (such as humic and fulvic acids). Cadmium forms quite 
weak organometallic complexes relative to other cations such as lead and copper. 
Notwithstanding this, organic matter may play an important role in cadmium 
speciation, especially under acidic conditions. The ultimate effect of organics on the 
mobility of cadmium is dependent on the metal/ligand ratio, the nature of the 
ligands, and the nature of the metal-ligand complexes. The effect of organics 
generally only becomes significant when the ligands are in present in excess (e. g., 
[cadmium]/[EDTA] <1) (Bermond and Bourgeois, 1992). 
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1.3 CHROMIUM IN THE ENVIRONMENT 
1.3.1 Introduction 
Chromium has an average concentration in the earth's crust of 100 ppm, and 
it is most commonly found in ultrabasic rocks (Matzat and Shiraki, 1974). 
Chromium is one of the most widely used metals in industry, and is essential in trace 
amounts for plant and animal metabolism (Richard and Bourg, 1991). However, 
when accumulated in excess it can result in nausea, skin ulcerations, lung cancer, 
and gastro-intestinal and liver diseases. It can be lethal if concentrations reach 0.1 
mg g-1 body weight (100 ppm) (Mertz, 1974; Ajmal et al. 1984; Nieboer and Jusys, 
1988). The range of chromium concentrations in natural waters is quite large, but is 
generally below the 50 ppb (approximately 1 µmole L-1) total chromium drinking 
water limit recommended by the Commission of European Communities, The World 
Health Organisation, and the U. S. Environmental Protection Agency (Richard and 
Bourg, 1991). This level takes account of the toxic effects of the soluble Cr(VI) 
species (solubility of the parent solid, CrO3(s) is 625.3 g L-1 at 20°C (Nieboer and 
Jusys, 1988)) and the possibility of oxidation of the less toxic and less soluble Cr(III) 
species to Cr(VI) (Calder, 1988). 
1.3.2 Sources of chromium 
1.3.2.1 Natural sources 
The chromium content of natural solids varies widely with the type and 
nature of rocks or sediments (Table 1.4). Granites, carbonates and sandy sediments 
generally have the lowest chromium content, whilst shales, river suspended matter 
and soils tend to exhibit the highest levels (Richard and Bourg, 1991). 
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Although there are about forty chromium-containing minerals, only chromite 
((Mg2+, Fee+)O-(Cr3+, Fe3+, Al)2(O)3), is of economic importance (Nriagu, 1988). 
This mineral generally occurs in one of three geological settings (Nriagu, 1988): 
a) Stratiform-type deposits associated with layered mafic intrusions (such as 
the Bushveldt Complex of South Africa), which constitute about 90% of the 
known world chromium ore resources; 
b) Podiform-type or Alpine-type deposits, which are usually associated with 
island arcs and major tectonic fold belts. Peridotites are the usual host rocks 
in this setting, and such deposits account for about 10% of world chromium 
ore resources; 
c) Lateritic (placer) deposits, which are generally derived from the 
weathering of chromium-bearing peridotites; these deposits have a relatively 
low ore concentration, and are of little economic importance. 
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The primary natural source of chromium to the environment is the 
weathering of parental geological materials. Chromium is commonly contained at 
the highest levels in the finest grain size fraction of soils derived from weathering of 
basalt and serpentine, where concentrations range from 5 to 3000 ppm (Bowen, 
1966). It primarily occurs in soils as the Cr(III) species in chromite. The 
insolubility of this mineral (FeCr2O4, KSP = -28.4; Schmidt, 1984) together with the 
fact that aqueous (leached) Cr(III) adsorbs strongly to solid material in soils and 
sediments (and is therefore highly immobile) means that natural occurrences of 
chromium at potentially harmful concentrations are thought to be rare. Most high 
concentrations of chromium observed in natural waters are associated with the very 
soluble and highly mobile chromate [Cr(VI)] species (Robertson, 1975). 
Wherever Cr(III) is found in nature, it is often in close association with 
Al(III) and Fe(III) because substitution of one for another can occur in a variety of 
mineral and organic structures (Bartlett and James, 1988). For instance, Cr(III) can 
substitute for small amounts of octahedral aluminium in clay minerals (Bartlett and 
James, 1988), and amorphous [Fe(III), Cr(III)] hydroxide is probably the main 
chromium solubility-controlling phase in natural environments (Richard and Bourg, 
1991) (see section 1.3.3.1). 
1.3.2.2 Anthropogenic sources 
Almost all reported incidents of chromium ground water contamination have 
an industrial origin. Major sources of chromium to the environment are the metal 
plating industries, wood treatment and tannery facilities, chromium mining and 
milling operations (Calder, 1988), and chemical manufacturing (Richard and Bourg, 
1991). Typically, chromium-containing wastes have been disposed of by 
discharging them to surface holding ponds or lagoons, and leakage from these has 
been quite common (Calder, 1988). Large plumes of chromium-contaminated 
groundwater can result (Perlmutter and Lieber, 1970; Deutsch, 1972; Stollenwork 
and Grove, 1984), especially in sand and gravel aquifers where groundwater flow 
rates are often high (0.5 to 1m per day) and chromium retention is low (Calder, 
1988). 
1.3.3 Factors affecting the mobility of chromium 
1.3.3.1 Speciation and the solubility of chromium-bearing minerals 
Chromium exists in a range of oxidation states from Cr(O) to Cr(VI). 
However, only the trivalent and hexavalent forms are stable in the natural 
environment (Calder, 1988). Chromium speciation in ground water is determined by 
oxidising potential (Eh) and pH conditions (Fig. 1.9). 
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Fig. 1.9 Eh-pH diagram of part of the Cr-C-S-O-H system at 25°C and 1 atmosphere 
pressure. It is clear that chromium is present as dissolved species throughout much 
of Eh-pH space. Cr(OH)3(s) solubility data from Rai et al., 1987. 
As Fig. 1.9 shows, Cr(VI) species predominate under oxidising conditions 
whereas Cr(III) species predominate under more reducing conditions. Oxidising 
conditions are generally encountered in shallow aquifers within a few metres of the 
water table, where there is a continual replenishment of oxygen from the atmosphere 
via the unsaturated zone. Oxygen in ground water tends to be consumed by 
hydrochemical and biochemical oxidation reactions, usually involving organic 
matter. In shallow ground waters, this oxygen is replaced from the atmosphere. In 
deeper ground waters that are isolated from the atmosphere, oxygen replenishment 
cannot occur and reducing conditions develop (Calder, 1988). 
Cr(VI) is extensively hydrolysed in water, and at total chromium 
concentrations below 500 ppm (0.01 M), the dominant Cr(VI) species are the 
oxyanions HCr04- and CrO42- (Calder, 1988). The equilibrium between these two 
species is pH dependent (Calder, 1988): 
HCrO4 t--* CrO42- + H+ 
Under oxidising conditions in most natural ground waters (pH 6 to 8) Cr042- 
is the dominant species, but under more acidic conditions HCr04- becomes 
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predominant (Calder, 1988). At Cr(VI) concentrations above 520 ppm, HCr04- 
dimerises to form dichromate (Cr2O72-) in acidic environments (Baes and Mesmer, 
1977; Armienta and Quere, 1995). However, since Cr(VI) levels rarely exceed 50 
ppm in contaminated ground water (Calder, 1988), Cr2072- is an unimportant species 
in nature. 
Chromate minerals are very scarce in nature because of their solubility and 
instability under reducing conditions. As a consequence, minerals such as Cr03(s) 
do not control the solubility of Cr(VI). However, in environments rich in barium or 
lead, Cr(VI) solubility is controlled primarily by PbCr04 (pKsp = 13.7; Schmidt, 
1984), whilst BaCr04 (pK, p = 8.9) has been shown to form rapidly under the 
environmental conditions in which Cr(VI) is stable (Rai et al., 1988). Soluble 
chromium salts, such as CaCr04 (pKsp = 3.15) have been suggested to precipitate in 
soils containing chromium at levels of 10,400 ppm (James, 1994). 
The weathering of iron-bearing minerals such as biotite, hematite, poorly 
crystalline iron (oxyhydr)oxides, clays and some industrial wastes can liberate Fe(II) 
ions to solution (Bartlett, 1986; Richard and Bourg, 1991). Ferrous iron is of 
primary importance in the reduction of Cr(VI) (Kent et al., 1994; Armienta and 
Quere, 1995; Davis and Olsen, 1995), and the reaction proceeds as follows (Rai et 
al., 1988): 
[3FeO] + 6H++ Cr(VI)(aq) = Cr(III)(aq) + 3Fe(III)(aq) + 3H20 
Cr(III) can easily substitute for and/or form solid solutions with Fe(III) in 
amorphous ferric hydroxide. The typical stoichiometry of the resulting solid phase 
is Cr0,25Fe0,75(OH)3, and the reaction proceeds according to the following equation 
(Eary and Rai, 1988): 
Cr(OH)2+ + 3Fe3+ + 10H20 t=> 4{Cro, 25Fe0.75(OH)3(s) }+ 10H+ 
Rai et al. (1986) found that the precipitation of Cr(III) hydroxide and [Fe(III), 
Cr(III)] hydroxide minerals maintained Cr(III) concentrations in ground water below 
a level of 0.1 ppm over a pH range of 5 to 10. Hence, [Fe(III), Cr(III)] hydroxide is 
probably the main Cr(III) solubility-controlling phase in natural environments 
(Richard and Bourg, 1991). 
Ferrous iron need not be in solution to reduce Cr(VI). Reduction may also 
proceed by the adsorption of Cr(VI) to the surface of Fe(II)-containing minerals, 
with subsequent electron transfer leading to chromium reduction. Such a process 
would lead to chromium that was initially weakly adsorbed as Cr(VI) becoming 
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irreversibly and strongly bound as Cr(III) or a mixed Cr(III)/Fe(III) coprecipitate 
(Eary and Rai, 1987). 
Cr(VI) may also be reduced by organic matter such as simple amino acids 
(Schroeder and Lee, 1975), or humic and fulvic acids (Goodgame et al., 1984; 
Boyko and Goodgame, 1986). Intermediate Cr(V) species are produced but decay to 
Cr(III) in a few days. This form of reduction is favoured under acidic conditions 
(Stollenwork and Grove, 1985). However, even if rapid reaction occurs in the first 
few minutes, reduction of Cr(VI) by organics is slower than Cr(III) oxidation 
(Richard and Bourg, 1991). 
The main aqueous Cr(III) species are Cr3+, Cr(OH)2+, Cr(OH)2+, Cr(OH)30, 
and Cr(OH)4 (Fig. 1.7; Rai et al., 1986,1987), and the relative proportions of these 
species is pH dependent (Calder, 1988): 
Cr3+ + H20 Cr(OH)2+ + H+ 
Cr(OH)2+ + H20 Cr(OH)2+ + H+ 
Cr(OH)2+ + H20 Cr(OH)30 + H+ 
Cr(OH)30 + H20 Cr(OH)4 + H+ 
The Cr3+ species is prevalent only at pH below 3.6 (Fig. 1.9), and polymeric Cr(III) 
species such as Cr2(OH)24+, Cr3(OH)45+, and Cr4(OH)66+ are never significant in 
natural systems (Rai et al., 1986,1987). 
It is possible that authigenic Cr(III) minerals can exert a significant control 
on levels of dissolved chromium under moderately oxidising to reducing conditions. 
Eskolaite (Cr203(s)) and chromite (FeCr204(s)) are possible candidates (Rai et al., 
1988), although the former is rare (Rai et al., 1988), and direct precipitation of the 
latter from solution is not expected at the low temperature of natural systems (Hem, 
1977). In a reducing, iron-free environment, Cr(III) precipitates readily to form 
Cr(OH)3(s) (pKsp = 6.8; Rai et al., 1987). This is thought to be the main solubility- 
limiting phase in the absence of iron (Richard and Bourg, 1991), and the main 
aqueous species in its stability field is Cr(OH)3(aq) (Fig. 1.9). However, as 
previously discussed, [Fe(III), Cr(III)] hydroxide is probably the main Cr(III) 
solubility-controlling phase in natural environments (Richard and Bourg, 1991). 
Manganese oxides are likely to be responsible for the majority of Cr(III) 
oxidation in natural aquatic environments. They are present along with the hydrous 
oxides of iron and aluminium as coatings on mineral grains (Richard and Bourg, 
1991; Kent et al., 1994), as crack deposits, or finely disseminated grains (whether or 
not in relation with bacterial activities) (Richard and Bourg, 1991). The oxidation 
reaction is thought to occur in three steps (Schroeder and Lee, 1975; Bartlett and 
James, 1979; Rai et al., 1986; Eary and Rai, 1987): 
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(1) Adsorption of Cr(III) onto manganese oxide surface sites; 
(2) Oxidation of Cr(III) to Cr(VI) by surface Mn(IV); 
(3) Desorption of reaction products, Cr(VI) and Mn(II). 
The manganese oxide would subsequently decay into solution. The rate of 
this reaction is related to the amount and surface area of manganese oxides 
(Schroeder and Lee, 1975; Eary and Rai, 1987). It is initially rapid, but slows after 
20-60 minutes, never reaching completion, and it has been suggested that not all the 
Mn(IV) sites may be accessible to Cr(III) (Rai et al., 1986). Manganese oxides have 
been shown experimentally to oxidise Cr(III) to Cr(VI) (Eary and Rai, 1987; 
Johnson and Xyla, 1991). However, the necessity of a solid-phase reaction between 
either Cr(OH)3 or sorbed Cr(III) species suggests that this reaction is likely to be of 
little importance in environments low in manganese oxides (Kent et al., 1994; 
Armienta and Quere, 1995). 
Although oxygen has been shown to oxidise Cr(III) to Cr(VI) under 
laboratory conditions (Schroeder and Lee, 1975; Nakayama et al., 1981; Rai et al., 
1986; Eary and Rai, 1987), the rate of oxidation at room temperature is very low. 
Thus, Cr(III) is more likely to be involved in faster concurrent reactions such as 
sorption or precipitation. Hence, the oxidation of Cr(III) by dissolved oxygen is 
unlikely in soils and aquifers (Richard and Bourg, 1991), and has not been observed 
in field studies (Kent et al., 1994). 
1.3.3.2 Adsorption of Cr(III) and Cr(VI) 
Precipitation of Cr(III) from solution either as [Cr(III)/Fe(III)] hydroxide or 
Cr(OH)3(s) is favoured under most natural aquatic conditions (Davis and Olsen, 
1995). However, under conditions where pH is less than 4, as in some tailings 
impoundments, Cr(III) concentrations may become high (Calder, 1988). Under such 
conditions, the cationic Cr(III) species are rapidly, strongly and specifically adsorbed 
by clay minerals. These minerals are strong adsorbents because they typically have 
high ion exchange capacities, and pHzpc (pH of zero point of charge) values of 
approximately 2-2.5 (Stumm and Morgan, 1981). The adsorption of Cr(III) on 
silica, which also has a pHZp of -2.5 is shown in Fig. 1.10. 
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Fig. 1.10. Percent of Cr(III) sorbed as a function of pH at initial aqueous Cr(III) 
concentrations of 100,200,400 and 5000 µM Cr(III), with a silica suspension 
density of 0.25 gL-1. From Fendorf et al., 1994. 
It is clear that the adsorption of Cr(III) increases with pH, reaching 100% by 
pH 6 (contrast this with the position of the Cd(II) adsorption edges in Fig. 1.5). This 
is due to the increasingly negative charge of the mineral surface (Rai et al., 1988; 
Calder, 1988), and Cr(III) is adsorbed so strongly above pH 4 that it is largely 
immobile (Calder, 1988). Cr(III) adsorption also increases with the solid organic 
matter content of soils (Päya Perez et al., 1988). It decreases when other inorganic 
cations are in solution as a result of competitive adsorption. It also decreases when 
dissolved organic ligands are present in solution due to stabilisation of soluble 
Cr(III)-organic complexes (Richard and Bourg, 1991) (see section 1.3.3.3). 
The sorption of chromate anions (HCr04- or CrO42-) increases as pH 
decreases (Fig. 1.11). HCr04- and Cr042- are much less strongly sorbed than Cr(IH) 
ions, and are removed from solution most effectively by positively charged surfaces. 
Since iron, aluminium and manganese oxides have pHZpC values of 6.7-8.5 (Stumm 
and Morgan, 1981), they are important adsorbents of Cr(VI) ions. This is illustrated 
for iron and aluminium oxides in Fig. 1.11, which also shows that the clay minerals 
are relatively poor sorbents of Cr(VI). 
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Fig. 1.11. Adsorption of Cr(VI) by different sorbents for a fixed adsorption site 
concentration. From Rai et a1., 1989. 
The presence of competing anions such as Cl-, NO3', S042', HCO3, H2SiO42, 
phosphate mixtures (HP042'/H2PO4 , 1: 1) and M004 
2- can significantly decrease the 
extent of Cr(VI) adsorption (Stollenwork and Grove, 1985; Music et al., 1986; Rai et 
al., 1986,1988; Zachara et al., 1987). Phosphate and sulphate seem to be amongst 
the most important competing anions encountered in the sub-oxic zone (Kent et al., 
1994). However, the co-adsorption of Cr(VI) with major ground water cations (K*, 
Cat+, Mgt+) at millimolar concentrations slightly increases chromate adsorption. 
This is due to the fact that adsorption of cations increases the positive mineral 
surface charge. This has the effect of making anion adsorption more favourable at 
any given pH (Rai et al., 1986). Similarly, chromate adsorption can itself slightly 
increase the extent of heavy metal adsorption (Cd2+, Coe+, Zn2+) (Benjamin and 
Bloom, 1981). In systems where metal binding is enhanced by chromate adsorption, 
Benjamin and Bloom (1981) suggest that a secondary surface phase, such as a Fe- 
chromate solid may have formed. 
Unlike the adsorption of Cr(III) species from solution, Cr(VI) adsorption is 
quite slow, and its kinetics are not well documented (Richard and Bourg, 1991; Kent 
et al., 1994). Amacher et al. (1988) suggest that Cr(VI) adsorption proceeds via a 
two-step reaction. The faster, reversible reaction (probably weak Cr(VI) adsorption) 
reaches equilibrium within 24 hours, whereas the overall chromium retention 
reaction fails to reach equilibrium within two weeks. Irreversible or slow reversible 
reactions such as coprecipitation or internal diffusion have been invoked as an 
explanation of this behaviour (Amacher et al., 1988). As mentioned earlier, the 
reduction of adsorbed Cr(VI) to strongly sorbed/coprecipitated Cr(III) would make 
the adsorption of Cr(VI) strong and 'irreversible'. 
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However, it is important to remember that in natural environments, Cr(VI) 
sorption will be highly influenced by the electrostatic conditions imposed by the 
common major anions which bind to the solid surfaces. Rai et al. (1986) therefore 
suggest that Cr(VI) adsorption can be expected to be minimal in groundwater and 
soil. Indeed, Rai et al. (1988) observe that Cr(VI) mobility is decreased only slightly 
by sorption to amorphous ferric hydroxide, and even less by sorption to clay 
minerals. 
1.3.3.3 Complexation of chromium species 
Cr(VI) species are not observed to form complexes with either inorganic or 
organic ligands (Armienta and Quere, 1995). However, Cr(III) can form highly 
soluble complexes in the laboratory with a variety of inorganic ligands such as 
hydroxyl, sulphate, ammonium, cyanide and sulphocyanide, fluoride and chloride (to 
a lesser extent) (Richard and Bourg, 1991; Armienta and Quere, 1995). Organic 
ligands such as citric acid, diethylenetriamine-pentaacetate (DTPA), fulvic acids and 
the water-soluble extract of an air-dried soil can also form highly soluble complexes 
with Cr(III) (Bartlett and Kimble, 1976; James and Bartlett, 1983). Although these 
complexation reactions are particularly effective under acidic conditions (James and 
Bartlett, 1983), the complexes remain stable above pH 5.5, at which point all 
uncomplexed Cr(III) is precipitated or adsorbed (James and Bartlett, 1983). 
Consequently, complexed Cr(III) may remain mobile in near neutral pH groundwater 
at relatively high concentrations. Whilst Calder (1988) points out that the presence 
of Cr(III) complexes has not been documented under field conditions, this may be an 
artefact of the lack of such data. 
1.3.4 The importance of reaction kinetics 
Predictive modelling of the transport and fate of redox-sensitive 
contaminants cannot be based solely on equilibrium thermodynamics, and a 
knowledge of the relative reaction rates is essential (Kent et al., 1994). This is 
certainly the case when considering the behaviour of chromium in the environment 
since (a) Processes such as Cr(III) oxidation by oxygen are secondary in importance 
to less thermodynamically favourable reactions such as rapid Cr(III) oxidation by 
Mn(IV); (b) Although the rates of chromium redox reactions are poorly known 
(Richard and Bourg, 1991), the oxidation of Cr(III) to Cr(VI) is much slower than 
the reverse reaction; this has implications for the release rate of Cr(VI) from solid 
mineral/organic surfaces; (c) Although reduction of Cr(VI) by organic material is 
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feasible, it is even slower than the oxidation of Cr(III) to Cr(VI). As a consequence, 
the importance of this reaction in the environment is questionable. 
Additionally, reactions of chromium during groundwater flow should be 
considered in the context of a given natural situation. For instance, the reduction of 
Cr(VI) by Fe(II) from weathering of iron-bearing minerals, which are often 
concentrated in the finest sediment fraction, may not be significant if the majority of 
ground water flow is through more porous bands (Davis et al., 1994; Armienta and 
Quere, 1995). . 
1.3.5 Chromium in the environment: Summary 
The mobility of chromium is largely determined by its Eh-pH-dependent 
speciation. However, chemical considerations such as the presence of competing 
ions and complexing agents are important, as are kinetic considerations. 
Cr(III) is expected to be. largely immobile in natural systems, since its 
aqueous concentration is regulated by strong adsorption and a range of low solubility 
Cr(III) minerals in the neutral to alkaline pH range. Under acidic conditions, 
adsorption alone is the dominant mechanism limiting Cr(III) mobility. Solubility- 
limiting precipitation and adsorption reactions can become inhibited in the presence 
of dissolved ligands such as natural organic matter. Complexes with such material 
can remain stable up to - pH 7, and it is possible that resulting elevated Cr(III) 
mobility may pose a threat of severe pollution (Richard and Bourg, 1991). 
Additionally, oxidation of Cr(III) to the more mobile and more toxic Cr(VI) form 
may occur in the presence of solid manganese oxides. 
Under oxidising conditions, the mobility of the Cr(VI) species is largely 
uninhibited, and Cr(VI) can be transported by groundwater in a largely conservative 
manner. This means that it is transported at a similar rate to the groundwater flow 
with very little attenuation. Cr(VI) adsorption to mineral surfaces is relatively weak, 
and is generally only favoured under neutral to acidic pH conditions. It is decreased 
by competitive adsorption with common ground water anions. However, reduction 
to Cr(III) by Fe(II) and dissolved organics with subsequent precipitation, 
coprecipitation (e. g. Cr, Fe(OH)3(s)) or adsorption of Cr(III) can remove Cr(VI) from 
solution. This is a seemingly common chain of events because Cr(VI) pollution is 
generally limited to the vicinity of its source; the majority is reduced to Cr(III). 
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1.4 AIMS AND OBJECTIVES 
It is clear from preceding parts of this chapter that arsenic, cadmium and 
chromium are all significant contaminants in soil and sediment systems around the 
world, and that this contamination poses a significant health risk to a huge number of 
people. The aim of this Ph. D. project is to investigate the fundamental inorganic 
processes which control the mobility of arsenic, cadmium and chromium in 
sediments and soils. Performing the literature review that forms the basis of this 
chapter has allowed me to identify the most important reactions and areas of current 
uncertainty regarding the behaviour of these three elements. By addressing these 
problems, I hope to improve our understanding of the processes that lead to 'natural 
attenuation', which is a phenomenon whereby naturally occurring materials act as a 
barrier to the migration of contaminants. I also hope to be able to identify situations 
where natural attenuation should not be relied upon to limit contaminant mobility. I 
hope that this knowledge will lead to improvements in waste is disposal practice, as 
well as improvements in the way that contaminated land is currently assessed and 
remediated. 
All of the work presented in this thesis was performed in the laboratory using 
carefully characterised experimental systems as analogues for natural systems. The 
experimental systems were purposefully simple in composition. For instance, they 
did not contain organic material or microbes, both of which are widespread in nature. 
The reason for this is that whilst the outcome of geochemical reactions involving the 
three studied elements in nature are often known, the underlying fundamental 
reaction(s) often are not. In my view, it is pointless to try and evaluate the complex 
natural reactions as a whole before there is a fundamental understanding of their 
basic components. Furthermore, it seems logical to me that the complex reactions 
should be broken down according to the type of chemistry that they involve. Thus, 
the work that I have performed here amounts to a thorough investigation of some of 
the most important inorganic reactions that exert a control on the mobility of arsenic, 
cadmium and chromium. 
A number of other research groups (notably the Geomicrobiology group in 
the Department of Earth Sciences, University of Bristol) are currently probing 
organic and/or microbial aspects of the reactions that I have investigated. Thus, the 
next logical step would be to combine forces on this research, and perform 
experiments involving an increasing number of components. This approach 
promises a full and rigorous understanding of trace metal biogeochemistry, which is 
the ultimate goal of this type of research. 




1.4.1 Cadmium (chapters 3 and 4) 
Although cadmium is known to be accumulated by iron and manganese 
(oxyhydr)oxides in soils and sediments, the fundamental chemical reactions leading 
to adsorption are poorly constrained. A lack of understanding at such a basic level 
has hampered the generation of reliable thermodynamic data describing the 
adsorption process. Thus, a clear aim was to investigate the mechanism by which 
cadmium sorbed to a range of iron oxyhydroxides and a manganese oxide over a 
range of pH and surface loading conditions. 
1.4.2 Arsenic and chromium (chapters 5 and 6) 
Because cadmium exists only in the +2 oxidation state, it's redox chemistry is 
extremely simple. The same is not true of arsenic and chromium, which commonly 
exist in the environment in the following oxidation states: As(III), As(V), Cr(III) 
and Cr(VI). Because these different oxidation states differ markedly in their 
mobility and toxicity, it is of vital importance that processes leading to changes in 
oxidation state are recognised and understood. Despite this, relatively little research 
has been performed in this area. 
Changes in redox state commonly result when the contaminant is carried 
from one geochemical environment into another by groundwater flow and/or when 
the ambient geochemical conditions change over time whilst contaminant location 
remains unchanged. In order to investigate the former scenario, solutions of As(V) 
and Cr(VI) were reacted with suspensions of 'green rust', which is a mixed 
Fe(II)/Fe(III) oxyhydroxide. This compound a potent reductant that is thought to 
occur extensively in waterlogged soils and sediments. The latter scenario was 
simulated by sulphidising a suspension of arsenic-contaminated goethite ((X- 
FeOOH). In both cases, experimental conditions were carefully controlled. 
The final objective was to investigate the importance of sorbent ageing on 
contaminant mobility. This was assessed by monitoring changes in the way that 
As(V) was sorbed by ferrihydrite (a poorly crystalline iron oxyhydroxide mineral) as 
it aged into more crystalline forms (goethite and hematite). This reaction is of 
potentially great importance in assessing the risks posed by heavily contaminated, 
immature sediments. This is because the ageing of poorly crystalline, high surface 
area sorbents (such as ferrihydrite) into more crystalline, low(er) surface area 
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sorbents (such as goethite and hematite) can either lead to contaminant release or the 
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This chapter is an overview of the experimental techniques used in the 
collection and analysis of experimental data in this study. 
The majority of aqueous samples were analysed for ppm levels of arsenic, 
cadmium, chromium, iron, 
_ manganese or potassium 
by inductively-coupled plasma 
atomic emission spectroscopy (ICP-AES). Inductively-coupled plasma mass 
spectrometry (ICP-MS) was used to measure aqueous chromium concentrations at ppb 
levels. Total sulphide concentrations were measured by UV-vis spectrophotometry. 
The mineralogy of all solid phases was determined by X-ray diffraction 
(XRD). Several samples were further characterised by transmission electron 
microscopy (TEM), electron diffraction (ED) and surface area measurement. 
Extended X-ray absorption fine structure (EXAFS) spectroscopy was used to 
determine the local coordination environment around the 'element of interest' in 
selected samples. This information provided an insight into how arsenic, cadmium 
and chromium are adsorbed onto, or incorporated into, a range of minerals. Quantum 
mechanical calculations were used to predict the idealised geometry of cadmium 
surface complexes on goethite. This approach was valuable because it provided 
independent information that was used to guide analysis of the associated EXAFS 
data. 
2.1 DETERMINATION OF DISSOLVED SPECIES 
2.1.1 Inductively-Coupled Atomic Emission Spectrometry (ICP-AES) 
The majority of aqueous samples were analysed for ppm levels of arsenic, 
cadmium, chromium, iron, manganese or potassium on a Jobin Yvon JY24 ICP-AES. 
Table 2.1 details the parameters considered when analysing for these elements. The 
tabulated detection limits are optimistic, and in reality measurements only became 
accurate and reproducible above 200 ppb. Some samples could not be analysed by 






of this would be digestions for the bulk chemical analysis of chromium-contaminated 
iron oxyhydroxides (see Chapter 6), which resulted in ppm levels of chromium in; -> 
20 % HCI. These samples had to be diluted so that the matrix was S5% HCI, with 
the consequence that chromium levels fell below the ICP-AES detection limit and into 
the concentration range more easily measured by ICP-MS. 
Table 2.1. Experimental parameters for elements analysed by ICP-AES. 
Element Wavelength (nm) Detection Interferences 
limit (ppb) 
Arsenict 197.262 76.0 Al, V 
Cadmium 228.802 2.7 Al, As, Fe, Ni 
Chromium 267.716 7.1 Fe, Mn, V 
Iron 234.349 10.0 None reported 
Manganese 257.610 1.4 Al, Cr, Fe, V 
Potassium 766.490 60.0 Ti 
t Argon flow must be provided along the beam path in addition to the nitrogen flow 
used during analysis of all other elements. 
The JY24 ICP-AES has a peristaltic pump for the uptake of samples and a 
Meinhard nebuliser which disperses samples into a fine aerosol. Nitrogen gas is used 
to carry a portion of this aerosol into the plasma torch where it is dissociated, atomised 
and ionised. It is the radiation emitted during high to low energy level electron 
transitions following excitation in the plasma that form the basis of AES 
measurements. The detection system in the JY24 ICP-AES is composed of an 
entrance slit that provides a rectangular optical image, followed by a collimating lens 
or mirror that produces a parallel beam of radiation. A diffraction grating disperses the 
radiation into its component wavelengths, after which it interacts with a focusing 
element and then an exit slit which isolates the desired spectral band. Incident 
radiation is detected by a photomultiplier, and the resulting signal is transferred from 
the spectrometer to the software by the spectralink. The optics are constantly flushed 
with nitrogen to keep them clear of debris, and argon is additionally used during the 
analysis of elements with very low wavelength emission spectra (e. g. arsenic and 
phosphorus). 
Prior to analysis, three or four calibration standards spanning the likely range 
of analyte concentrations and a pure matrix blank were used to construct the calibration 
curve. The calibration standards were made up in a 1% v/v HNO3 matrix; it is 
important that the matrix has a relatively low ionic strength to avoid deposition of 
excess dissolved solids as the sample passes through the torch. Samples were 
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analysed sequentially five times and the resulting values were automatically averaged 
to provide the reported elemental concentrations, associated standard deviations and 
relative standard deviations. Samples were re-analysed if the RSD value was greater 
than 1.5, and reported measurements are accurate to ± 5-10% (Goodman, Pers. 
Comm. ). Ultrapure MilliQ water was passed through the instrument for 
approximately 30 seconds as a rinse between each sample. Calibration standards were 
regularly analysed as unknowns during the measurement of a suite of samples to 
identify unusual instrument behaviour or loss of calibration. 
2.1.2 Inductively-Coupled Plasma Mass Spectrometry (ICP-MS) 
A VG PlasmaQuad 2+ (VG Elemental, Minford, U. K. ) ICP-MS was used to 
measure aqueous chromium concentrations at ppb levels in samples that could not be 
analysed by ICP-AES. A calibration curve was constructed during instrument 
preparation using a set of calibration standards which spanned the expected sample 
concentration range. In order to compensate for external influences which could 
artificially alter instrument performance (e. g. power surges or matrix effects), a 100 
ppb indium 'internal standard' was added to every calibration standard and sample. 
Good internal standards are those that will not be present in samples, which are 
relatively unreactive, and which have a similar mass to the elements which are being 
analysed; indium and gallium are common choices. A pure solution of the 100 ppb 
indium was analysed during instrument preparation, and count data from all 
subsequent analyses were normalised against this. A 'blank' consisting of just the 
matrix (e. g. 1% v/v HNO3) was also analysed at this stage and subtracted from each 
subsequent sample and standard concentration. 
During analysis, each sample goes through the following stages: After uptake 
and nebulisation into a fine aerosol, the aqueous sample is injected into a 6000-10000 
K plasma in an argon-cooled glass 'torch' where it is dissociated, atomised and 
ionised. The sample is then accelerated under vacuum through a series of cones and 
into quadrupole mass analyser. This consists of four 15mm by 200mm circular rods 
which are fed with RF potentials, and it acts as a mass filter along the axis of which a 
stable path only exists for ions of one unique mass at any given time. The mass 
resolution is determined by the ionic mass / charge ratio, being best when the ratio is 
high. The raw count data from the mass spectrometer were converted to concentration 
data using the calibration curve. 
During the fully quantitative analyses performed in this study, 1151n and 52Cr 
(which constitutes 76 - 83% of all chromium isotopes) were analysed for. There are 
no known interferences at either of these masses. Each sample measurement was 
49 
Chapter 2 
sequentially repeated five times and then averaged automatically. The un-averaged 
raw data was always checked by eye to ensure that there were no irregularities 
amongst the five repeated measurements. Calibration standards of known 
concentration were included at regular intervals throughout a sequence of samples to 
identify any spurious instrument behaviour. Reported concentrations are accurate to 
the ± 5-10 % level (Kemp, Pers. Comm. ). 
2.1.3 Sulphide determination by UV-vis spectrophotometry 
Total dissolved hydrogen sulphide (H2S, HS- and S2-) was determined using 
a method modified from Cline (1969). The modified method includes a step which 
rapidly fixes dissolved sulphide in a stable solid form by complexing it with 10% zinc 
acetate solution. This allows samples to be stored for up to a month at 1-4 OC prior to 
analysis. 
2.1.3.1 Preparation of sulphide standards and instrument calibration 
The sulphide standards were prepared in the following manner: 
a) A sulphide stock solution was made by dissolving 0.1875 g of Na2S"9H20 in 
deoxygenated MilliQ water. Note that the sodium sulphide was washed and dried 
prior to dissolution to rinse off oxidation products. 
b) Varying amounts of the sulphide standard (see Table 2.2) were added to seven 
eppendorfs (Fig. 2.1), and dissolved sulphide was fixed by the addition of 25 tl of 
10% zinc acetate solution with thorough mixing. 
c) 100 µl of a diamine sulphate/ferric chloride solution (mixed in equal volumes in a 
50% v/v HCl matrix) was then added. 
d) The total volume in each eppendorf was made to 1 ml with MilliQ water, and 
colour was allowed to develop for 50 mins. The final volume of reagents in each 
eppendorf was as shown in Table 2.2: 
CSý5_ 
Hinged push-fit lid 
ý-r 
Fig. 2.1 A2 ml capacity eppendorf. These were used to mix small volumes of 
sample and reactants. 
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Table 2.2. Volume of reagents (µl) in UV-vis sulphide standards. 
Sulphide 10% Zn Diamine MilliQ 
standard acetate sulphate 
0 (blank) 25 100 875 
10 25 100 865 
25 25 100 850 
50 25 100 825 
100 25 100 775 
150 25 100 725 
200 25 100 675 
e) Following colour development, 0.208 ml of each solution was withdrawn and 
made to 5 ml with MilliQ water. 
A UV-vis spectrophotometer (CECIL CE292, Cecil Instruments, Cambridge, 
U. K. ) was used to measure colour intensity at 670 nm, after being allowed to warm 
up for an hour. The instrument was calibrated with the previously prepared sulphide 
standards, all of which gave absorbance values below 0.92. This is of importance 
because the colour intensity obeys Beer's Law in this region, ensuring a linear 
response from the instrument. The detection limit under these conditions is < 10 RM. 
The excellent agreement between sulphide standard concentrations measured before 
and after sample analysis indicates the high reproducibility of this method and the low 
level of instrument drift. 
2.1.3.2 Sample preparation and analysis 
Sulphide samples were prepared and analysed in the following manner: 
a) Immediately after collection, the dissolved sulphide in 1 ml of each supernate was 
fixed by thorough mixing with 0.25 ml of a 10% zinc acetate solution in an eppendorf. 
These samples were stored at 1-4 °C and analysed within two weeks of collection. 
b) Immediately prior to analysis, 100 µl of each fixed solution was added to 100 µl of 
freshly mixed diamine sulphate and ferric chloride in a 50% v/v HCl matrix. The total 
volume of each sample was made to 1 ml with MilliQ water, and the colour was 
allowed to develop for 50 min. 
c) A 0.208 ml subsample of each developed solution was made to 5 ml with MilliQ 
water and then analysed on the calibrated spectrophotometer. 
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2.2 MINERALOGICAL CHARACTERISATION 
2.2.1 X-ray diffraction 
X-ray diffraction is a technique that is widely used to elucidate the composition 
and structure of different materials. A brief description of the theory behind the 
technique follows, based on information in Jeffery (1971) and course notes from the 
1997 CLRC (Daresbury) 'Synchrotron Radiation School'. 
In a diffraction experiment, X-ray photons of a given energy are generated by 
firing electrons at a metallic target and then using diffraction gratings to ensure that 
only photons of the desired wavelength are produced. When incident X-ray photons 
interact with a sample, a certain proportion of them will scatter from the electron 
density associated with each atom. Photons that interact with different atoms in the 
sample have to travel different distances before they reach the X-ray detector. The 
resulting path differences lead to phase changes in the scattered waves, which 
dependent on how far away from each other and in which direction the different atoms 
lie with respect to one another. For the most part, interference between the scattered 
waves is destructive. However, when the phase difference between the scattered 
waves is equal to an integer multiple of 27t (i. e. they are in phase), there is 
constructive interference. For a three dimensional crystal, diffraction only occurs 
when the Laue conditions are satisfied: 
a*S=h, b*S=k, c*S=1 
where a, b and c are vectors describing the crystallographic unit cell; h, k and 1 are 
integers and S= (so - s)/X, where so is the incident beam direction, s is the scattered 
beam direction and ? is the X-ray wavelength. 
It is important to realise that the Laue conditions for diffraction can only be met 
over a very small range of degrees 20 (where 0 is the angle of X-ray incidence on the 
sample). This is the reason that X-ray powder diffraction patterns consist of a number 
of narrow diffraction peaks rising sharply above what is otherwise a low 
'background' level of diffraction. The peaks occur at specific values of degrees 20, 
from which the crystallographic d-spacing of minerals in the sample can be determined 
using the Bragg equation: 
nA, = 2dsin 0 
where % is wavelength of incident light, d is the distance between atomic planes in the 
crystal structure, and 0 is the angle of X-ray incidence on the sample 
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Because all minerals have distinct and unique crystallographic structures, knowledge 
of d-spacing allows determination of sample composition. Furthermore, the width of 
the peaks can provide some qualitative information about particle size in the sample. 
This is because the width of the diffraction maximum begins to get measurably larger 
as the number of unit cells per crystallite drops below 1000. This can be the case with 
poorly crystalline iron oxyhydroxides such as ferrihydrite. In addition to crystallite 
size, qualitative information regarding the morphology of crystallites in samples of 
simple composition can also be gleaned. This is because changes in relative peak 
intensity in a powder pattern (compared to literature values) can be indicative of 
inhibited or enhanced growth of certain crystal planes, and hence surface faces. Such 
changes in crystal morphology can result from the presence of contaminant ions 
during mineral synthesis or ageing. 
Although it is possible to determine the identity of components constituting 2: 5 
per cent by volume in a sample of mixed mineralogy, this method does have 
limitations. For instance, the ability to differentiate between multiple components in a 
given sample is dependent on the respective diffraction peaks not overlapping. 
Indeed, the problem of peak overlap was encountered whilst analysing samples of 
aged ferrihydrite (see section 5.3.2.2). A potential solution to this problem would 
have been to use a radiation source with a different wavelength to Cu Ka (such as Co 
Ka). This would have caused the diffraction peaks to occur at different values of 
degrees 20, thereby reducing the overlap. 
In this study, a Philips PW 1800 X-ray diffractometer was used to confirm the 
identity and purity of all minerals synthesised in the laboratory and to identify the 
product(s) of phase transformation experiments. This instrument uses a Cu Ka X-ray 
source which operated at 45 kV/40 mA, and remained at a fixed position whilst the 
sample was rotated through the required range of degrees 20 (Fig. 2.2). All scans 
were from 2 to 70 degrees 20, and a step size of 0.02° with a step time of 1 second 
was used throughout. 
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X-ray detector Cu Ka X-ray source 
Fig. 2.2 Schematic diagram of Philips PW 1800 powder diffractometer. The sample 
is rotated during data collection whilst the source and detector remain at fixed 
positions. 
2.2.2 Electron microscopy and electron diffraction 
The general crystal morphology of each mineral was examined by transmission 
electron microscopy (TEM) on a JEOL 1000X TEMSCAN or a Philips EM 430. 
Samples were prepared by dispersing a fine powder of each mineral in acetone and 
drying a drop of the resulting suspension onto a slotted copper grid. Both instruments 
operated in bright-field mode at room temperature, and there was no evidence to 
suggest radiation damage of the samples under the electron beam. The morphology of 
goethite was further examined by electron diffraction (ED). See chapter 3 for the 
results of TEM/ED characterisation of goethite, lepidocrocite, akaganeite and 
schwertmannite, and chapter 4 for TEM characterisation of cryptomelane. 
2.2.3 Surface area determination 
The surface area of all minerals used in this study were determined by single 
point N2-BET on a Ströhlein area meter in the Department of Chemistry, University of 
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Bristol. A few millilitres of each mineral stock suspension was air dried at -40 CC and 
ground to a fine powder using an agate mortar and pestle. A small amount (0.2 - 0.5 
g) of each powdered sample was then outgassed with N2(g) at room temperature 
overnight prior to analysis. A trial outgassing at 160 OC resulted in surface area 
measurements identical to those determined at room temperature, within the analytical 
of error of ±3 m2 g-1. This uncertainty was derived from repeated measurements. 
2.2.4 Determination of solid concentration in iron oxyhydroxide stock 
suspensions 
All iron (oxyhydr)oxide stock suspensions were standardised in the following 
manner. Following homogenisation, 5 ml of each stock suspension was withdrawn 
and made to 20 ml with 6M HCl which was then heated to 80 °C for 2 mins. 2 ml of 
this solution was made to 100 ml with MilliQ water, and ICP-AES was used to 
determine the concentration of dissolved iron. 
2.3 EXTENDED X-RAY ABSORPTION FINE STRUCTURE (EXAFS) 
SPECTROSCOPY 
2.3.1 EXAFS Theory 
Much of the information outlined in the following sections on EXAFS 
spectroscopy was obtained from course notes for the 1997 CLRC (Daresbury) 
'Synchrotron Radiation School' and the Daresbury Laboratory web site. Good 
reviews on the subject are to be found in: Brown et al. (1988), Charlet and Manceau 
(1993) and Brown et al. (1995). 
X-ray absorption spectroscopy (XAS) is the general name for a suite of 
spectroscopic techniques which are used to derive physical and chemical information 
about samples by measuring X-ray absorption as a function of wavelength (energy). 
The basis of XAS is the ejection of electrons from core level bound states that have the 
following energy hierarchy: K>L>M. The threshold energy required for ejection 
of an electron from a given bound state (Eb) is specific to a given element, and the 
spectral features of different elements are significantly different. Because of this, and 
the fact that EXAFS spectra are weighted averages of all the local environments 
containing the chosen element (the 'element of interest'), XAFS techniques are as bulk 
(whole sample) and element-specific. 
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A typical XAS spectral scan is shown in Fig. 2.3, and it is clear that the 
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Fig. 2.3. XAFS spectrum of cadmium surface complexes adsorbed on goethite ((x- 
FeOOH). 
In the pre-edge region the incident photons have energies less than the binding 
energy of core level electrons in the element of interest (i. e. E< Eb). Electron 
transitions have low probabilities and no significant absorption occurs in this part of 
the spectrum (Brown et al., 1988). However, in the X-ray absorption near edge 
spectroscopy (XANES) region, which runs from just below the absorption edge to 
about 70 eV above it, absorption does take place because E=Eb. Thus, electrons can 
be ejected from a core level (e. g. Is at the K edge) of the the element of interest into 
bond, or delocalised, empty states. These electron transitions obey dipole selection 
rules. For instance, at the K-edge, the final state wave function responsible for the 
absorption edge discontinuity must have p symmetry. For the first row transition 
elements, electronic transitions to the empty 3d bond states are possible if these have a 
certain p character through hybridisation. These is -> 3d transitions take place at the 
bottom of the steeply rising absorption edge, and can give rise to sharp 'pre-edge' 
features (none are visible in Fig. 2.3). The extent of hybridisation, and hence the 
strength of the pre-edge feature is at a minimum for centrosymmetric sites and a 
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maximum for noncentrosymmetric sites. Using this knowledge, the occupancy of a 
given type of site can be derived quite accurately from XANES data. This technqiue 
has been used very successfully to assess the composition of transition metal- 
containing material, such as chromium-contaminated soils (e. g. White and Peterson, 
1996). 
The XANES region can also provide information about the oxidation state of 
the element of interest since a positive energy shift of the main absorption edge and of 
any pre-edge is observed in going from Men+ to Me(n+t)+. This positive energy shift 
is understood conceptually to be due to an increase in the attractive potential of the 
nucleus on the core level as oxidation number increases. However, the spectral shift 
is actually due to final state wave functions as well as core level effects. It is because 
of this that oxidation state is more reliably determined from the energy position of the 
pre-edge peak than from that of the main absorption edge spectrum in samples of 
mixed oxidation state. 
Note that in this study, preliminary analysis of the main absorption edge 
(EXAFS) data was performed during data collection from each sample. From this, it 
was clear that samples in which multiple oxidation states might be expected (e. g. 
Cr(VI) and As(V) on 'green rust', which is a mixed Fe(II)/Fe(III) oxyhydroxide that 
is a potent reductant) were in fact dominated by just one oxidation state. 
Consequently, analysis of the XANES data was deemed unncessary. 
In contrast to the origin of XANES, data from the extended X-ray absorption 
fine structure (EXAFS) spectroscopy region of an XAS spectrum (Fig. 2.3) results 
from ejection of core level electrons to higher bound or continuum states. Hence, 
EXAFS can be conceptually viewed as a type of electron diffraction in which the 
source of electrons lies in the elemtent of interest which is participating in the X-ray 
absorption process. Ejected photoelectrons radiate away from the central atom in a 
spherically symmetrical shell which weakly backscatters from the atomic potentials of 
neighbouring atoms (Fig. 2.4). 
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Fig. 2.4 Ejected photoelectrons radiate away from the element of interest (e. g. 
cadmium) in spherical shells which weakly backscatter from surrounding atomic 
potentials (e. g. oxygen). 
There is interference between the wavefunction of the outgoing photoelectron 
and that small part of itself which has been scattered back from neighbouring atoms. 
This influences the probability of absorption of incident photoelectrons, and likewise, 
the probability of emission of decay fluorescence photons which are produced when 
the excited atom returns to its ground state. The oscillations resulting from variations 
in photon absorption above the absorption edge is the EXAFS. The oscillations 
amount to a only 3-4 % variation with respect to the background, and illustrate why a 
high resolution X-ray source is required to achieve the necessary signal to noise ratio 
(> 105). 
EXAFS can be used to determine the localised (<_ 5 A) coordination 
environment of a specific element. Importantly, samples can approach conditions 
found in the environment: the element of interest can be present at concentrations as 
low as 0.05 wt% (depending on experimental conditions), and since no vacuum is 
required the samples can contain water (Charlet and Manceau, 1993; Brown et al., 
1995). EXAFS can probe no more than a few angstroms from the absorber because 
of the short mean free path of the ejected photoelectron. However, this is an 
advantage in that it allows the investigation of systems that possess only short range 
structural order (Charlet and Manceau, 1993). Thus, EXAFS is particularly suited to 
the study of trace metals and ligands in solution and their interaction with hydrated 
mineral surfaces. This fact has been exploited by numerous workers since EXAFS 
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spectroscopy became available (e. g. Roe et al., 1991; Waychunas et al., 1993; O'Day 
et at., 1994; Spadini et al., 1994; Papelis et at., 1995; Waychunas et al., 1995). 
2.3.2 Synchrotron radiation generation 
All EXAFS data presented in this project was collected at the Synchrotron 
Radiation Source (SRS), which is at the Central Laboratory for the Research Councils 
(CLRC) in Daresbury, U. K. The following is a description of the SRS and the 
properties of synchrotron radiation in general. 
The SRS is a three-stage machine for accelerating electrons, comprising it 
linear accelerator (an 'electron gun'), a booster synchrotron and a storage ring (Fig. 
2.5). Electrons are accelerated to near the speed of light, at which point they become 
relativistic, by passing through II MeV in the linear accelerator. They then transfer 
into the booster synchrotron, where they are further accelerated to 600 MeV before 
being injected into the 96 m diameter circular storage ring which gradually accelerates 
them to 2 GeV. Here the electrons travel in hunches in a 10-7 torr vacuum and pass 
through sixteen dipole magnets which keep them on their circular path. 
Main storage ring Booster synchrotron 
Linear accelerator 
.., b 
Fig. 2.5 Layout of the synchrotron radiation source at Daresbury. Beamlines leave 
the main storage ring at a tangent to the path of the electron beam (image from 
Daresbury Laboratory web page). 
As the electrons pass the dipole magnets, their path is deflected and they emit 
intense beams of light as they are accelerated. This is synchrotron radiation. It 
emerges at a tangent to the curved storage ring in the form of a narrow (0.3 - 0.5 mm), 
highly collimated beam rather like a searchlight in front of the emitting particles. 
Synchrotron radiation with a broad range of energies is emitted from all sixteen dipole 
magnets in addition to three special magnets known as 'insertion devices', which are 
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specifically designed to emit high energy X-rays. The data presented in this project 
was collected from beamlines equipped with insertion devices known as 'wiggler 
magnets'. These are superconducting magnets which generate extremely high 
magnetic fields. When the electron beam in the storage ring passes through the 
wiggler, the high field causes it to effectively take a hairpin bend. The resulting huge 
acceleration results in the generation of very short wavelength (high energy) 
synchrotron radiation. 
2.3.3 Advantages of synchrotron radiation over conventional lab-based 
X-ray sources 
Synchrotron radiation is between 100 and 10,000 times as intense as 
conventional lab-based X-ray sources such as rotating anode or sealed tube sources, 
which are limited by the amount of heat that can be applied to them. Whereas 
conventional sources produce a monochromatic beam, synchrotron radiation 'white 
light' is polychromatic, and contains a large part of the electromagnetic spectrum. 
Monochromatic light of the desired wavelength can be extracted from this spectrum 
with appropriate beam optics such as monochromators and mirrors. Because 
synchrotron radiation is emitted in such a narrow, highly collimated beam with very 
low divergence from the source, it can be used to supply an extremely high flux of 
radiation to a small area of sample. In short, higher resolution data can be more 
rapidly collected from more dilute samples at a synchrotron radiation source than on 
any other type of X-ray source. 
2.3.4 EXAFS Experimental techniques 
2.3.4.1 Transmission mode EXAFS 
Samples which contain >_ 5 at% (atom %) of the element of interest can be 
studied in transmission mode (Fig. 2.6). In this case photon absorption is measured 
as the log of the ratio of the beam intensity before (Is) and after (IT) interaction with 
the sample. The beam intensity is measured in ion chambers that are filled with 
mixtures of inert gases such that the Io and IT ion chambers absorb 20 % and 80 %, 




Single crystals of Si or Ge 
SR source 
High order harmonics rejected 
by grazing angle reflection on mirrors 
Sample 
Slits Co improve energy 
resolution of the beam 
(at the expense of intensity 
Counter 
Computer 
Fig. 2.6. Schematic diagram of experimental setup for transmission mode EXAFS. 
Io and IT are collected during the spectral scan. The ratio of 1og(Io: IT) provides a 
measure of the absorbance, µ. 
In this study, transmission mode EXAFS was only used to collect data from 
standards of known composition, which were used for reference during later curve 
fitting. These standards were presented to the X-ray beam as a finely ground powder 
that was evenly spread on layers of Sellotape. These were stacked in multiple layers 
to achieve a suitable EXAFS signal. Importantly, data were collected from standards 
under the same experimental conditions as the samples to which they relate. For 
instance, if sample data were collected in a liquid nitrogen cryostat, reference standard 
data were also collected at 77 K. This ensured that experimental values derived from 
standards could legitimately be applied to the 'unknown' samples during data analysis. 
2.3.4.2 Fluorescence mode EXAFS 
The difference between Io and IT generally becomes too small for useful data 
analysis when samples contain <_ 5 at% of the element of interest because there is very 
little photon absorption. In such a case, data is collected in fluorescence mode, where 
absorbance is measured as the ratio of IF: Io (Fig. 2.7). IF is the fluorescence signal, 
due to emission of decay fluorescence photons which are produced when the excited 
atom returns to its ground state. 
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SR source Sample at 450 to incoming beam to 
enhance fluorescence signal: elastic 
scatter ratio 
Fig. 2.7. Schematic diagram of experimental setup for fluorescence mode EXAFS. 
Absorbance is measured as the ratio of IF to I. Note that the sample should be held at 
450 to the incoming beam in order to maximise the fluorescence signal : elastic scatter 
ratio. Elastic scatter can otherwise drown out the fluorescence signal. 
The 'adsorption samples' generated in each experiment were presented to the 
X-ray beam as thick pastes held by Sellotape in 2 mm thick Teflon slides with 4 mm 
by 15 mm sample slots. In general, air-sensitive samples were stored as pastes frozen 
in their sample holders and subsequently analysed at 77 K in a cryostat. This proved 
to be an effective way of avoiding unwanted oxidation. Less delicate samples were 
stored as either refrigerated or frozen pastes but subsequently analysed at room 
temperature. 
2.3.5 EXAFS formulation, data reduction and analysis 
2.3.5.1 EXAFS formulation 
The EXAFS equation is used to derive theoretical EXAFS curves from 
molecular clusters which are representative of those suggested by initial inspection of 
the EXAFS results. The agreement between experimental and theoretical EXAFS 
curves, and hence the agreement between real and theoretical clusters, is iteratively 
refined by specialist software during data analysis. Such modelling allows the 
determination of the average number of atoms surrounding the element of interest, 
their identity and distance from the central atom, and the associated Debye-Waller 
factor. Using the plane wave approximation and considering only single scattering of 
ejected photoelectrons, the contribution to the EXAFS spectrum of the jth atomic shell 
is formulated as: 
X (k) = As(k) sin (2kRj +Oj (k)) 
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and the whole EXAFS spectrum is obtained by adding each individual contribution: 
X(k) =Ej xj(k) 
where xj(k) is the individual atomic pair contribution of the atomic shell j, and k is the 
modulus of the wavevector of the photoelectron. The phase of xj(k) depends on: 
Rj- The central atom (i) to backscatterer (j) distance 
0iß (k) The phase shift function, which is characteristic of a given 
absorber-backscatterer pair. These functions vary monotonically with atomic 
number. Thus Fe-Fe and Fe-Cr have very similar values of Oii (k), whilst the 
phase contrast reaches its maximum between Fe-Fe and Fe-Al since OFe-Fe - 
OFe-Al is - 7C. 
The amplitude of xj(k) includes the following terms: 
A (k) = Fj (k) [Nj/kRj2] exp[-2ßj2k2- 2Rj/1(k)] 
Fj (k) is the backscattering wave amplitude, and is characteristic of the atom 
present in the jth shell. 
Nj is the number of atoms in the jth shell 
ßj is the Debye-Waller factor (mean square of variation in distances from 
the central atom to the shell under consideration) accounting for the wave 
damping due to the thermal vibration ((; T) and the static disorder ((; s) of atoms. 
ßT increases with temperature, and as rises with increasing incoherency of the 
i -j separation. 
1 is the electron mean free path (on the order of 5- 10 A). 
2.3.5.2 Data reduction and analysis 
EXAFS data reduction was performed using Daresbury Laboratory software 
(EXCALIB and EXBACK) (Binsted et al., 1991). EXCALIB was used to calibrate 
from monochromator position (millidegrees) to eV and sum multiple spectra from 
individual samples. The start of the EXAFS oscillations was defined and the 
background absorption was removed using EXBACK. The exact curved wave theory 
EXAFS analysis programs EXCURV92 or EXCURV98 (Gurman et al., 1984,1986; 
Joyner et al., 1987; Gurman, 1988; Binsted et al., 1991,1992) were then used to 
generate EXAFS oscillations from a model adsorption cluster which initially consisted 
of the element of interest surrounded by a suitable number of likely ligands. Least 
squares refinement was used to fit the theoretical oscillations to experimental data, 
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causing the cluster to approach the true structure of the adsorption complex. 
Successive atomic shells were added to the theoretical model until a shell had been 
assigned to each significant peak in the Fourier Transform (FT) of the EXAFS data. 
Modelling in this way provided the shell parameters describing the average local 
structure around the element of interest in each sample. 
Joyner tests (Joyner et al., 1987) were performed to ascertain the statistical 
significance of all new atomic shells during modelling of the EXAFS oscillations. In 
general only shells which improved the fit between theory and experiment at the 99 % 
probability level are included in this work. Shells which are significant at the 95 % 
level of probability are included only under exceptional circumstances. In addition to 
the Joyner tests, the R factor was also used as a guide in data analysis: 
REXAFS -ý (Ixr(k)exP_x, (k)rheoryl) X100%0 
where a is the standard deviation of the difference between experimental (Xexperiment) 
and theoretical (Xtheory) EXAFS functions over a specified k range. The R factor 
gives a measure of agreement between the experimental and simulated EXAFS 
functions. For poorly ordered mineral-aqueous systems such as those described here, 
an R value between 20% and 40% indicates an acceptable match between theory and 
experiment (Dent and Mosselmans, 1992). 
EXAFS theory in its simplest form assumes that a single incident photon will 
interact only with one electron in the element of interest. In practice, interaction with 
more than one electron can occur, and this results in multiple electron excitations 
which do not lead to EXAFS oscillations. Photons lost in this way have been 
accounted for in this study by using a factor known as AFAC in the EXCURV 
programs. AFAC represents the probability that a photon will excite more than one 
electron, and thus not result in a contribution to the XAFS oscillations. It was set to 
range between 0.7 and 0.98 (i. e., 70 - 98% of photons resulting in EXAFS) during all 
data analysis. 
The phase shift functions used in the curve fitting were derived by ab initio 
methods in EXCURV92 and EXCURV98 using Hedin-Lundqvist potentials (Hedin 
and Lundqvist, 1969) and von Bart ground states. It has been suggested that phase 
shift functions generated in this way are less accurate than those determined 
experimentally (Spadini et al., 1994). However, the use of theoretical values is 
justified by the good agreement between the structure of known standards such as 13- 
Cd(OH)2(s) and scorodite (FeAsO4.4H20) derived from the EXAFS data using 
theoretical phase shift functions and published structural data. 
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2.3.6 EXAFS data display format 
EXAFS results are displayed in two formats in this study. The Fourier 
Transform (FT) plots show the Fourier transform of the EXAFS data (FT of X(k)) 
plotted against distance from the element of interest (A) (Fig. 2.8 a). This type of plot 
provides the best visual representation of local coordination since each significant peak 
within 4A of the element of interest corresponds to an atomic shell. The EXAFS 
plots consist of wavenumber (k) (A-1) plotted against the EXAFS function x, which is 
weighted by a factor of k3 (x(k)"k3) to enhance oscillations at high k values (Fig. 2.8 
b). They are shown since they provide a better representation of the data quality than 
the FT plots, and because the curve fitting process uses the raw EXAFS data rather 
than the Fourier transform data. This means that the relative success of curve fitting is 
best visually assessed by inspecting the EXAFS plots. In both types of plot, the 
theoretical fit to the data is shown as a bold line whilst the experimental data is shown 
as a fine line. 
It should be noted that only the first peak in each FT plot is corrected for 
phase-shift effects. Consequently, whilst the experiment and theory curves for the 
first FT peaks coincide at the true Metal-X distance, the experiment curves for the 
second, third etc. FT peaks are sometimes displaced from their true Metal-X locations. 
Any apparent mismatch between experiment and theory in the FT plots is merely an 
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2.4 AB INI77D QUANTUM MECHANICAL PREDICTION OF THE, 
GEOMETRY AND ENERGETICS OF SURFACE COMPLEXES 
Density functional theory (DFT) is a quantum mechanical approach that can he 
used to predict the optimised geometry and total energy of formation of small 
molecular clusters; surface complexes formed during adsorption are ideal candidates 
for such treatment. In this context, DFT has proven to he a powerful independent 
source of information that has assisted evaluation of the EXAFS data. It has 
previously been used for this purpose by Collins (1997). A cautionary note is that the 
calculations are performed in the gas phase, with no account taken of solvation effects. 
Nonetheless, good agreement is found between experimental EXAFS results and 
certain predicted geometries. This indicates that information derived from ab ilritio 
quantum mechanical modelling is applicable to the cadmium surface complexes 
discussed in chapter 3 (Randall et al., 1999). 
In this study, the Amsterdam Density Functional Program (ADF 2.0. I; to 
Velde 1995) was used. Initially, an approximate geometry for each likely adsorption 
complex was generated based on a consideration of aqueous cadmium speciation and 
the structure of the iron (oxyhydr)oxide surface. Suitable molecular clusters were 
developed with the fully hydrated adsorbing ion attached to one or two Fe(O, OH)6 
octahedra. These acted as the iron (oxyhydr)oxide substrate. Because the 
mechanisms of adsorbate attachment were identical to certain types of octahedral 
linkage in the iron (oxyhydr)oxide bulk structure, it was often possible to generate 
entire clusters by isolating small parts of an iron (oxyhydr)oxide crystallographic 
model. This was achieved using the CrystalMaker 2.1.0 computer program (Palmer, 
1996). The crystallographic coordinates of each selected cluster were transferred from 
CrystalMaker into the molecular visualisation package RasMac 2.6 (Sayle, 1996). 
Using vector addition, the molecular clusters were then supplemented with extra 
hydrogen atoms so that they approached the expected composition of hydrated surface 
complexes (Fig. 2.9). 
a) 
Fig. 2.9. Molecular cluster of three Fe(O, OH)() octahedra from the goethite bulk 
structure (a). The same cluster is shown in (b) following adaptation to a hypothetical 
adsorption complex consisting of a hydrated cadmium ion adsorbed onto two adjacent 
Fe(O, OH)(6 octahedra via a double corner sharing mechanism. Ball and stick 
components of (a) represent hydroxyl groups; oxide groups are not shown. 
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For each atom, a set of mathematical functions referred to as a basis set was 
used to define the forms and energies of its associated atomic orbitals. The ADF 
program uses Slater-type orbitals and the basis sets employed use triple-zeta valence 
shells with a polarisation function. The first stage of the calculation involved 
determination of the self-consistent charge density by following the steps outlined 
below: 
1. Solve the Kohn-Sham equations for each atom to get the electron density 
for each atom (pa, om 
) 
2. Superimpose the p,, om values to get a first approximation of the charge 
density of the molecule (p° ºecu, e ) mo 
3. Given p°orecure' solve the Kohn-Sham equation for the molecule to get the 
molecular orbitals, O 
4. Given the molecular orbitals, populate them with electrons to get the next 
approximation of = n. O2 Pmolecufe 
Steps 3. and 4. were repeated until there was no further change in Pmolecule 
From the self-consistent charge density, the total energy of the cluster was found, 
along with the interatomic forces. The next step in the calculation involved moving the 
atoms by a small increment in order to minimise the interatomic forces, thereby 
generating a new geometry. Steps 1. to 4. were then repeated with the atoms in their 
new positions to determine a revised value for the self-consistent charge density. 
This whole process was repeated until an optimised geometry had been arrived 
at and the interatomic forces approached zero. RasMac 2.6 (Sayle, 1996) was then 
used to visualise the geometry of the optimised cluster and to determine bond angles 
and interatomic distances. 
In addition to predicting optimised geometry, the DFT calculations also 
determined the total static energy of formation of each cluster from its components in 
the gas phase. In order to establish an order of relative cluster stability, the 
composition of the smaller clusters was normalised to that of the largest cluster. For 
instance, if the composition of a given cluster was [(H20)3CdFe2(O)(OH)6(OH2)3]0, 
its energy could be compared to that of the largest cluster 
[(H20)5CdFe2(O)(OH)6(OH2)3]° by the addition of the total static energy of two 
water molecules. The relative total energy of the clusters could then be calculated by 
arbitrarily setting the total energy of one cluster to zero, and recalculating values for 
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The Mechanism of Cadmium Surface Complexation on 
Iron Oxyhydroxide Minerals 
3.1 INTRODUCTION 
Cadmium is a toxic heavy metal which has become a significant contaminant 
in many soil and groundwater systems (e. g. Hutchinson and Meema, 1987; Tiller, 
1989). The annual flux of cadmium from anthropogenic sources such as mining and 
smelting operations, waste disposal, and contaminated fertilisers (Hem, 1972; 
Krishna et al., 1987) is nearly ten times that of all natural sources (Nriagu, 1980). 
Cadmium is known to bioaccumulate, and the native metal and solutions of its 
compounds are highly toxic to humans (Jin et al., 1998; Lehoczky et al. 1998). 
Adsorption from solution onto exposed mineral surfaces has been shown to exert a 
strong control on the mobility and bioavailability of trace metals such as cadmium in 
the environment (Krauskopf, 1956; Singh and Subramanian, 1984; Shiller and 
Boyle, 1987). The iron oxyhydroxides that are used in this study commonly form in 
the environment as reactive, high surface area secondary minerals resulting from 
weathering processes. They are often found as crack deposits, as coatings on other 
less reactive mineral grains (Russell et al., 1975; Coston et al., 1995), or as alteration 
products on weathering minerals (Walder and Chavez, 1995). 
The capacity of iron (oxyhydr)oxides to accumulate contaminants is clearly 
demonstrated by the fact that trace metal concentrations in soil oxide fractions are 
often orders of magnitude higher than in bulk soils (Le Riche and Weir, 1963; 
Taylor and McKenzie, 1966; Hiller and Brummer, 1995). Iron (oxyhydr)oxides are 
known to accumulate heavy metals by adsorption and/or coprecipitation in rivers and 
estuaries (Gibbs, 1977; Lion et al., 1982; Johnson, 1986; Zhuang et al. 1994). 
Studies of metal mobility in lake sediments strongly suggest that cadmium binds 
directly to the hydroxyl surface groups of iron- and manganese oxyhydroxides such 
as ferrihydrite and lepidocrocite under near neutral pH conditions (Tessier et al., 
1985; 1996). This is the case even in the presence of organic material (Tessier et al., 
1985; 1996). Goethite and lepidocrocite have been identified as important mediators 
of the mobility of a variety of heavy metals including cadmium in acid mine 
drainage environments (Herbert, 1994; Lin and Herbert, 1997). 
Because of the obvious importance of iron (oxyhydr)oxides in attenuating 
heavy metal transport, many laboratory-based adsorption studies have been 
performed to investigate this phenomenon (e. g. Davis and Leckie, 1978; Dzombak 
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and Morel, 1990; Fokkink et al., 1990; Johnson, 1990; Gunneriusson, 1994; Venema 
et al., 1996b). 
Thermodynamic data describing the sorption process are commonly derived 
using surface complexation models (e. g. Davis and Leckie, 1978; Davis and Kent, 
1990; Hayes et al., 1991; Hiemstra and Van Riemsdijk, 1996; Venema et al., 1996a, 
b). The modelling results are heavily dependent on the accurate chemical and 
physical representation of surface complexes and the oxide surface (Hayes and 
Leckie, 1987; Cowan et al., 1991). However, in many cases it seems that the 
physical representation of a given complex is chosen somewhat arbitrarily, and often 
without any direct supporting evidence from the samples. 
The aim of this study was to clarify the role that inner- or outer sphere 
adsorption, surface precipitation and/or coprecipitation played in the sorption of 
aqueous cadmium by a variety of iron oxyhydroxides over a range of pH and 
cadmium concentrations. The short range structure around sorbed cadmium was 
probed in situ with EXAFS spectroscopy. Ab initio quantum mechanical modelling 
was used to complement and assist EXAFS data interpretation for samples of 
cadmium adsorbed on goethite. The results provide an enhanced molecular scale 
description of the fundamental processes leading to adsorption. This new 
information should lead to an improved understanding of cadmium mobility and 
attenuation in the environment, and allow quantitative modelling of these processes. 
Extended X-ray Absorption Fine Structure (EXAFS) spectroscopy is 
uniquely suited to determining the average coordination environment up to -4 A 
around a given element of interest in poorly ordered materials. Importantly, samples 
can approach conditions found in the environment: the element of interest can be 
present at concentrations as low as 0.05 wt% (depending on experimental 
conditions), and since no vacuum is required the samples can contain water and be at 
room temperature (Charlet and Manceau, 1993; Brown et al., 1995). These factors 
have been exploited by numerous workers since EXAFS spectroscopy became 
available (e. g. Roe et al., 1991; Waychunas et al., 1993; O'Day et al., 1994; Spadini 
et al., 1994; Papelis et al., 1995; Waychunas et al., 1995). 
I chose to study goethite (a-FeOOH), lepidocrocite (y-FeOOH), akaganeite 
(ß-FeOOH) and schwertmannite (Fe16016(OH)10(SO4)3.10H2O) for several reasons. 
Firstly, all the studied minerals are known to occur to varying degrees in a range of 
weathering environments (Schwertmann and Cornell, 1991), and the results of this 
study should therefore have broad applicability. Secondly, each mineral possesses a 
different proportion of distinct types of surface sites. Studying cadmium adsorption 
on a number of minerals has thus provided a much better understanding of the 
relative importance of the different types of surface site than would have been 
possible by simply varying surface loading on a single mineral. Finally, all four 
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minerals are relatively stable phases (Schwertmann and Cornell, 1991), and their 
surface properties do not change over the timescales of EXAFS experiments (hours 
to days). 
3.1.1 Occurrence of goethite, lepidocrocite, akaganeite and schwertmannite in 
the environment 
Goethite is the most common iron oxyhydroxide mineral in nature, and it is 
known to occur in almost all weathering environments (Schwertmann and Cornell, 
1991). 
Lepidocrocite has been observed to form in the field via oxidation of Fe2+ 
during early diagenesis of lake sediments (Fortin et al., 1993; Tessier et al., 1996). It 
is known to be the major product resulting from oxidation of Fe2+ compounds such 
as 'green rust' (a mixed Fe2+/Fe3+ oxyhydroxide; Schwertmann and Fechter, 1994) 
and amorphous FeS(s) (Fendorf et al., 1997). Although lepidocrocite is commonly 
observed in excessively moist soil gleys and pseudogleys (e. g. Schwertmann and 
Taylor, 1972), it also occurs in better drained calcareous and vertic soils (e. g. Ross 
and Wang, 1982; Wang et al., 1993). Lepidocrocite can also occur as a major iron 
(oxyhydr)oxide under acid mine drainage conditions (Herbert, 1995; Karathanasis 
and Thompson, 1995). 
Akaganeite is less common in sediments and soils than either goethite or 
lepidocrocite. However, it has been recognised as a major iron oxyhydroxide 
component in some soils and hydrothermal systems (Holm et al., 1983; Chen and 
Yao, 1995). It has also been identified in marine concretions (Pye, 1988; Alagha et 
al., 1995) and acid mine drainage environments (Karathanasis and Thompson, 1995). 
Schwertmannite is an iron oxyhydroxysulphate mineral which forms through 
the bacterially mediated oxidation of Fe2+ by Thiobacillusferoxidans in waters that 
are rich in sulphate (up to several thousand ppm) (Bigham et al., 1994). It 
commonly occurs as an ochreous precipitate in environments where acidic waters 
drain pyritic mines or mine tailings (Karathanasis and Thompson, 1995). However, 
it has also been recently identified in a stream draining pyritic schists (Schwertmann 
et al., 1995). 
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3.1.2 C02(g) exclusion during sample preparation 
Although the majority of environments outlined above where iron 
(oxyhydr)oxides can attenuate cadmium transport are open to the atmosphere, all of 
the adsorption samples were prepared under C02(g)-free conditions. The main 
reason for doing this is that sorption rather than precipitation exerts the major control 
on trace metal concentrations over a wide range of fresh- and seawater conditions 
(e. g. Krauskopf, 1956; Singh and Subramanian, 1984; Johnson, 1986; Shiller and 
Boyle, 1987). Consequently, C02(g) was excluded from these experiments to avoid 
the precipitation of CdC03(s) (otavite), mindful that previous studies (e. g. Balistrieri 
and Murray, 1982) have suggested that the presence of dissolved carbonate has little 
effect on the sorption of cadmium by iron (oxyhydr)oxides. 
A further important consideration in excluding C02(g) was the way that 
surface complexation models are currently used. Many attempts to derive 
thermodynamic data are performed under C02(g)-free conditions (e. g. Benjamin & 
Leckie 1981a; Ainsworth et al., 1994; Lumsdon and Evans, 1994). This is because 
the calculated intrinsic complexation constants that describe metal adsorption rely on 
accurately known intrinsic surface acidity constants. These can only be properly 
determined in the absence of adsorbed carbonate species (Lumsdon and Evans, 
1994). Thus, although the results of this study do relate to a simplified system, they 
are directly applicable to work involving surface complexation models. 
3.2 EXPERIMENTAL METHODS 
3.2.1 General 
All reagents used in this study were analytical grade and labware was acid- 
washed. Samples, acid/base solutions and stock solutions were prepared using 
degassed (boiled) MilliQ water to prevent the formation of CdCO3(s). A BDH 
general purpose combination electrode with an Orion model 720A meter were used 
to make pH measurements. Calibration ± 0.05 pH units was achieved at room 
temperature with constantly stirred Whatman NBS grade buffers. 
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3.2.2 Mineral Preparation and characterisation 
Goethite, lepidocrocite and schwertmannite were prepared in the laboratory 
according to methods reported by Schwertmann and Cornell (1991). Goethite was 
prepared by hydrolysing a Fe(N03)3 solution at pH 12-13 and 70 °C for 60 hours. 
Plastic labware was used throughout to avoid the danger of the high pH solution 
leaching silica from glassware. Lepidocrocite was prepared by the 
oxidation/hydrolysis of a FeC12 solution at pH 6.7 - 6.9. Schwertmannite was 
prepared by quickly mixing FeC13 and Na2SO4 solutions at 60°C, and allowing the 
suspension to cool to room temperature after 12 min. Finally, akaganeite was 
prepared by briefly boiling a FeC13 solution and then allowing the suspension to cool 
to room temperature. Contaminant anions from the synthesis procedures (e. g. N03- 
and Cl-) were removed from the resulting mineral suspensions by dialysis against 
MilliQ water that was frequently changed. This was of particular importance for 
schwertmannite because transformation to goethite is rapid under high SO42- 
conditions (>_ 1000 ppm), but much slower at low S042- concentrations 
(Schwertmann and Cornell, 1991). 
The identity and purity of the crystalline products was confirmed by X-ray 
powder diffraction of randomly oriented powder samples. The surface areas of 
goethite (27 ±3 m2g-1 and 33 ±3 m2g-1; two batches), lepidocrocite (88 ±3 m2g-1), 
akaganeite (65 ±3 m2g-1) and schwertmannite (126 ±3 m2g-1) were determined by 
BET surface area analysis following 12 hours of outgassing with N2(g). The 
analytical error of ±3 m2g-1 was determined by repeated measurements. The 
general crystal morphology of each mineral was examined by TEM and the goethite 
morphology was further examined by electron diffraction (ED). Goethite crystallites 
measured approximately 4000 nm long by 150 nm wide. They displayed a 
characteristic elongate lath-like morphology with a diamond shaped cross-section 
bounded mainly by the (110) surfaces with little or no contribution from the (100) 
and (010) surfaces. The chain terminations were bounded by the (021) surfaces 
which I estimate to comprise -2 % of the overall crystal surface area. Lepidocrocite 
crystallites measured approximately 300 nm long by 125 nm wide and displayed the 
platy morphology (with thickness « width) that is characteristic of this mineral. The 
ends of the crystallites had a serrated appearance whilst the sides were relatively 
straight. Akaganeite crystallites were 'cigar-shaped' and measured approximately 
100 nm long by 10 nm wide. They were frequently observed to raft together. 
Schwertmannite crystallites consisted of roughly spherical particles with jagged- 
looking outlines; these measured approximately 100-1000 nm in diameter. 
The goethite and lepidocrocite stock suspensions were stored in closed 
polypropylene bottles at 4 °C following purging with N2(g) fora 24 hours to remove 
74 
Chapter 3 
dissolved carbonate species. Akaganeite, schwertmannite and a small amount of 
goethite were stored as frozen fine powders following air drying at 35 - 40 °C for 24 
hours and crushing with an agate mortar and pestle. 
3.2.3 Preparation of adsorption samples for EXAFS analysis 
The cadmium stock solutions were prepared from Cd(N03)2.4H20(s). They 
were acidified to -pH 4 with a few drops of 1% v/v HNO3 and stored at 4 °C in a 
closed 0.5 L polypropylene flask. Preparation conditions for the adsorption samples 
are summarised in Table 3.1. 
The majority of the samples (61-S to 68-S and 72-S) were prepared in the 
following manner: Goethite or lepidocrocite stock suspensions (which had 
previously been placed in an ultrasound bath to break up aggregates), cadmium stock 
solution, MilliQ water and NaC1O4-H2O were added to 500 ml polythene screw top 
containers to achieve the desired cadmium and sorbent concentrations in a 0.1 M 
background electrolyte. Sample 47-S was prepared in the same manner but in the 
absence of the background electrolyte. The pH of the resulting suspensions was 
manually set to the desired starting value (Table 3.1) with 0.1 or 1.0 M KOH or 1% 
v/v HNO3, whilst C02-free conditions were maintained by purging with N2(g). The 
sample containers were shaken vigorously at the start of the reaction, and then 
approximately every 6 hours afterwards. The pH was measured and, if necessary, 




Table 3.1. Reaction conditions during adsorption sample preparation. Background 
electrolyte was 0.1 M NaC1O4 unless otherwise stated. 
Sample Mineral Surface [Sorbent] [Cd] Start Final Wt % Surface 
area g L-1 ppm pH pH Cd loading 
(m2g 1) (initial) (%) 
20-bS Akaganeite 65(3) 13.3 800 7.4 8.0 1.01 52 
50-S Schwert- 126(3) 1.0 90 7.0 6.5 2.91 79 
mannite 
43-S Goethite 27(3) 4.0 90 7.1 6.5 0.66 79 
(dry) 
61-S 50 5.4 5.4 0.39 38 
64-S 20 6.6 6.4 0.28 27 
65-S Goethite 33(3) 1.0 50 6.3 6.3 0.54 53 
68-S 7 8.2 7.7 0.45 44 
70-S 3 9.3 9.3 0.24 24 
47-S 2.0 90 7.5 6.0 0.74 27 
72-S Lepidocrocite 88(3) 1.0 100 6.5 6.3 1.21 45 
73-S 1.0 20 7.0 7.0 0.78 29 
Key for Table 3.1: 
t Surface loading (a measure of the number of available surface sites occupied by 
adsorbed cadmium) is calculated on the assumption of a site density of 1.68 sites nm- 
2 for goethite (Lövgren et al., 1990), 1.67 sites nm-2 on lepidocrocite (Zhang et al., 
1992), and 1.62 sites nm-2 on akaganeite (Parida et al., 1997) and schwertmannite. 
1 No background electrolyte. 
Samples 70-S and 73-S were prepared as described above except that the 
suspensions were held in a sealed reaction vessel containing a magnetic stirrer. In 
both cases, pH was maintained at the required value by a Metrohm 702 Titrino 
autotitrator using 0.1 M KOH. 
Samples 43-S(dry) and 50-S were prepared in the same manner as 61-S to 
68-S and 72-S, except that the sorbents were added as dry powders, and 50-S did not 
have a background electrolyte. Sample 43-S(dry) was air dried at 35 - 40 °C 
immediately after adsorption was complete. Sample 20-bS was prepared in the 
absence of a background electrolyte by adding the sorbent as a dry powder to 30 ml 
of cadmium stock solution in a 50 ml polycarbonate Oak Ridge centrifuge tube. The 
suspension was constantly purged with N2(g). The pH was adjusted to the required 
starting value (Table 3.1) using 0.1 M KOH, and the centrifuge tube was sealed after 
purging with N2(g) for a further 15 min. The sample was reacted at 19 ±2 °C in a 
rotating tumbler to keep the sorbent in suspension, and pH was measured and reset 
to the desired value every 12 hours during the 48 hour reaction period. 
In all cases, pH was observed to decrease as the sorption reaction proceeded, 
and the final pH was taken to be that of equilibration. It should be noted that a 
76 
Chapter 3 
maximum of 0.7 ml of acid or base was added to any given sample to achieve the 
desired pH, and that such additions resulted in minimal changes in total sample 
volume. 
Centrifugation (3000 rpm for 20 - 30 min) was used to separate each reacted 
suspension into a viscous paste (the 'adsorption sample') and a clear supernate. The 
supernates were filtered using 0.2 gm cellulose nitrate membrane filters, acidified by 
addition of 1% v/v HNO3, and subsequently analysed for cadmium by either ICP- 
MS or ICP-AES. The adsorption samples were stored at 1-4 °C, and all EXAFS 
analyses were performed within 72 hours of centrifugation. 
3.2.4 Determination of degree of surface loading 
The degree of surface loading is an important descriptive parameter for 
adsorption samples, and its derivation relies heavily on the use of reasonable 
adsorption site densities. Lövgren et al. (1990) determined a value of 1.68 surface 
hydroxyl sites per nm2 on goethite by the addition of excess protons to goethite 
suspensions. I have used this value to calculate the percentage surface loading of 
cadmium on the goethite adsorption samples (Table 3.1). Very similar values of 
1.67 sites per nm2 (Zhang et al., 1992) and 1.62 sites per nm2 (Parida et al., 1997) 
were used for lepidocrocite and akaganeite, respectively. In this study, 
schwertmannite was also assumed to possess 1.62 sites per nm2 because of its 
supposed structural similarity with akaganeite (Schwertmann and Cornell, 1991). 
The site densities used here are consistent with values reported in studies of 
cation adsorption (e. g. Atkinson et al. 1967). They also agree well with values 
derived from crystallographic considerations (Pivovarov, 1997) and determinations 
of the maximum theoretical density of a monolayer of adsorbed cadmium aquo ions 
(Spark et al., 1995). 
3.2.5 Ab initio quantum mechanical prediction of the geometry and energetics 
of adsorption complexes 
In this study, ab initio Density Functional Theory (DFT) has been used to 
perform quantum mechanical calculations. These calculations were used to predict 
the optimised geometry and relative stabilities of four small molecular clusters. 




Density Functional Theory as used in the computer code ADF 2.0.1 (te 
Velde, 1995) was used with a Slater orbital basis set, with triple zeta valence shells 
and frozen core orbitals (for computational efficiency). The formulae of Vosko et al. 
(1980) were used for exchange and correlation in the local density approximation 
and the generalised gradient corrections of Becke (1988) and Perdew (1986) were 
applied a posteriori to the self consistent field step. DFT calculations were 
performed with a quasi-relativistic correction using core potentials from the 
computer code Dirac (te Velde, 1995). Clusters containing two iron atoms were 
spin-constrained to be ferromagnetic. 
Initial cluster geometry was based on a consideration of the goethite surface 
and the likely composition of cadmium surface complexes. Each cluster consisted of 
two linked Fe(O, OH)6 octahedra with a cadmium aquo complex attached in a way 
that was representative of a particular adsorption mechanism. The geometry of the 
iron octahedra was fixed so that it was the same as that in the goethite bulk structure, 
but no other structural constraint was applied during the calculations. If the iron 
octahedra were not constrained, they adopted a more relaxed geometry quite 
different to that expected at the goethite surface. 
In addition to predicting geometry, the DFT calculations also determined the 
total free energy of formation for each cluster. In order to allow these values to be 
compared relative to each other, the composition of the smaller clusters was 
normalised to that of the largest cluster by addition of one or two water molecules. 
The relative total energy of the clusters was then calculated by arbitrarily setting the 
total energy of one cluster to zero, and recalculating values for the other clusters 
accordingly. 
It should be noted that the total free energy of formation values relate to the 
formation of clusters from free atoms in the gas phase, with no account taken of 
solvation effects. Consequently, the resulting energies are large and they are not 
strictly applicable to the liquid phase. They do nonetheless facilitate the ranking of 
clusters in terms of relative stability. The good agreement between experimental 
EXAFS results and certain predicted geometries indicates that information derived 
from ab initio quantum mechanical modelling is applicable to the cadmium surface 
complexes described here. 
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3.2.6 EXAFS theory, data collection and analysis 
3.2.6.1 General description of EXAFS spectroscopy 
An EXAFS spectral scan is obtained by measuring X-ray absorption over a 
range of photon energies which includes the 'absorption edge' of the element of 
interest (e. g. Brown et al., 1988; Charlet and Manceau, 1993; Brown et al., 1995). 
Curve fitting allows the determination of the average number (Ni) (± 20 %) of atoms 
in the jth atomic shell, their distance (Rj) (± 0.02 A) from the central excited 
cadmium atom, their identity, and the associated Debye-Waller factor (2ßj2) (e. g. 
Brown et al., 1988). The latter parameter represents the mean square of variation in 
distances from the element of interest to the shell under consideration. It accounts 
for damping of the EXAFS oscillations due to thermal vibration ((TT) and static 
disorder (as) within atomic shells (e. g. Brown et al., 1995). The quality of the fit 
between the experimental and simulated EXAFS functions is represented by the R 
factor: 
REXAFS -, (Ix; (k)exp _Xj(k)rneo. yl) x lOO% 
where ß is the standard deviation of the difference between experimental (xexperiment) 
and theoretical (%theory) EXAFS functions over a specified k range. For poorly 
ordered mineral-aqueous systems such as those described here, an R value between 
20% and 40% indicates an acceptable match between theory and experiment (Dent 
and Mosselmans, 1992). 
3.2.6.2 Data collection 
EXAFS data were collected at the CLRC Synchrotron Radiation Source at 
Daresbury Laboratory, U. K. Spectra were collected at the cadmium K-edge under 
room temperature conditions on station 9.2, which is equipped with a double crystal 
Si (220) monochromator. The storage ring energy was 2.0 GeV and the beam 
current varied between 130 and 240 mA during data collection. Each adsorption 
sample was presented to the X-ray beam as a viscous paste held by Sellotape in a2 
mm thick plastic slide with a4x 15 mm sample slot. EXAFS data were collected 
from the adsorption samples during six to ten fluorescence mode scans using a 
thirteen element Ge diode Canberra detector. EXAFS data were also collected for 
reference from a (3-Cd(OH)2(s) standard in two room temperature transmission mode 
scans. During all data collection, the monochromator was set to reject 50 % of the 
incoming beam to minimise higher harmonics in the EXAFS spectra. 
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3.2.6.3 Data analysis 
EXAFS data reduction was performed using Daresbury Laboratory software 
(EXCALIB and EXBACK) (Binsted et al., 1991). EXCALIB was used to calibrate 
from monochromator position (millidegrees) to energy (eV) and to average multiple 
spectra from individual samples. EXBACK was used to define the start of the 
EXAFS oscillations and perform background subtraction. 
The exact curved wave theory EXAFS analysis program EXCURV92 
(Gurman et al., 1984,1986; Joyner et al., 1987; Gurman, 1988; Binsted et al., 1991, 
1992) was then used to analyse the EXAFS data. This process involved the 
comparison of experimental data with theoretical EXAFS oscillations that were 
derived by EXCURV92 from model clusters. The geometry of these clusters was 
based on the predicted geometry of the adsorption complexes. For each sample, the 
cluster that provided the closest initial fit underwent least squares refinement of: 
Debye-Waller factor, number of atoms per shell, Cd-X distance, and Fermi energy to 
improve the fit between its theoretical oscillations and the experimental data. This 
caused the composition and geometry of the model cluster to approach the true 
structure and chemistry of the adsorption complex. During fitting, any number of 
the four parameters being refined can be constrained. This facility occasionally 
proved useful in the early stages of fitting, but all parameters were unconstrained 
during the final stages of data analysis. 
The model clusters initially consisted of only one atomic shell. Successive 
shells were added to the theoretical model until each significant peak in the Fourier 
transform of the EXAFS data was accounted for. Statistical tests (Joyner et al., 
1987) were performed to ascertain the significance of each new atomic shell, and 
only those which improved the fit between theory and experiment at the 99 % level 
of confidence were retained. 
Refining theoretical models to find agreement with experimental data in this 
way provided shell parameters that describe the average local coordination 
environment around adsorbed cadmium. Care was taken during curve fitting to 
check that none of the atomic shells could be assigned to the known structure of 
cadmium solids such as ß-Cd(OH)2(s), y-Cd(OH)2(s) or CdCO3(s). 
The phase-shift functions used in the curve fitting were derived by ab initio 
methods in EXCURV92 using Hedin-Lundqvist potentials (Hedin and Lundqvist, 
1969) and von Bart ground states. Spadini et al. (1994) have suggested that phase- 
shift functions generated in this manner are less accurate than those determined 
experimentally. However, the use of theoretical values is justified by the good 
agreement between the structure of (3-Cd(OH)2(s) derived from the EXAFS data 
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using theoretical phase-shift functions (Fig. 3.1) and the published structure of 
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Fig. 3.1. Fourier transform (FT) (a) and EXAFS (b) plots for ß-Cd(OH)2(s). The 
data was analysed using phase-shift functions derived empirically in EXCURV92. 
3.2.7 Interpretation of EXAFS data 
To a first approximation, the inner sphere complexation of cadmium with 
iron (oxyhydr)oxide mineral surfaces can be described by the combination of 
[Cd(H2O)6]2+ aquo ion octahedra from solution with Fe(O, OH)6 octahedra at the 
mineral surface. Octahedra can be linked by sharing edges, corners or apices. 
Because each type of linkage results in a discrete and characteristic Cd-Fe distance, 
EXAFS spectroscopy can be used to discriminate between the different mechanisms 
of attachment. For instance, edge sharing between cadmium and ferric iron 
octahedra results in a Cd-Fe distance of -3.3 ± 0.1 A, whilst corner sharing leads to a 
Cd-Fe distance of -3.8 ± 0.1 A (Spadini et al., 1994; Collins et al., 1999). This is 




3.3 CADMIUM SORPTION: INNER SPHERE COMPLEXATION 
VERSUS SURFACE PRECIPITATION 
The percentage adsorption of available cadmium from solution by goethite 
and lepidocrocite was observed to increase dramatically between pH 6 and 8, in 
agreement with numerous studies of cadmium adsorption onto iron (oxyhydr)oxides 
(e. g. Kinniburgh et al., 1976; Davis and Leckie, 1978; Leckie et al., 1980; Millward, 
1980; Benjamin and Leckie, 1981a, b; Balistrieri and Murray, 1982). This behaviour 
is explained in terms of the increasingly negative surface charge which develops on 
amphoteric minerals when surface functional groups deprotonate as pH rises. 
Significant adsorption of Cd2+ occurs below the pH at which there is net zero surface 
charge (pHzpc) on lepidocrocite (pHzpc = 7.3, Zhang et al., 1992) and goethite 
(pHzpc = 8.9, Van Geen et al., 1994). The net surface charge is still positive under 
such conditions, and thus the observed Cd2+ adsorption is taken as evidence that this 
process is thermodynamically favourable (e. g. Lamy et al., 1991). In other words, 
the chemical (specific) component of the free energy of adsorption is greater than the 
unfavourable electrostatic component. 
The EXAFS results are shown in Figs. 3.1,3.4,3.6,3.7 and 3.9. The 
experimental data is shown as fine lines and the calculated best fits as bold lines in 
both the EXAFS plots and the associated Fourier Transform (FT) plots. Each peak 
in the FT plots corresponds to an atomic shell. It should be noted that only the first 
peak in each plot is corrected for phase-shift effects. Consequently, whilst the 
experiment and theory curves for the first FT peaks coincide at the true Cd-X 
distance, the experiment curves for the second, third etc. FT peaks are sometimes 
displaced from their true Cd-X locations. Any apparent mismatch between 
experiment and theory in the FT plots is merely an artefact of this, and does not 
imply a poor fit. Additionally, it is important to emphasise that curve fitting is 
performed using the EXAFS data and not the associated Fourier transform data. The 
best indication of how successful curve fitting has been is thus provided by 
inspecting the match between theory and experiment in the EXAFS plots and not the 
FT plots. Table 3.2 summarises the EXAFS results. 
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Table 3.2. Shell parameters derived from analysis of EXAFS oscillations. Note that 
values in italics are speculative. NX is number of atoms in a shell at distance RX 
from the central cadmium atom. 2ß2X is the associated Debye-Waller factor. The R 
factor gives a measure of the agreement between experimental and theoretical 
EXAFS curves. R< 20% indicates a very good fit whereas R: 5 40% is acceptable. 




262p NFe ýý) 262Fe R ý%) 
20-bS Akagan- 8.0 52 5.5 2.28 0.020 0.8 3.29 0.020 31.9 
eite 
50-St Schwert- 6.5 79 5.7 2.28 0.020 0.8 3.33 0.020 35.8 
mannite 
43-S Goethite 6.5 79 5.8 2.24 0.020 1.4 3.75 0.020 30.4 
(dry) 
61-S 5.4 38 6.4 2.26 0.020 1.8 3.77 0.018 36.6 
64-S 6.4 27 6.4 2.26 0.020 1.6 3.76 0.020 31.9 
65-S Goethite 6.3 53 6.4 2.25 0.020 1.5 3.75 0.020 23.9 
68-S 7.7 44 6.3 2.25 0.020 1.1 3.78 0.020 25.0 
70-S 9.3 24 6.0 2.26 0.020 1.5 3.80 0.020 24.0 
47-S$ Lepido- 6.0 27 6.6 2.26 0.020 1.1 3.30 0.018 29.0 
72-S crocite 6.3 45 6.9 2.25 0.020 1.5 3.26 0.020 34.0 
73-S 7.0 29 6.8 2.26 0.020 1.4 3.30 0.020 28.2 
EXAFS standard No RO 262 NU Rd 262 R 
(Aý O (Id Cd 
ß-Cd(OH)2(s) (EXAFS experiment) 6.0 2.28 0.016 6.0 3.48 0.024 30.5 
ß-Cd(OH)2(s) (XRD1) 6.0 2.34 6.0 3.50 
t Surface loading (a measure of the number of available surface sites occupied by 
adsorbed cadmium) is calculated on the assumption of a site density of 1.68 sites nm- 
2 for goethite (Lövgren et al., 1990), 1.67 sites nm-2 on lepidocrocite (Zhang et al., 
1992), and 1.62 sites nm-2 on akaganeite (Parida et al., 1997) and schwertmannite. 
$ No background electrolyte. 
1 Spadini et al. (1994). 
Data from all adsorption samples and the ß-Cd(OH)2(s) standard shows that 
cadmium is coordinated by an inner atomic shell of approximately six oxygens at a 
Cd-O distance of 2.24 - 2.28 
A. At least one additional atomic shell containing iron 
atoms is observed outside the oxygen shell in all the adsorption samples. Since the 
iron shell(s) occur at a Cd-Fe distance of less than 4 A, cadmium must adsorb via an 
inner sphere mechanism. The first coordination shell around cadmium therefore 
consists of terminal -(O, OH) groups at the mineral surface and that part of the 
solvation shell not lost during adsorption. 
There is no evidence of Cd-Cd interactions in data from any of the adsorption 
samples. This indicates that cadmium did not sorb via the precipitation of an 
ordered crystalline phase such as Cd(OH)2(s) or CdCO3(s). Indeed, the omnipresent 
nature of the iron shell(s) suggests that the majority of cadmium sorbed by direct 
83 
Chapter 3 
(inner sphere) bonding to the mineral surface. These results are in general 
agreement with an earlier EXAFS-based study of cadmium sorption on goethite and 
hydrous ferric oxide by Spadini et al. (1994). However, it should be noted that a 
minor fraction of cadmium may have sorbed as a poorly ordered precipitate that was 
not detected. This possibility arises because a high degree of structural disorder can 
make atom-atom interactions (such as Cd-Cd) very hard to resolve with EXAFS. 
3.4 ADSORPTION OF CADMIUM ON GOETHITE 
3.4.1 Crystallography and surface chemistry of goethite 
Because of its ubiquitous and highly crystalline nature, goethite is the most 
comprehensively characterised iron oxyhydroxide. It consists of double bands of 
edge-sharing Fe03(OH)3 octahedra linked to form 2x1 octahedral 'tunnels' which 
are crossed by hydrogen bonds (Schwertmann and Cornell, 1991). Early work 
suggested that the (100), (110), (010), and (001) crystal faces (referred space group 
Pnma) were dominant (Cornell et al., 1974). However, it has more recently been 
shown that the (110) surfaces running parallel to the long axis of the laths are 
dominant whilst the chain terminations are bounded by the much smaller (021) 
surfaces (Fig. 3.2a). This is true of both natural and synthetic goethites (Smith and 
Eggleton, 1983; Schwertmann, 1984; Mann et al., 1985; Amouric et al., 1986; 








Fig. 3.2. Morphology of (a) goethite, (b) lepidocrocite and (c) akaganeite 
crystallites. Diagrams not to scale. 
Infrared studies suggest that the amphoteric goethite surface is populated by 
three types of non-equal surface hydroxyl groups that are coordinated to either one, 
two, or three terminal iron atoms (e. g. Russell et al., 1974; Parfitt et al., 1975; 
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Russell et al., 1975; Parfitt and Russell, 1977). These are termed A-, C-, and B-type 
hydroxyls, respectively. They are present on all crystallographic faces parallel to the 
long axis of the crystallites, and each type of hydroxyl group has a markedly 
different acidity and reactivity towards adsorbates (Parfitt et al., 1975). The A-type 
hydroxyls are believed to be the most reactive as their oxygen atoms exhibit the 
lowest coordination number (Parfitt et al., 1977). They appear to be reactive surface 
sites that are capable of undergoing protonation-deprotonation reactions and 
complexing ions from solution. C-type hydroxyls were occasionally invoked by 
early workers as being sites for hydrogen bonding of anions (e. g. Parfitt et al., 1975; 
Russell et al., 1975), but have more recently been shown to be zero charged and 
essentially inert over a wide pH range (Hiemstra et al., 1989a, b). The B-type 
hydroxyls are also thought to be inert (Parfitt et al., 1977; Spadini et al., 1994). 
3.4.2 Results of ab initio modelling of cadmium surface complexes on goethite 
Ab initio Density Functional Theory (DFT) calculations are restricted to 
cadmium adsorption on goethite. This is because my most comprehensive EXAFS 
data set relates to the cadmium-goethite system and because goethite is a highly 
characterised and commonly used sorbent. Additionally, this modelling approach is 
novel and the work presented here amounts to a thorough test of its applicability 
with a good EXAFS data set. Although the ab initio modelling approach can be 
applied to other sorbent - sorbate systems, the results are not transferable between 
clusters with different geometries or compositions. 
Based on likely mechanisms of cadmium adsorption on the goethite surface, 
the geometry and total static energy of formation of the following molecular clusters 
was determined: Double corner sharing; single corner sharing; double edge sharing; 
single edge sharing. The first two offer insight into the structure of cadmium surface 
complexes on the (110) and (100) surfaces whilst the latter two relate to adsorption 





(E = -481 kJ mol 1) E=-309kJmolI E=-115kJmoiI 
Cd-O = 2.22 A 
Cd-Fe = 3.76 A 
Cd-O = 2.22 A Cd-O(av) = 2.22 A Cd-O = 2.22 A 
Cd-Fe = 3.52 A Cd-Fe(1) = 2.87 A Cd-Fe = 3.17 A 
Cd-Fe(2) = 3.34 A 
Double corner Single corner Double edge Single edge 
Fig. 3.3. Optimised geometries and relative total energies of' formation for Density 
Functional Theory-optimised clusters representing cadmium adsorption complexes 
on goethite. The general cluster formula is [(1-l2O)SCdFe2(O)(OH)6(OI-12)z](r 
(hydrogen atoms not shown): a) double corner sharing with two A-type hydroxyls; 
h) single corner sharing with one C-type hydroxyl (both mechanisms possible on 
(I 10) and (100) faces); c) double edge sharing; d) single edge sharing (both 
mechanisms possible on (021) chain terminations). Note that the energy of the 
single corner sharing cluster is not reliable because there is strong interaction 
between the cadmium aquo ion and the singly coordinated hydroxyls of the goethite 
cluster - see text for details. 
The molecular clusters and calculation results are shown in Fig. 3.3. As the 
polyhedral approach suggests, edge sharing relationships are characterised by 
significantly shorter Cd-Fe distances (<_ 3.34 A) than corner sharing relationships (>_ 
3.52 A). However, the Cd-Fe distance observed in the single corner sharing cluster 
(3.52 A) is also considerably shorter than that in the double corner sharing cluster 
(3.76 A). The polyhedral approach would not predict such a large difference in Cd- 
Fe distance for linking mechanisms that are outwardly similar; indeed, single- and 
double corner sharing relationships in the goethite bulk structure do result in 
identical Fe-Fe distances. This finding underlines the utility of the ab initio 
approach in predicting the true geometry of small molecular clusters. Previously, 
predictions of surface complex geometry have relied on information derived from 
the bulk structure of suitable reference compounds. The ab initio approach is free 
of such constraints. 
The relative total free energies of formation suggest the following order of 
increasing cluster stability: double corner (0 kJ mold) < single edge (-115 kJ mold) 
< double edge (-309 kJ mol- H ). This ranking supports the widely held belief that 
edge sharing adsorption is more energetically favourable than corner sharing 
adsorption (e. g. Dzombak and Morel, 1990; Spadini et al., 1994). It also suggests 
that edge- and corner sharing sites are the 'strong' (high affinity) and 'weak' (low 
affinity) sites, respectively, in the 'strong site - weak site' approach of Dzombak and 
Morel's diffuse-layer surface complexation model (1990). Note that the energy of 
the single corner sharing cluster is not reliable because there is strong interaction 
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between the cadmium aquo ion and the singly coordinated hydroxyls of the goethite 
cluster (Fig. 3.3). Whilst this situation does not arise at the goethite surface, it does 
result in the prediction of an artificially low energy value for this cluster. I do not 
think that the predicted geometry of the single corner sharing cluster is significantly 
effected by this phenomenon. 
3.4.3 EXAFS results and general discussion for cadmium adsorption on 
goethite 
The EXAFS results for the wet paste goethite adsorption samples covering a 
range of surface loading and pH conditions are shown in Fig. 3.4 and summarised in 
Table 3.2. In all cases, a shell of approximately six oxygen atoms is observed at a 
Cd-O distance of 2.24-2.26 A, and a shell containing between 1.1 and 1.8 iron atoms 
is present between 3.75 and 3.80 A from the central cadmium atom. Note that any 
observed mismatch between theory and experiment in the FT plots arises because the 
position of the experimental iron peak is not corrected for phase-shift effects, and 
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Fig. 3.4. EXAFS (a) and FT (b) plots of cadmium adsorbed on goethite. SL stands 
for surface loading. The general EXAFS result of six oxygen atoms at 2.24 - 2.26 
A 
and -1.5 iron atoms at -3.77 
A does not change as a function of pH or surface 
loading. Note that the position of the second peak in the FT plots has not been 
corrected for phase-shift effects; any apparent mismatch between theory and 
experiment for the iron FT peak is an artefact of this. The schematic diagrams show 
a cadmium aquo complex undergoing monodentate single corner sharing adsorption 
with a C-type hydroxyl (left) and hidentate double corner sharing adsorption with 
two A-type hydroxyls (right). 
The structure of the adsorption complexes does not alter significantly as it 
function of pH or surface loading. All observed variation in Cd-O and Cd-Fe 
distances between samples is very close to the widely accepted experimental error 
value of ± 0.02 A (e. g. Brown et al., 1995). The range of iron coordination numbers 
is quite large, but the samples are not significantly different from each other in this 
respect because the uncertainty on EXAFS-derived coordination numbers is ± 1. 
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The observed average Cd-Fe distance of -3.77 
A. and iron coordination 
numbers (1.1-1.8) are consistent with corner- rather than edge sharing adsorption. 
Furthermore, there is excellent agreement between the EXAFS results and the 
predicted geometry of the double corner sharing cluster (Cd-O = 2.22 A, Cd-Fe = 
3.76 A; Fig. 3.3). This strongly suggests that cadmium adsorption on goethite 
occurs via double corner sharing with two A-type hydroxyls. Suitable adsorption 
sites exist on the dominant (110) and much smaller or absent (I00) faces of goethite 
(Fig. 3.5). The possibility of cadmium adsorbing via single corner sharing with one 
C-type hydroxyl (Fig. 3.5) can be discounted because the EXAFS data are not in 
agreement with the predicted geometry of the single corner sharing cluster (Cd-O = 
0 2.22 A, Cd-Fe = 3.52 A; Fig. 3.3). This result is consistent with the supposed low 
reactivity of the C-type hydroxyls relative to the A-type hydroxyls (Hiemstra et al., 
1989a, b). 
Corner sharing on (100) (Cd-Fe = -3.77 A) 
D 
Edge sharing on (021) 
(Cd-Fe = -3.3 A) 
Corner sharing on (010) 
(Cd-Fe = -3.77 A) 
DC 
Corner sharing on (110) 








Fig. 3.5. Cadmium adsorbed on goethite has -1.5 iron nearest neighbours at -3.77 
A, suggesting adsorption via a corner sharing mechanism. Agreement between 
EXAFS data and the optimised geometry of appropriate molecular clusters suggests 
that this occurs by bidentate double corner (DC) sharing with singly coordinated A- 
type hydroxyls rather than monodentate single corner (SC) sharing with a C-type 
hydroxyl. There is no evidence for edge sharing adsorption (SE and DE) on the 
(02 1) faces; note that these surfaces comprise -2 % of the total mineral surface area. 
It has previously been suggested that the most favourable sites for cadmium 
adsorption on goethite are the edge sharing sites which are found on (021) faces at 
the crystal chain terminations (Spadini et al., 1994). Cadmium is expected to favour 
adsorption on the (021) faces because they are the dominant crystal growth sites and 
therefore the most reactive crystal surfaces. It is likely that cadmium adsorption on 
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(021) faces would occur via a double edge sharing mechanism (Fig. 3.5). Ab initio 
calculations confirm that surface complexes formed in this way are indeed highly 
stable (Fig. 3.3). 
Spadini et al. (1994) suggest that cadmium adsorption at the edge sharing 
sites can only be observed by EXAFS at low cadmium surface loadings. This is 
because the (021) faces comprise only a small fraction of the total crystal surface 
area; I estimate -2 % from the morphology of goethite used in this study. Ab 
initio calculations predict short Cd-Fe distances for the single- (Cd-Fe = 3.17 A) and 
double (Cd-Fe = 2.87 A and 3.34 A) edge sharing clusters (Fig. 3.3). Such short Cd- 
Fe distances are not observed in the EXAFS data for cadmium on goethite, even 
when surface loading is as low as 24 %. It is thus clear that an extremely small 
fraction of total cadmium adsorption occurs at the edge sharing sites. 
The (010) faces may contribute to the surface area of the goethite crystals, 
although they must be small since they were not observed during the electron 
diffraction characterisation of the material used in this study. Cadmium adsorption 
on the (010) surface would be expected to occur via a triple corner sharing (TC) 
mechanism, resulting in a maximum iron coordination number of four (Fig. 3.5). 
The observed iron coordination numbers (1.1 - 1.8) are too low to be consistent with 
this, suggesting that little or no adsorption occurred on the (010) face. 
During previous EXAFS studies of metal adsorption on mineral surfaces, 
some workers have preserved adsorption samples by drying (usually freeze drying) 
prior to analysis. It is possible that such treatment may induce artificial changes in 
the structure of adsorption complexes. To test this hypothesis, one sample (43- 
S(dry)) was air-dried prior to analysis. No quantifiable difference was found 
between the EXAFS results from this sample and the others which were analysed as 
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Fig. 3.6. EXAFS (a) and FT (b) plots of cadmium adsorption on goethite as a wet 
paste (61-S) and as a dry powder (43-S(dry)). SL stands for surface loading. It can 
be seen that drying does not significantly alter the general EXAFS result for 
cadmium adsorption on goethite. Note that the position of the second peak in the FT 
plots has not been corrected for phase-shift effects; any apparent mismatch between 
theory and experiment for the iron FT peak is an artefact of this. 
3.5 ADSORPTION OF CADMIUM ON LEPIDOCROCITE 
3.5.1 Crystallography and surface chemistry of lepidocrocite 
The lepidocrocite crystal structure is dominated by (010) basal planes parallel 
to the constituent layers, with smaller (100) planes along the length of the 
crystallites, and (001) chain terminations (Fig. 3.2b) (e. g. Lewis and Farmer, 1986; 
Zhang et al. 1992). The (010) plane is populated by a single type of hydroxyl which 
is coordinated to two terminal iron atoms (Lewis and Farmer, 1986). These are 
analogous to C-type hydroxyls at the goethite surface. Consistent with the low 
reactivity of goethite C-type hydroxyls (Parfitt et al., 1975), the doubly coordinated 
hydroxyls on the lepidocrocite (010) surface were found to be unreactive towards 
phosphate (Lewis and Farmer, 1986) and various organic molecules (Bromley et al., 
1994). The (100) planes along the sides of the crystallites are populated by triply 
coordinated oxide ions carrying an excess negative charge of -0.5 (analogous to B- 
type hydroxyls on goethite), and singly coordinated oxide ions carrying a charge of 
-1.5 (analogous to A-type hydroxyls on goethite) (Lewis and Farmer, 1986). The 
triply coordinated oxide ions are also unreactive to phosphate, whereas the singly 
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coordinated oxide ions have been invoked as reactive sites which participate in 
lepidocrocite dissolution (Cornell and Giovanoli, 1988). In their investigation of H+, 
Fee+, and A13+ adsorption on lepidocrocite, Zhang et al. (1992) proposed that both 
Fe2+ and A13+ adsorbed at singly coordinated oxide/hydroxide sites. Although they 
did not suggest where these might be, it seems likely that the sites in question were 
located on the (100) surface (c. f., Lewis and Farmer, 1986). 
3.5.2 EXAFS results and general discussion for cadmium adsorption on 
lepidocrocite 
The EXAFS results for cadmium adsorbed on lepidocrocite over a range of 
surface loading and pH conditions are shown in Fig. 3.7 and summarised in Table 
3.2. A first shell with approximately six oxygen atoms is present at a Cd-O distance 
of 2.25 - 2.26 
A, and there is statistical support for only one other atomic shell which 
contains 1.1 to 1.5 iron atoms (Table 3.2). In this case however, the iron shell is at a 
Cd-Fe distance of 3.26 - 3.30 
A rather than the 3.75 - 3.80 
A observed for goethite 
samples; the -3.28 A Cd-Fe distance is characteristic of edge sharing adsorption. 
Note that any observed mismatch between theory and experiment in the FT plots 
arises because the position of the experimental iron peak is not corrected for phase- 
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Fig. 3.7. EXAFS (a) and FT (h) plots of cadmium adsorption on lepidocrocite. SL 
stands for surface loading. The first peak in the FT plot represents the octahedral 
shell of oxygen atoms around adsorbed cadmium. Although two additional peaks 
within 4A can he seen in the FT plots, there is only statistical support for one 
additional atomic shell containing 1.1 - 1.5 iron atones at - 3.3 
A. This Cd-Fe 
distance is characteristic of inner sphere adsorption via an edge sharing mechanism. 
Note that the position of the second peak in the FT plots has not been corrected for 
phase-shift effects; any apparent mismatch between theory and experiment for the 
iron FT peak is an artefact of this. The schematic diagrams show a cadmium aquo 
complex undergoing triple edge- (TE, left) and single edge- (SE, right) adsorption; 
the small darkly coloured balls represent cadmium in these diagrams. 
It is noteworthy that another peak is present at 3.7 - 3.9 
A in the FT plots 
(Fig. 3.7b), and that its location is suggestive of a corner sharing iron shell. An 
attempt was made to insert a shell containing 2 iron atoms at 3.8 A, but Joyner 
statistical tests (Joyner et al., 1987) provided no support for its presence. However, 
the sine transform (theory) and sine transform (experiment) curves as well as the 
Fourier transform (theory) and Fourier transform (experiment) curves from the 
EXAFS data (not shown) are in phase for the 3.7 - 3.9 
A peak in these samples. This 
can be taken as qualitative evidence that this peak is real, but that the level of noise 
in the data prevents its unambiguous identification. Changes in pH (6.0 - 7.0) and 
surface loading (27 %- 45 %) have no significant effect on the EXAFS results. 
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Edge sharing on (001) 








Corner sharing on (100) 
(Cd-Fe = -3.8 A) 
Fig. 3.8. Interpretation of cadmium adsorption on Icpidocrocite. EXAFS results 
show that adsorption occurs via an edge sharing mechanism(s), whereas there is no 
statistical support for corner sharing adsorption (DC). Suitable edge sharing sites for 
single edge (SE) and triple edge (TE) adsorption are found at the crystal ends. 
It is clear from Fig. 3.8 that edge sharing adsorption of cadmium can only 
occur at the ends of the lepidocrocite crystallites. Likely mechanisms are bidentate 
single edge (SE) sharing or triple edge (TE) sharing with coordination to four surface 
hydroxyl groups. These result in maximum possible iron coordination numbers of 
one and three, respectively. The observed iron coordination numbers (1. I-1.5) 
suggest that adsorption occurs via a mixture of the two mechanisms. It is not 
possible to estimate the contribution of each because of the ±I uncertainty 
associated with the coordination number values. 
If corner sharing adsorption does occur at the lepidocrocite surface, it is most 
likely to take place on the (100) surfaces by double corner sharing between two 
singly coordinated oxide ions (Fig. 3.8). This mechanism is analogous to that 
proposed on the (110) and (100) surfaces of goethite. However, the fact that 
adsorption occurs preferentially at the edge sharing sites supports the idea that the 
edge- and corner sharing sites are the 'strong' and 'weak' sites of cadmium 
adsorption, respectively (c. f., Dzmobak and Morel, 1990). 
The analysis of a lepidocrocite sample that was prepared in the absence of a 
swamping background electrolyte (47-S) confirmed that cadmium was inner 
spherically bound as there is no significant difference in the Cd-Fe distance observed 
in this sample relative to that from samples which were prepared with a 0.1 M 
background electrolyte (Fig. 3.7). 
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3.6. CADMIUM ADSORPTION ON AKAGANEITE AND 
SCHWERTMANNITE 
3.6.1 Crystallography and surface chemistry of akaganeite 
Akaganeite is isostructural with hollandite (Bernal et al., 1959; Keller, 1970). 
The crystallites are elongate and cigar-shaped (Fig. 3.2c), with -5.0 A diameter 
tunnels which are occupied by Cl- ions running parallel to the needle axis (Post and 
Buchwald, 1991). The interfacial chemistry of akaganeite has not been studied 
extensively, but the heterogeneous nature of the mineral surface and the possible 
existence of several types of adsorption site with different binding energies have 
been reported (Kanungo, 1994a, b). It has also been suggested that trace metal 
sorption occurs on this mineral via relatively weak monodentate complexation or 
adsorption of hydrolytic species (MOH+) in the ß-plane, and that adsorption may 
even occur via an outer sphere mechanism (Kanungo, 1994a, b). Bidentate surface 
complexes (Fe-(O, OH))2-M were discounted because adsorption isotherms could not 
be adequately modelled when they were considered (Kanungo, 1994a, b). The 
results of Kanungo (1994a, b) were based on macroscopic observations with no 
consideration of bulk or surface crystal chemistry, and no attempt was made to 
identify the oxide or hydroxide groups which might be responsible for sorption. 
3.6.2 Crystallography of schwertmannite 
Schwertmannite is thought to be structurally similar to akaganeite, the main 
difference being the occupation of tunnel sites by S042- instead of Cl- (Schwertmann 
and Cornell, 1991). This requires significant distortion of the unit cell, which results 
in poor crystal growth parallel to the needle axis and a characteristic spherical- 
ellipsoid morphology (Bigham et al., 1994). The authors are not aware of any 
investigations of the surface chemistry of schwertmannite or its ability to sorb 
cations. 
3.6.3 EXAFS results and general discussion for cadmium adsorption on 
akaganeite and schwertmannite 
Experimental conditions for cadmium adsorption on akaganeite (pH 8.0) and 
schwertmannite (pH 6.5) are given in Table 3.1. EXAFS results for these samples 
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are shown in Fig. 3.9 and summarised in Table 3.2. Note that any observed 
mismatch between theory and experiment in the FT plots arises because the position 
of the experimental iron peak is not corrected for phase-shift effects, and does not 
imply a poor fit. This point is elaborated upon in section 3.3. 
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Fig. 3.9. EXAFS (a) and FT (b) plots for cadmium adsorption on akaganeite (20-bS) 
and schwertmannite (50-S). SL stands for surface loading. Because of ambiguity in 
the location of the iron coordination shell, all that can be concluded with certainty 
from these results is that cadmium adsorbs to akaganeite and schwertmannite via an 
inner sphere mechanism. The Cd-Fe separation would be >4A if it were outer 
spherically bound. Note that the position of the second peak in the FT plots has not 
been corrected for phase-shift effects; any apparent mismatch between theory and 
experiment for the iron FT peak is an artefact of this. 
For both akaganeite and schwertmannite, the first shell at 2.28 A contains 
approximately six oxygen atoms. The FT plots suggest the presence of additional 
atomic shell(s) between 3.2 and 4.0 A from the central cadmium atom. Joyner 
statistical tests (Joyner et al., 1987) show that the inclusion of a 3.3 A (edge sharing) 
iron shell in the cadmium on akaganeite sample is justified at the 99 % level of 
confidence. However, the resulting match between theory and experiment in the FT 
plot is extremely poor, suggesting that this conclusion may not be entirely valid. An 
almost identical model describes the cadmium on schwertmannite sample, but there 
is no statistical support for the presence of the iron shell. However, the sine 
transform (theory) and sine transform (experiment) curves as well as the Fourier 
transform (theory) and Fourier transform (experiment) curves are in phase for the 3.3 
A peak in the schwertmannite sample. This can be taken as qualitative evidence that 
the 3.3 A peak is real (Mosselmans, pers. comm. ). The lack of statistical support for 
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the 3.3 A iron shell may thus be a result of the poor experimental data quality for this 
sample, and this shell is only speculatively included in Table 3.2. The similarity in 
the results for akaganeite and schwertmannite is notable, and is consistent with the 
supposed structural similarity between these two minerals. Despite the ambiguity in 
the EXAFS results, it can be concluded that cadmium adsorbs to akaganeite and 
schwertmannite via an inner sphere mechanism. However, the exact mechanism of 
adsorption and the type of surface species involved is difficult to determine. These 
results are in contrast to cadmium sorption on cryptomelane, a manganese- oxide 
isostructural with both hollandite (Post et al., 1982) and akaganeite. Cryptomelane 
has been shown to sorb Cd2+ via ion exchange with H+ at sites within its structural 
tunnels at low pH (2) (Chapter 4; Randall et al., 1998). 
3.7 IMPLICATIONS OF RESULTS FROM EXAFS AND QUANTUM 
MECHANICAL MODELLING FOR SURFACE COMPLEXATION 
MODELS 
The results presented here suggest that a single type of corner sharing surface 
complex is responsible for the vast majority of cadmium adsorption on goethite over 
the studied surface loading and pH ranges. A similar result follows for 
lepidocrocite, but the surface complex(es) responsible for the adsorption are of the 
edge sharing variety. This finding can be used to constrain surface complexation 
modelling of cadmium adsorption on these minerals to just one type of sorption 
complex. This assertion is supported by a recent study of the sorption of low 
concentration (_ 10-6 M) lead, cadmium, zinc and copper onto goethite, which found 
no support for the existence of 'high affinity' surface sites (Palmqvist et al., 1997). 
Indeed, Ainsworth et al. (1994) required only the optimised surface complexation 
constant for the 'low affinity' site rather than constants for both the 'low' and 'high' 
affinity sites to most effectively model cadmium, cobalt and lead adsorption by fresh 
hydrous ferric oxide (HFO) using Dzombak and Morel's (1990) diffuse-layer model. 
The surface complexation constant for the reaction proposed by Ainsworth et al. 
(1994) is: 
FeWOHO + Cd2+ 14 FeWOCd++ H+; log KZ"` = -1.82 
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Gunneriusson (1994) was also able to model cadmium adsorption on goethite 
assuming just one type of active surface site, although more than one type of surface 
complex was required to fit the data. The resulting surface complexation constants, 
evaluated according to the electrostatic constant capacitance model, are: 
=FeOH + Cd2+ H =FeOHCd2+; log ßö,,,,. o(int) = 6.43 ± 0.05 
(this value was revised to 5.4 by Palmqvist et al. (1997)) 
=FeOH + Cd2+ t--> -FeOCd+ + H+; log /3',, l.,, o(int) = -2.22 ± 0.05 
The similarity of the stability constants derived for the deprotonated surface 
complex on HFO (Ainsworth et al., 1994) and goethite (Gunneriusson, 1994), 
suggests that cadmium adsorbs to these minerals via very similar surface 
complexation reactions. This would be consistent with the short range structural 
similarities between HFO and goethite (Charlet and Manceau, 1993). Note that 
these values are in contrast to those proposed for cadmium adsorption on HFO by 
Dzombak and Morel (1990), whose diffuse-layer model supports the presence of two 
surface sites with distinctly different reactivities: 
FestrongOHO + Cd2+ H FestrongOCd++ H+; log K, "` = 0.47 
FeweakOHO + Cd2+ H FeWeakOCd++ H+; log KZ"` _ -2.90 
Thus, there is a lack of evidence for more than one adsorption site on 
goethite in both the EXAFS data presented here and the macroscopic observations of 
other workers. Consequently, I propose that the surface complexation constants 
describing single site adsorption are more accurate than those describing adsorption 
to two sites of differing affinity. 
The use of a single type of adsorption mechanism is likely to become 
increasingly valid under conditions of competitive adsorption, since such conditions 
may prevent cadmium from occupying the most favourable sites at the iron 
oxyhydroxide surface. For instance, the presence of major groundwater/seawater 
ions in solution has been shown to significantly reduce the adsorption of cadmium 
and other heavy metals (e. g. Balistrieri and Murray, 1982; Cowan et al., 1991; 
Petersen et al., 1993; Naidu et al., 1994, Davis and Upadhyaya, 1996), and only a 
fraction of goethite surface sites are calculated to be 'free' in lakewater and seawater 
(Sigg and Stumm, 1980; Balistrieri and Murray, 1981). Furthermore, Kinniburgh et 
al. (1976) have shown that lead, copper, zinc and nickel all adsorb on ferrihydrite 
more strongly than cadmium. I propose that the EXAFS results reported here for 
samples with >_ 24 % surface loading are highly applicable to understanding 
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cadmium adsorption in the presence of major groundwater ions and other heavy 
metals. 
It is thought that the effects of competitive adsorption are best predicted with 
the use of constants derived from single element adsorption experiments rather than 
those derived from experiments where there is active competition (Cowan et al., 
1991). Consequently, surface complexation constants for the competitive adsorption 
of cadmium with other ions are not presented. 
The results for akaganeite and schwertmannite demonstrate that cadmium 
adsorbs to these minerals via inner sphere mechanism(s). However, these results are 
less definitive than those for goethite and lepidocrocite. 
3.8 CONCLUSIONS 
The EXAFS data presented in this paper show that cadmium adsorbs to 
goethite predominantly via a corner sharing mechanism at 'low affinity' sites on the 
dominant (110) surface. Density functional theory (DFT) calculations and 
consideration of the likely relative surface hydroxyl group reactivities strongly 
suggest that this adsorption is achieved by corner sharing with two A-type hydroxyls 
rather than one C-type hydroxyl. The EXAFS data provide no evidence for the edge 
sharing adsorption which previous studies and my quantum mechanical modelling 
indicate to be energetically favourable over corner sharing adsorption. I suggest that 
the goethite morphology precludes significant cadmium adsorption at edge sharing 
sites because these are only present on the crystal ends which are estimated to 
comprise only -2 % of the total surface area. Consequently, it seems likely that 
cadmium adsorption on goethite could be adequately modelled by assuming that 
bonding occurs only by bidentate corner sharing adsorption. This will be especially 
true under conditions of moderate to high cadmium surface loading and/or when 
other competing ions are present in solution. I suggest that the single site surface 
complexation constants reported by Gunneriusson (1994) and partially revised by 
Palmqvist et al. (1997) are currently the most reliable for describing cadmium 
adsorption on goethite: 
=FeOH + Cd2+ H =FeOHCd2+; log ßö,,,,. 0(int) = 5.4 
=FeOH + Cd2+ H -FeOCd+ + H+; log /3'1.,, 1,0 (int) _ -2.22 ± 0.05 
By contrast, edge sharing mechanism(s) are responsible for the majority of 
cadmium adsorption on lepidocrocite. This mineral has a far greater proportion of 
edge sharing sites than goethite, and this result confirms the notion that cadmium is 
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preferentially adsorbed at 'high affinity' edge sharing- rather than 'low affinity' corner 
sharing sites at the surface of iron oxyhydroxide minerals. The overall mechanism 
of cadmium adsorption on goethite and lepidocrocite appears to be insensitive to 
changes in pH and surface loading. 
Finally, it has been shown that akaganeite and schwertmannite are capable of 
sorbing significant amounts of cadmium from solution. Whilst it can be said that 
this adsorption occurs via inner sphere bonding, it has not been possible to 
unambiguously assign definite adsorption mechanism(s). 
The results presented here will assist the modelling of cadmium sorption data 
and consequently result in improved accuracy of the related thermodynamic data. 
This should increase our ability to predict and understand the risks posed by 
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An EXAFS Investigation of Cadmium Sorption on 
Cryptomelane (KMn8O16) 
4.1 INTRODUCTION 
Cadmium is a toxic heavy metal which has become a significant contaminant 
in many soils and aquifers. Its mobility in the environment is known to be strongly 
inhibited by sorption on Fe and Mn (hydr)oxides (e. g., Krauskopf, 1956; Singh and 
Subramian, 1984; Shiller and Boyle, 1987). Mn oxide minerals exist in many 
different forms in nature, ranging from the sheet structures of birnessite and buserite 
to the tunnel structures of hollandite and todorokite (Potter and Rossman, 1979; 
Golden et al., 1987; Manceau and Combes, 1988). Interconversions between the 
different forms are possible, providing an important feature of this class of 
compound (Giovanoli, 1976). Mn oxides are often associated with large amounts of 
iron. They occur widely as poorly crystalline dark brown to black segregations on 
the surfaces of solid particles, in cracks or veins, or in the form of nodules 
(Greenland and Hayes, 1983). Although they usually comprise only a minor 
constituent of the bulk, they can have a considerable effect on some soil properties 
(McKenzie, 1972) because they have large reactive surface areas and participate in 
both adsorption (e. g. Gadde and Laitinen, 1974) and ion exchange (e. g. Golden et 
al., 1986) reactions. Mn oxides tend to have lower pH of zero point of charge 
(pHzpc) values (-pH 2- 4) than iron (hydr)oxide minerals (-pH 6- 9) (Healey et al., 
1966; McKenzie, 1981), and are consequently capable of adsorbing cations under 
relatively low pH conditions (Gadde and Laitinen, 1974; McKenzie, 1989). Many 
trace metals (Ni, Mo, Cr, Co, V, Cu and Zn) in soils are known to be strongly 
associated with Mn oxides (Burns, 1976; Crowther et al., 1983), and thus these 
minerals are clearly important in the regulation of soil toxicity and the bioavailability 
of essential nutrients (Adams et al., 1969). The minerals themselves can be an 
important source of nutrient Mn, but can also contribute to Mn toxicity in many 
plants under waterlogged or extremely acidic conditions (Golden et al., 1986). 
In an extensive survey Chukhrov and Gorshkov (1981) found that the most 
commonly occurring Mn mineral in soil profiles was vernadite (8-Mn02), followed 
by birnessite ((Na, Ca, K)Mn7014"3H20), cryptomelane, (KMn8016), todorokite, 
((Ca, Na, K)(Mg, Mn2+)Mn5O12-xH2O) and hausmannite (Mn304). Cryptomelane is 
known to be the major Mn oxide in certain lateritic weathering profiles (Parc et al., 
1989; Ostwald, 1992; Vasconcelos et al., 1994; Ruffet et al., 1996), where it 
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commonly forms by authigenic precipitation (Vasconcelos et al., 1994). The 
presence of cryptomelane is documented in weathered ultramafic rocks (Llorca and 
Monchoux, 1991). It has also been identified as an important vein and/or fracture- 
lining Mn mineral in volcanic tuffs (such as that at the proposed Yucca Mountain 
high-level nuclear waste repository) (Carlos et al., 1993), in rocks surrounding 
granites (Nakashima and Imaoka, 1991), and in fault zones and related karsts in 
marbles (Nimfopoulos and Pattrick, 1991). The K-bearing nature of Mn oxides such 
as cryptomelane has been exploited in dating the progression of oxidation fronts 
during weathering and pedogenic processes using K-Ar and 40Ar/39Ar dating 
methods (Vasconcelos et al., 1992,1994; Lippolt and Hautmann, 1995; Dammer et 
al., 1996; Ruffet et al., 1996; Henocque et al., 1997). 
Cryptomelane has the hollandite structure (see below), in which there are 
-4.6 A tunnels (Vicat et al., 1986). In natural cryptomelane the tunnel sites are 
occupied primarily by K+, although variable amounts of other cations (commonly 
Sr2+, Ba2+, Na+, Pb2+) and water are also present (Post et al., 1982). The tunnel sites 
in isomorphous minerals are primarily occupied by Ba2+ (hollandite), and Pb2+ or 
Na+ (coronadite and manjiroite, respectively) (Post et al., 1982). 
A number of studies have been performed to investigate the sorption of alkali 
and alkaline earth cations (Tsuji and Abe, 1985; Tsuji and Komarneni, 1993b; Feng 
et al., 1995) and transition metals (McKenzie, 1970,1980; Tsuji and Komarneni, 
1993a) on cryptomelane. However, with the exception of McKenzie (1971,1980), 
these studies have all utilised the H+-form of cryptomelane (generated by washing 
the K+-form with nitric acid) since it has a higher exchange capacity than the K+ 
form. The results from the alkali and alkaline earth studies show charge balancing 
ion exchange of metals for H+ (Tsuji and Abe, 1985) and changes in the 
cryptomelane lattice parameters (Tsuji and Komarneni, 1993b; Feng et al., 1995) 
that are consistent with ion exchange within the tunnels. This ion exchange displays 
a selectivity for cations with an effective ionic radius of -1.4 A (Tsuji and Abe, 
1985; Tsuji and Komarneni, 1993a; Feng et al., 1995). Such selectivity has been 
invoked by Tsuji and Komarneni (1993a) as evidence that several divalent transition 
metal ions (Pb, Mn, Co, Cu, Hg, Cd, Zn, Ni) are sorbed within the tunnels of H+- 
cryptomelane (via charge balancing ion exchange with H+). The selective ion 
exchange properties of cryptomelane have proved useful, and the application of this 
material as an ionic sieve has been demonstrated by several workers (Tsuji and Abe, 
1985; Bilewicz and Fuks, 1993; Elabsy et al., 1993; Elnaggar et al., 1993; Tsuji and 
Komarneni, 1993a). The sorption of Co2+ from seawater and tapwater onto H+- 
cryptomelane is shown to result in a drop in supernate pH (Tsuji and Komarneni, 
1993a), whilst sorption of Cu on the K+-cryptomelane (McKenzie, 1970) is reported 
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to lead to an initial release of K to solution (although the majority of this is 
subsequently readsorbed). 
The aim of this study was to investigate the interaction of aqueous Cd2+ with 
the K+ form of cryptomelane. I found that this mineral was able to sorb up to two 
thirds of the available Cd2+ from solution at pH as low as 2.0. The uptake of such a 
large amount of Cd2+ at very low pH was unexpected, given the fact that the pHzpc 
of this material is reported to be 4.5 ± 0.5 (Healey et al., 1966). I felt that Cd2+ 
sorption by ion exchange at tunnel sites rather than adsorption on the amphoteric 
external surface of cryptomelane might explain some of this unexpected sorption 
capacity. Extended X-ray Absorption Fine Structure (EXAFS) spectroscopy was 
used to determine the local coordination environment of sorbed Cd, and thus identify 
its location and speciation on or within the cryptomelane structure. EXAFS has 
previously been successfully applied to the determination of metal coordination in 
other Mn minerals (e. g., Manceau et al., 1987,1990,1992). However, it has never 
before been used to identify the location of metals sorbed onto a mineral with the 
hollandite structure. The results presented here clarify the mechanism by which 
cryptomelane sorbs Cd at low pH, and have implications for the mobility of Cd in 
the environment and for the use of cryptomelane in K-Ar dating techniques. 
4.2 THE STRUCTURE OF CRYPTOMELANE 
The hollandite type structure was first solved by Byström and Byström 
(1950), and has subsequently been further refined by a number of workers (Cadge 
and Verschoor, 1978; Sinclair et al., 1980; Post et al., 1982; Miura, 1986; Vicat et 
al., 1986; Manceau and Combes, 1988; Rossouw et al., 1992). It consists of double 
chains of edge-sharing Mn06 octahedra that share corners with each other (Fig. 
4.1a). This results in a framework structure containing -4.6 A tunnels. These are 
parallel to the c-axis of the unit cell (referred to tetragonal space group I4/m) (Post 
et al., 1982; Vicat et al., 1986). 
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Fig. 4.1. The cryptomelane structure contains -4.6 
A tunnels running parallel to the 
crystallographic c-axis (a). The A type cation K+ (r;,,,,; C = 1.38 
A) is large enough to 
reside in the ideal tunnel cation position (special position 2a (0,0,0)) where it 
coordinates with eight equidistant 02 ions (b). The smaller Cd2+ ion (ri,,,, ic = 0.95 
A) has to displace along the c-axis and towards the tunnel walls to achieve its ideal 
Cd-O separation and the Cd-Mn separation derived from the EXAFS results. 
Externally adsorbed Cd (unshaded octahedra in (a)) can only coordinate with I to 2 
MnO6 octahedra (shaded), whilst that in the tunnels can coordinate with up to eight 
Mn atoms (b). Note that (a) and (b) are to the same scale with the exception of the 
tunnel cations, which are not to scale in (a). 
Synthetic Mn oxides with the hollandite structure have the general formula 
AO-2( Mn-t+, Mn3+)8O 16 (Post and Burnham, 1986). The Mn cations are in octahedral 
coordination with oxygen, and form the framework of the mineral, whilst the mono- 
or divalent A cations (K+ alone in synthetic cryptomelane) occupy the tunnel 
positions (Post and Burnham, 1986). The inclusion of lower-valence (< +4) cations 
such as Mn3+ in the octahedral sites is essential to offset the positive charge of the 
tunnel cations (Post and Burnham, 1986). 
It is thought that the tunnel cations coordinate with structural O'- in the 
tunnel walls, and that the resulting cation-O'- bond distance will be the same as that 
observed in crystalline solids (Post et al., 1982). K+ (r;,,,,; c 1.38 
A, Shannon, 1976) 
and Ba+ (r;,,,,; C 1.35 
A, Shannon, 1976) are large enough to reside in the ideal tunnel 
cation site at the special position 2a (0,0,0) (this nomenclature gives the atomic 
positions in fractional coordinates). In this position they are at the centre of a cavity 
formed by eight equidistant 0 atoms which lie at the corners of a distorted prism 
(Post et al., 1982) (Fig. 4. lb). Several structural refinements (Post et al., 1982; Vicat 
Note: Cation 
not to scale 
in Fig. I a. 
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et al., 1986; Post and Bish, 1989) have shown that small tunnel cations are displaced 
from (0,0,0) along the tunnel direction (c-axis) in order to achieve the ideal cation- 
02- separation. Structure energy calculations (Post and Burnham, 1986) have 
additionally shown that the smaller cations may also displace orthogonally off the c- 
axis to better satisfy their ideal separation from tunnel wall oxygen ions. The 
greatest displacements occur with small cations (Post and Burnham, 1986). Tunnel 
site occupancy is approximately 30 % in synthetic cryptomelane because the sole 
tunnel cation (K+) is only able to occupy the large special position 2a, and because 
vacancies between neighbouring K+ ions are a necessity to minimise electrostatic 
repulsion (Vicat et al., 1986). Conversely, tunnel site occupancy can be as high as 
50 % to 75 % in natural cryptomelane minerals (presumably with a shift in the 
Mn4+: Mn3+ ratio to allow charge balance) since they contain a range of different 
sized cations. The smaller cations in the natural samples are able to displace from 
the special position 2a and thus occupy tunnel sites that are unavailable to K+ (Post 
et al., 1982). 
Many of the structural refinements (Post et al., 1982; Vicat et al., 1986; Post 
and Bish, 1989) and structure energy calculations (Post and Burnham, 1986) show 
that there is an element of disorder on the position of the tunnel cations. Post and 
Burnham (1986) have shown that the minimum energy tunnel cation positions are a 
function of the arrangement of the octahedral cations in the framework of hollandite 
minerals. These workers also showed that the different arrangements of octahedral 
+3 and +4 cations have very similar energies, and are therefore likely to occur in a 
random distribution in any one sample (Post and Burnham, 1986). As a result, there 
will also be a random distribution of the associated tunnel cation positions (Post and 
Burnham, 1986). Further disorder may also result from the electrostatic repulsion 
between neighbouring tunnel cations (Sinclair et al. 1980; Vicat et al., 1986), which 
is weak but significant, and greatest for divalent cations (Post and Burnham, 1986). 
These results cast light on the location of Cd sorbed on cryptomelane. 
4.3 EXTENDED X-RAY ABSORPTION FINE STRUCTURE 
SPECTROSCOPY BACKGROUND 
Extended X-ray absorption fine structure (EXAFS) spectroscopy is a bulk 
element-specific technique that can be used to determine the average coordination 
environment up to -4A around an element of interest (Cd in this case) in poorly 
ordered samples. EXAFS measurements can often be performed on wet pastes (in 
situ), and for elements present at relatively low concentrations (> 0.05 wt%, 
depending on experimental conditions). No long range order is required in the 
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sample, which can be in a liquid, amorphous, or crystalline state (e. g., Brown et al., 
1988,1995; Charlet and Manceau, 1993). Thus, EXAFS is particularly suited to the 
study of trace metal interactions with minerals and inorganic ligands in solution. 
An EXAFS spectral scan is obtained by measuring X-ray absorption over a 
range of photon energies which includes the 'absorption edge' of the element of 
interest (e. g. Brown et al., 1988,1995; Charlet and Manceau, 1993). Curve fitting 
allows the determination of the average number (Ni) (± 20%) of atoms in the j 
atomic shell, their distance (Rj) (± 0.02 A) from the central excited Cd atom, their 
identity, and the associated Debye-Waller factor (aj) (e. g., Brown et al., 1988,1995; 
Charlet and Manceau, 1993). The latter parameter represents the mean square of 
variation in distances from the element of interest to the shell under consideration. It 
accounts for damping of the EXAFS oscillations due to the thermal vibration (OT) 
and the static disorder (as) of atoms in atomic shells (e. g., Brown et al., 1988,1995; 
Charlet and Manceau, 1993). The R factor is a goodness of fit parameter which is 
used in the curve fitting process. For poorly ordered mineral-aqueous systems such 
as the one described here, an R value of between 20 and 40 indicates an acceptable 
match between theory and experiment (Dent and Mosselmans, 1992). A significant 
consideration is that EXAFS only provides unique answers for a system that 
involves 2, and at best 3, well defined coordination environments for the element of 
interest. As the number of different sites exceeds this value it becomes increasingly 
difficult to resolve individual atomic shells (Charlet and Manceau, 1993). 
EXAFS results are commonly displayed in two forms: The k3-weighted 
EXAFS data (X(k)-k3) is plotted against wavenumber (k) (A-1) in the EXAFS 
spectrum. In the radial distribution function (RDF) the Fourier transform of the 
EXAFS data (FT of X(k)) is plotted against distance from the central Cd atom (A). 
The RDF often provides the best visual representation of coordination around the 
element of interest, since each peak in the spectrum corresponds to an atomic shell. 
However, the corresponding EXAFS spectrum is often shown because this provides 
a better representation of data quality than the RDF. In both types of plot, theory is 
shown as a bold line whilst experimental data is shown as a fine line. 
4.4 MATERIALS AND METHODS 
All reagents used in this study were analytical grade, and all labware was 
acid-washed. The Cd stock solution and the adsorption sample were prepared with 
boiled MilliQ® water to prevent the formation CdCO3(, ) (otavite). Un-degassed 
MilliQ® water was otherwise used throughout. pH measurements were made with a 
BDH® general purpose combination pH electrode in combination with an Orion® 
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model 720A pH meter. pH calibration to ± 0.05 pH units was achieved at room 
temperature with constantly stirred Whatman® NBS grade buffers (1.677 ± 0.005 
and 4.001 ± 0.005 at 20 °C). The adsorption sample used in the EXAFS experiment 
was prepared under C02-free conditions (see below). 
4.4.1 Cryptomelane preparation and characterisation 
Cryptomelane was synthesised via a method detailed by McKenzie (1971): 
158.0 g of KMnO4 (Aldrich®) were added to 2.5 litres of boiling MilliQ® water in a3 
L Pyrex® beaker. Two moles of 11.6 M HCl (Fisher®) was slowly added to the 
permanganate solution in a dropwise fashion. The suspension was vigorously stirred 
and boiled for a further ten minutes, resulting in a brown precipitate. This was 
cleaned by repeated cycles of centrifugation and resuspension in MilliQ® water and 
then air dried at 35 - 40 °C. An agate mortar and pestle was used to grind the 
crystalline product to a fine powder. The identity of the powder was confirmed as 
cryptomelane by X-ray diffraction of a randomly oriented powder sample using Cu 
Ka radiation on a Philips PW 1800 X-ray powder diffractometer. The XRD powder 
pattern of dry cryptomelane (Fig. 4.2) exhibits relatively well defined peaks and a 
low background. This is in agreement with the Joint Committee on Powder 
Diffraction Standards card 20-908, and the XRD data obtained for cryptomelane by 
previous workers (McKenzie, 1971; Chen et al., 1986; Golden et al., 1986). 
However, following rehydration (24 hr in MilliQ® water) there was a broadening of 
the peaks and a growth in background, indicating a significant increase in disorder 
(Fig. 4.2). This may result from chain width disorder, such as that observed in 
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Fig. 4.2. Cu Ka powder pattern (0.02° step, 45 kV/40 mA) of the synthetic 
cryptomelane that was used to prepare the EXAFS adsorption sample. Note that the 
well defined peaks in the dry material (Dry) broaden significantly following 
hydration (Wet). This peak broadening and the rise in background suggests 
significant structural disorder in the hydrated form. 
The N2-BET surface area of the laboratory produced cryptomelane was 115 
m2g-1, as determined on a Ströhlein area meter following 12 hr of outgassing with 
N2(g). It should be noted that because nitrogen is likely to be able to penetrate the 
tunnels to some extent, some fraction of the total surface area may correspond to 
tunnel surfaces. A TEM photomicrograph (JEOL 1000X TEMSCAN) (Fig. 4.3) 
shows cryptomelane to have a fibrous morphology, which is characteristic of the 
hollandite-type minerals (DeGuzman et al., 1994). The molar ratio of K: Mn in the 
synthetic cryptomelane was confirmed as 1: 8 following total dissolution in 
concentrated HCl and analysis by ICP-AES. 
Whilst the average oxidation state of Mn was not measured in the synthetic 
cryptomelane used in this study, a value of 3.80 has been reported for a similar 
material (DeGuzman et al., 1994). 
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Fig. 4.3. TEM photomicrograph of synthetic cryhtomelanc, showing the acicular 
nuorhhology which is characteristic of Mn oxides with the hollandite structure. The 
crystallites are elongate along the c-axis, and measure approximately I-1.5 pin in 
length. 
4.4.2 Preparation of'the cryptomelane adsorption sample for EXAFS analysis 
The cryptomelane adsorption sample used in the EXAMS experiment was 
prepared in the following manner: A 874 ppm Cd stock solution was prepared by 
dissolving an appropriate amount of Cd(NO; )). 4ll, O(s) (Fluka(") in CO)-free 
MilliQ "® water. This was acidified to -pH 4 with a few drops of I v/v HNO 
(Fisher®), and stored in a closed 0.5 L polypropylene flask. A 30 nil aliquot of this 
solution was placed into a 50 nil polycarbonate Oak Ridge" centrifuge tube. The p1I 
of this solution was adjusted to 2.5 by a Malwal addition of 0.1 M HNO; (Fisher") 
whilst purging dissolved CO, from the solution with N, (g). Finely powdered 
cryptomelane (800 mg) was then added to the stock solution in the centrifuge tube. 
After purging with N2(g) for a further 15 min the centrifuge tube was sealed. The 
sample was reacted at 19 ±2 "C for 48 hr in a rotating tumbler to keep the 
cryptomelane in suspension. The final pH was 2.0. Centrifugation (3000 rpm, 10 
min) was used to separate the suspension into a wet paste (the 'adsorption sample') 
and its supernate. The supernate was decanted and then acidified by exactly 50 070 
dilution with 10kß v/v HNO3 (Fisher"). The dilution-corrected concentrations of Cd 
and K in the acidified supernate were 300.6 ppm (ICP-MS, VG Elemental 
PlasmaQuad2+) and 2.64 ppm (ICP-AES, Jobin Yvon JY 24)), respectively. The 
adsorption sample was estimated to contain 2.15 wt`%Cd (from the difference in Cd 
concentration before and after reaction with 800 mg of cryptomelane) and 50 - 60 
wt07ý supernate (from the difference in weight of a similar sample before and after 12 
hr of air drying at 35 - 40 °C). The adsorption sample was transported to Daresbury 
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laboratory as a wet paste in the polycarbonate Oak Ridge® centrifuge tube. EXAFS 
analysis was performed within 48 hr of centrifugation. 
4.4.3 EXAFS data collection and interpretation 
EXAFS data were collected at the CLRC Synchrotron Radiation Source 
(SRS) at Daresbury Laboratory, U. K. Spectra were collected at the Cd K-edge under 
room temperature conditions on station 9.2, which is equipped with a harmonic- 
rejecting double crystal Si (220) monochromator. The storage ring positron energy 
was 2.0 GeV, and the beam current varied between 130 and 240 mA. The 
adsorption sample was presented to the X-ray beam as a wet paste held by 
Sellotape® in a2 mm thick plastic slide with a4x 15 mm sample slot. Although the 
adsorption sample contained approximately 50-60 wt% supernate, I have determined 
that less than 6% of the EXAFS signal originated from Cd in the liquid fraction. 
EXAFS data were collected in six 30 min fluorescence mode scans during which no 
attempt was made to maintain C02-free conditions. EXAFS data were also collected 
from ß-Cd(OH)2(s) (Fluka®) in two room temperature transmission mode scans. 
This material was used as a reference standard in later curve fitting. 
EXAFS data reduction was performed using native Daresbury Laboratory 
software packages (EXCALIB and EXBACK) (Dent and Mosselmans, 1992). The 
EXAFS oscillations were simulated with the Daresbury curved wave theory EXAFS 
analysis program EXCURV92 (Gurman et al., 1984,1986; Joyner et al., 1987; 
Gurman, 1988; Binsted et al., 1991,1992). Modelling in this way provided the 
average shell parameters describing the local structure around the central excited Cd 
atom. Joyner tests (Joyner et al., 1987) were performed to ascertain the statistical 
significance of Cd and K atomic shells which I attempted to insert around the central 
Cd atom during modelling of the EXAFS oscillations. 
The phase shift functions used in the curve fitting were derived from theory 
in EXCURV92. It has been suggested that phase shift functions generated in this 
way are less accurate than those determined experimentally (Spadini et al., 1994). 
However, the use of theoretical values is justified by the good agreement between 
the structure of (3-Cd(OH)2(s) derived from the EXAFS data using theoretical phase- 
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Fig. 4.4. EXAFS spectrum and theoretical curve fit for ß-Cd(OH)2(5). The 
simulation was performed using the known structure of ß-Cd(OH)2(s) and theoretical 
phase shift functions derived with the EXAFS simulation package EXCURV92. The 
subsequent use of theoretical phase shift functions in the analysis of EXAFS data 
from the cryptomelane adsorption sample is justified by the goodness of fit between 
experiment and theory shown here. 
4.4.4 CrystalMaker simulations 
The interactive crystallography software package CrystalMaker (2.1.0) 
(Palmer, 1996) was used to simulate the effect on Cd-O and Cd-Mn separations and 
coordination numbers of displacing Cd from the special position 2a. 
Crystallographic data from DeGuzman et al. (1994) was used to construct a model of 
cryptomelane in CrystalMaker. Various displacements were then applied to the 
location of Cd in the tunnels by altering the fractional coordinates describing the 
tunnel cation location. A bond search was performed around Cd in each of the new 
tunnel positions to find the number of surrounding Mn and 0 atoms and the 
associated interatomic distances. Results from various displacements were 
compared with the distance and coordination number values from analysis of the 
EXAFS data to help clarify the location of sorbed Cd. 
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4.5 RESULTS AND DISCUSSION 
Although the sample which was examined by EXAFS was prepared at low 
pH (2.0), 66% of available Cd2+ was removed from solution to produce a sample 
containing 2.15 wt% Cd. This is equivalent to a surface site loading of -21%, 
assuming a sorption site density for Cd on cryptomelane of 4.8 sites nm-2 
(McKenzie, 1981) over the measured surface area of 115 m2g-1. 
The aqueous speciation of Cd is dominated by the divalent aquo cation 
[Cd(H20)6]2+ under the prevailing experimental conditions (Brookins, 1988), and 
cryptomelane (pHZp = 4.5 ± 0.5, Healey et al., 1966) is likely to have a net positive 
surface charge at pH 2.0. Intuitively, little Cd sorption would be expected at this pH. 
However, other weakly hydrolysed cations (such as Cu, Co, Ni, Pb, Zn etc. ) are 
known to be specifically adsorbed by Mn oxides below their respective pHZPC s 
(McKenzie, 1989). As a consequence, the strong uptake of Cd2+ by cryptomelane at 
pH 2.0 cannot be taken as evidence for sorption into the tunnel sites rather than onto 
the external surface. 
However, the high coordination number of Mn atoms around sorbed Cd (4.9 
f 1.0 Mn at 3.65 A, Fig. 4.5a and b, Table 4.1) cannot be explained by externally 
adsorbed Cd alone. By analogy with my recent EXAFS investigation of Cd 
adsorption on iron hydroxide minerals (Randall et al., 1996a, b, 1999), Cd adsorbed 
on the external surface of cryptomelane is expected to be in direct coordination with 
only 1 to 2 Mn atoms (Fig. 4.1a). In practice the effects of static and thermal 
disorder at the surface will reduce the average coordination number still further 
(Charlet and Manceau, 1993). Since the EXAFS spectrum represents an average of 
all of the coordination environments which Cd occupies in the sample (Brown et al., 
1988,1995; Charlet and Manceau, 1993), the high Mn coordination number of 4.9 
suggests that the majority of sorbed Cd is within the tunnel structure at pH 2.0. 
Additionally, the small Cd-Mn separation (3.65 A) indicates that this sorption occurs 
via an inner sphere mechanism as the Cd-Mn separation would be »5A if an outer 
sphere mechanism had been involved. 
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Table 4.1. EXAFS shell parameters for P-Cd(OH)2(s) reference standard and 
cryptomelane adsorption sample. 
Sample pH Surface No Ro 
loading (A) 
ß-Cd(OH)2(S) 6.0b 2.28 t 1.2 f 0.02 
pH Surface No Ro 
loading (A) 
Cryptomelane 2.01 -21%a 6.5 2.24 
±1.3 ±0.02 
2620 NCd (ý> 262Cd R 
0.016 6.0b 3.48 0.024 30.5 
±1.2 ±0.02 
NMn RDI) 2a2Mn R 2620 
. 
0.019 4.9 3.65 0.019 33.6 
±1.0 ±0.02 
a Derived using a sorption site density for Cd on cryptomelane of 4.8 sites nm-2 
(McKenzie, 1981). 
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Fig. 4.5. EXAFS spectrum (a) and RDF (b) of the local environment of Cd sorbed 
on cryptomelane at pH 2.0. The coordination environment around sorbed Cd (4.9 ± 
1.0 Mn at 3.65 ± 0.02 A) strongly indicates that the majority of sorbed Cd is inside 
the tunnels, and that it is displaced from the ideal tunnel cation position (special 
position 2a (0,0,0)). The oxygen coordination environment around cadmium (6.5 ± 
1.3 0 at 2.24 ± 0.02 A) is consistent with this, but also suggests that sorbed Cd is 
partly hydrated. 
The CrystalMaker simulations show that Cd in the special position 2a would 
be surrounded by four Mn atoms within a radius of 4 A. Note that EXAFS results 
become increasingly ambiguous at a distance of over 4A from the element of 
interest in poorly ordered systems (Charlet and Manceau, 1993). When Cd is 
displaced from this position, as is necessary for the average Cd-Mn separation to 
approach 3.65 A, the CrystalMaker results suggest that the number of Mn atoms 
within 4A can increase to as much as eight. These Mn atoms are present at a range 
of Cd-Mn separations, the average of which is 3.65 A. It is likely that individual Mn 
peaks are not observed in the RDF (Fig. 4.5a) because of disorder in the 
cryptomelane structure, and the inability of EXAFS to resolve individual atomic 
shells when the atoms in a given shell occur over a range of distances. 
On the basis of simulations that I performed with CrystalMaker, Cd in the 
special position 2a (0,0,0) would be expected to coordinate with eight equidistant 
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tunnel wall 02- ions at 2.85 A. Although one oxygen coordination shell containing 
6.5 ± 1.3 0 atoms is observed in the EXAFS results (Fig. 4.5, Table 4.1), it is only 
2.24 A from the central Cd atom. This is further evidence that Cd is not present at 
the special position 2a. In order to achieve a Cd-O separation of 2.24 A, Cd must 
displace from (0,0,0) along the c-axis and orthogonally off it towards the tunnel 
walls. In such a situation only 2-4 of the 6.5 0 atoms observed at 2.24 A could be 
accounted for by tunnel wall 02- ions. It is possible that the remainder are due to 
coordination with free water in the tunnels. This would mean that Cd in the tunnels 
exists in a partly ' hydrated form. It has been suggested that Li+ is sorbed in 
cryptomelane tunnels with its solvation shell at least partly intact (Feng et al., 1995), 
and it is possible that the same is also true of Cd insertion into the tunnels. As is the 
case with Mn, the range of Cd-O distances that would be expected to result from the 
displacement of Cd from the special position 2a are not observed in the EXAFS 
results (Fig. 4.5a). This is again explained by the fact that EXAFS cannot resolve 
the large number of different Cd-O distances that are likely to result from such a 
displacement. This is especially true in the case of an atom such as 0, which 
provides a relatively weak contribution to the EXAFS spectrum because it has a low 
mass. 
Although only a very small amount of K was released from cryptomelane to 
solution during Cd sorption, the Joyner statistical tests (Joyner et al., 1987) indicate 
that there is no support for the presence of aK shell within 4A of Cd (at the 5% 
level of probability). However, this result is unsurprising since only 30 % of the 
tunnel sites are likely to be occupied by K in fresh cryptomelane (Vicat et al., 1986), 
and electrostatic repulsion between the cations would tend to maximise their 
separation. It should also be noted that Joyner tests provide no support for a Cd shell 
within 4A of the central Cd atom (at the 5% level of probability). The absence of 
such a shell indicates that Cd was not sorbed in the form of a precipitate such as 
Cd(OH)2(s) or CdCO3(s). 
The EXAFS results strongly indicate the existence of Cd within the structural 
tunnels in cryptomelane. Tunnel Cd is certainly displaced from the special position 
2a, but the resolution of the data is not good enough to identify a unique tunnel 
position. The inability of EXAFS to resolve individual sorption sites in this case 
results in part from the disorder which is known to occur on the location of tunnel 
cations (Post et al., 1982; Post and Burnham, 1986; Vicat et al., 1986; Post and Bish, 
1989). Whilst this disorder is significant in dry samples, Fig. 4.2 demonstrates that it 
is even greater in wet paste samples such as that analysed by EXAFS in this study. 
The sorption of Cd2+ (rionic 0.95 A, Shannon, 1976) into the cryptomelane 
tunnels at pH 2.0 is somewhat unexpected given that cryptomelane is thought to 




and Komarneni, 1993b; Feng et al., 1995). However, a previous Rietveld structural 
refinement of Nil", Fee+, and Cu2+ sorbed on cryptomelane has shown that these 
cations are located in the tunnels (Yin et al., 1994). Furthermore, it should be noted 
that many of the previous ion exchange studies used cryptomelane-type Mn oxide 
which contains H+ rather than K+ as the tunnel cation (Tsuji and Abe, 1985; Tsuji 
and Komarneni, 1993a, b; Feng et al., 1995), and that the selectivities of these two 
forms may be different. The sorption of Cd2+ into the tunnel sites is likely to allow a 
more effective balancing of the negative charge on the cryptomelane structure 
because the relatively small Cd2+ ion can occupy sites that are unavailable to K+. It 
may therefore be energetically favourable. If so, this could help to explain why so 
much Cd was apparently sorbed in the structural tunnels which were at least partially 
filled with K. 
Since the supernate from the EXAFS adsorption sample contained very little 
K (2 x 10-6 moles K released during sorption of 1.6 x 10-4 moles Cd), Cd2+ did not 
exchange for K+. If the average oxidation state of Mn in the synthetic cryptomelane 
used in the study is 3.8 (by analogy with the similar material used by DeGuzman et 
al., 1994), the chemical formula would be K(Mn4+6.4, Mn3+1.6)O16" This has a 
charge deficit of -0.6, which could be satisfied by 0.6 mole H+ ions in the tunnels in 
addition to K+. Thus, Cd2+ may have exchanged for H+ rather than K+. This 
mechanism is plausible because the drop in pH during sorption (0.5 pH units) 
indicates that 2.05 x 10-4 moles H+ were liberated to solution during the sorption of 
1.6 x 10-4 moles Cd2+. This suggests a near charge-balancing exchange of Cd2+ for 
H+, when the uncertainty of pH measurement is taken into account. 
4.6 CONCLUSION 
The results of this study show that cryptomelane is an effective sorbent of Cd 
at very low pH levels (2.0). EXAFS results indicate that Cd sorption at pH 2.0 
occurs predominantly at tunnel sites in the cryptomelane structure. This process 
may be energetically favourable if it allows a more effective balancing of the 
negative structural charge on cryptomelane. The limited release of the predominant 
tunnel cation (K+) during Cd sorption indicates that Cd2+ exchanges for H+ ions, 
which are likely to be in the tunnels in addition to K+. This conclusion is supported 
by the lowering of pH during Cd sorption. This is an important result for K-Ar 
dating techniques which use natural cryptomelane, because the possibility of K 
replacement by competing cations would increase dating uncertainties. 
Sorbed Cd is displaced from the ideal tunnel cation position (special position 
2a (0,0,0)) in order to achieve a separation of 2.24 A from the tunnel wall 02- ions 
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with which it is coordinated. EXAFS results show that Cd has a complete octahedral 
solvation shell, but this cannot be due to tunnel wall 02- ions alone. It is possible 
that tunnel Cd is also partly coordinated with free water in the tunnels in order to 
complete its solvation shell. 
Although this study suggests that Cd is able to sorb at tunnel sites in 
cryptomelane, structural disorder and the likely existence of a number of different 
sorption sites mean that EXAFS is unable to identify unique sorption sites. I intend 
to perform band structure calculations in order to resolve some of the remaining 
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The fate of As(V) during early diagenetic processes 
5.1 INTRODUCTION 
5.1.1 The environmental chemistry of arsenic 
Arsenic has long been recognised as a toxin and carcinogen and arsenic 
poisoning can result in the development of skin and other cancers (Mandal et al., 
1996). In recognition of these potential health risks, the recommended maximum 
drinking water limit for arsenic is 10 ppb (WHO, 1993). 
Elevated levels of arsenic can result from anthropogenic activities such as 
mining, the use of arsenical pesticides, application of fertilisers, irrigation, dust, the 
burning of fossil fuels and the disposal of industrial and animal wastes (Nriagu, 
1994). However, terrains rich in sulphide-bearing strata can also display elevated 
levels of arsenic in surface water and groundwater due to sulphide oxidation (Nriagu, 
1994). The concentration of arsenic is increased by accumulation during weathering 
processes and translocation in colloidal fractions (Iimura, 1981). Hence, arsenic 
levels in shales (14.5 ppm on average; Bhumbla and Keefer, 1994), sediments (100- 
300 ppm; Branson and Patrick, 1987) and soils (7.2 ppm, Bhumbla and Keefer, 
1994) are enriched relative to the 1.8 ppm crustal average (Iimura, 1981). 
In general, the speciation, solubility, mobility, bioavailability and toxicity of 
arsenic depends on its oxidation state. Hence, an understanding of the Eh - pH 
dependent transformations between various species is essential to our knowledge of 
its behaviour in the environment (Masscheleyn et al., 1991). The majority of 
naturally occurring arsenic is inorganic. Aqueous speciation is dominated by the 
As(V) oxyanions H2As04 and HAsO42- under oxidising conditions (Grossl et al., 
1997) and the neutral As(III) species H3AsO30 under more reducing conditions (Fig. 
1.1) (Masscheleyn, 1991b; Grossl et al., 1997). The As(III) species is far more toxic 
(Ferguson and Gavis, 1972), soluble and mobile (Deuel and Swoboda, 1972; Pierce 
and Moore, 1982) than the arsenate species, which are strongly adsorbed by iron 
oxyhydroxides (Livesey and Huang, 1981; Aggett and Roberts 1986; Moore et al., 
1988; Belzile and Tessier, 1990; Fuller et al., 1993; Waychunas et al., 1993; Sullivan 
and Aller, 1996; Sun and Doner, 1996). 
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5.1.2 The effect of ferrihydrite ageing on arsenic mobility 
Poorly crystalline iron oxyhydroxides such as ferrihydrite are generally the 
first solid phases to form during the oxidation of Fe(II) under environmental 
conditions. Ferrihydrite commonly exists in iron-containing springs, drainage lines, 
lake oxide precipitates, ground water and stagnant-water soils, river sediments and, 
in the oceans, deep sea crusts and manganese nodules (Schwertmann and Cornell, 
1991). It is also an extremely important sorbent under acid mine drainage 
environments (Moore et al., 1991). Furthermore, iron oxyhydroxides such as 
ferrihydrite which form at the oxic-anoxic boundary in sediments constitute a very 
effective barrier against upwards diffusing arsenic that is released in the iron 
reduction zone (Petersen et al., 1995). Arsenic often becomes enriched in upper oxic 
sediment layers as a consequence of this (Petersen et al., 1995), even when 
background levels of arsenic are very low (Farmer and Lovell, 1986). 
Ferrihydrite, otherwise known as hydrous ferric oxide (HFO), is metastable, 
and over time it can age into more crystalline minerals via a number of pathways. 
For instance, it has been observed to transform into hematite (under near neutral pH 
conditions) and goethite (under relatively strong acidic or alkaline conditions) in the 
laboratory (Schwertmann and Murad, 1983). Goethite appears to be the common 
ageing product in the field (Tuhela et al., 1997). 
Ferrihydrite typically exhibits a very high reactive surface area and it can 
accumulate large amounts of arsenic by adsorption (Aggett and O'Brien, 1985; 
Aggett and Roberts, 1986; Fuller and Davis, 1989; Belzile and Tessier, 1990; Fuller 
et al., 1993; Petersen et al., 1995; Guo et al., 1997) and coprecipitation (Wilson and 
Hawkins, 1978; Mok et al., 1988). The fate of adsorbed and coprecipitated 
contaminants upon ageing of ferrihydrite is unclear; they could simply remain 
adsorbed as surface complexes or they may be incorporated into the bulk crystal 
structure. In this case, they could only be released upon dissolution of the host 
mineral. Conversely, they could be expelled from the crystal structure and desorbed 
during ageing, in which case their mobility and bioavailability would be vastly 
increased. This is a possibility because amorphous iron (oxyhydr)oxides such as 
ferrihydrite have a much higher arsenic sorption capacity per unit mass than 
crystalline ageing products such as goethite (Bowell, 1994). 
Whether or not a contaminant ion is coprecipitated into the structure of a 
mineral, expelled to solution or simply remains adsorbed on the mineral surface has 
obvious implications for contaminant mobility. However, the effect of a range of 
secondary processes on contaminant mobility also depends heavily on the physical 
location of the contaminant. For instance, the reduction of aqueous As(V) can occur 
via both abiotic and biotic mechanisms, whereas the reduction of As(V) that is 
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sorbed on ferrihydrite can only be achieved by microbes and proceeds many times 
slower than that of As(V)(aq) (Zobrist et al., 1998). Processes resulting in the 
reduction of adsorbed As(V) can lead to the release of arsenic to solution because 
As(III) is less strongly adsorbed by iron (oxyhydr)oxides than As(V) (Bowell, 1994). 
Thus, an understanding of how the speciation and location of sorbed arsenic changes 
as ferrihydrite ages is clearly of importance when predicting the long-term risks 
posed by contaminated sediments. Such knowledge is also of use in improving 
water treatment processes which currently use iron (oxyhydr)oxides to remove 
arsenic from wastewater such as that produced in acid mine drainage environments 
(Shokes and Moller, 1999). 
5.1.3 The influence of 'green rust' on arsenic mobility 
'Green rusts' are green-blue Fe(II)-Fe(III) hydroxides which were first 
identified as corrosion products of steel and iron water pipes (Stampfl, 1969). They 
are postulated to be intermediate phases in the formation of iron (oxyhydr)oxides 
such as goethite, lepidocrocite and magnetite via the oxidation of Fe(II) under 
reducing and weakly acidic to weakly alkaline conditions (Schwertmann and 
Fechter, 1994). Importantly, they can also form during the reductive dissolution of 
existing Fe(III) (oxyhydr)oxides (Hansen et at., 1994; Schwertmann and Fechter, 
1994), and Frederickson et al. (1998) have shown that green rust formation can occur 
during dissimilatory reduction of hydrous ferric oxide by a groundwater bacterium. 
The mottling often observed in gleyed soil horizons and the grey-green colour in the 
uppermost layers of some lake and marine sediments has been attributed to the 
presence of mixed valence minerals such as green rust (Buurman, 1980; Newman, 
1987). However, green rust has only been positively identified in recent times 
(Trolard et al., 1997) because the extreme air-sensitivity of this mineral has made its 
isolation and characterisation difficult. 
Green rust minerals possess the pyroaurite-sjögrenite structure consisting of 
sheets of Fe(II)(OH)6 in which some of the Fe(II) is replaced by Fe(III) (Taylor, 
1973) (Fig. 5.1). This results in a positive layer charge which is balanced by the 
inclusion of anions such as Cl-, C032-, and SO42- between the layers (Feitknecht and 
Keller, 1950; Bernal et al., 1959; Stampfl, 1969; Brindley and Bish, 1976). The 
resulting green rusts are termed GR1(Cl-), GR2(C032-, ), and GR2(SO42-). Although 
GR1 and GR2 both have hexagonal close packed structures, GR1 is assigned a 
rhombohedral space group whereas GR2 is assigned a hexagonal one (Bernal et at., 
1959). Sulphate and carbonate are the most commonly reported interlayer anions in 
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nature, and the sulphate form of green rust has the general Formula 
Fey(ht)Fex(u')(OH)3X+2y-2, (SOa), (Schwertmann and Fechter, 1994). 
o "ý ýý 
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Fig. 5.1. The crystal structure of green rust 
compounds consists of layers of' Foll)(01 1),, 
in which some of the Fe(ll) is replaced by 
Fe(III). These alternate with layers of anions 
(S042 C032 and CI-) and water which hind 
the Fe(OH)6 layers via hydrogen bonding 
The pyroaurite-type structure, which green 
rust shares, is shown here. The dia-ram was 
drawn with CrystalMaker 2. I. O (Palmer, 




Green rusts are of potentially great importance to trace metal mobility in the 
environment. This is partly because their characteristically poor crystallinity results 
in a very high reactive surface area, but mainly because of their mixed valence. The 
presence of Fe(II) in the structure means that green rust can potentially act as a very 
effective reductant of transition elements such as As(V). The reduction of As(V ) 
following adsorption on green rust would probably lead to the desorption of the 
more toxic As(III) because this is less strongly adsorbed than As(V) (Bowell, 1994). 
To date, relatively few studies of the interaction of trace groundwater 
components with green rust have been performed. In one investigation, Se(VI) was 
observed to be reduced directly to Se(O) following adsorption, and more rapidly to 
Se(O) via a Se(IV) intermediate following co-precipitation into the interlayer anion 
sites (Myneni et al., 1997). Hansen et al. (1994,1996) have also shown that sulphate 
green rust is capable of reducing nitrate to anlnionium. Importantly, the rates of 
abiotic selenium and nitrate reduction by green rust were comparable to those 
achieved via microbial pathways (Myneni et al., 1997). 
5.1.4 The effect of iron oxyhydroxide sulphidisation on arsenic mobility 
Microbially-mediated reactions in anoxic sediments commonly result in the 
production of large amounts of hydrogen sulphide (Luther and Morse, 1998). The 
onset of such conditions leads to the reductive dissolution of oxide and silicate 
minerals (Moore et al., 1988; Canfield, 1989; Masscheleyn et al., 1991). Ferrous 
iron derived from the reduction of oxides and silicates reacts with dissolved sulphide 
to produce authigenic acid-volatile iron monosulphides (AVS) (FeSY; 0.9 <x<1.5), 
135 
Chapter 5 
and ultimately pyrite (FeS2) (Goldhaber and Kaplan, 1974,1980; Howarth and 
Jorgensen, 1984). Iron sulphides are very strong scavengers of many trace elements, 
and they exert the dominant control on contaminant mobility under reducing 
conditions (Huerta-Diaz and Morse, 1990,1992; Zhuang et al., 1994). The general 
pattern for the extent of pyritisation of trace metals is: Hg > As = Mo > Cu > Fe > 
Co > Ni » Mn > Zn > Cr = Pb > Cd (Huerta-Diaz and Morse, 1990,1992). This 
implies that arsenic is very strongly associated with pyrite following sulphidisation 
of sediments. However, it has also been suggested that arsenic concentrations may 
be controlled by arsenopyrite (FeAsS) or authigenic arsenic sulphides such as 
orpiment (As2S3) and realgar (AsS) rather than iron sulphides (Ferguson and Gavis, 
1972; Moore et al., 1988). Whilst the majority of research has focused on the role of 
sulphides in sediments, recent work suggests that authigenic sulphides may also be 
important in limiting trace metal mobility in soils (Brennan and Lindsay, 1996; 
Hesterberg et al., 1998). 
Although the mobility of arsenic is limited by sorption onto iron- 
(oxyhydr)oxides or iron sulphides under steady state conditions, aqueous trace metal 
concentrations can increase dramatically during the reductive dissolution of 
(oxyhydr)oxides (Korte, 1991; Stumm et al., 1990; Petersen et al., 1995) or the 
oxidation of sulphides (Zhuang et al., 1994). These reactions are known to take 
place during the early diagenesis of sediments and dredging activity/storm events, 
respectively. Under such conditions, there is the possibility that significant amounts 
of arsenic could be transported away from the site of contamination, and pose a risk 
to human health. It is clearly of importance that we understand these reactions so 
that the potential release of contaminants can be predicted. This is especially true 
when it is realised that external factors such as seasonal changes in groundwater 
level or reservoir water depth can cause the reduction/oxidation reactions to occur on 
a repeating, cyclical basis (Moore et al., 1988). 
5.1.5 Aims 
Because arsenic is such a common and significant contaminant in many soil 
and groundwater systems, it is essential that the reactions controlling its mobility and 
bioavailability are understood. This is true over both short- (e. g. adsorption and 
complexation reactions) and long (e. g. incorporation into mineral structures or 
release to solution as minerals age) timescales. This chapter describes a series of 
experiments that have been performed to investigate changes in arsenic speciation 
and mobility during: 
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a) adsorption onto ferrihydrite which was subsequently aged to goethite and/or 
hematite; 
b) interaction with a pre-existing green rust phase and during coprecipitation with 
green rust, with the subsequent oxidation of both forms to lepidocrocite (y-FeOOH); 
c) the sulphidisation of goethite (a-FeOOH) that was contaminated with adsorbed 
arsenate. 
The results have direct applications in assessing the risks posed by 
contaminated sediments. They should also prove useful in developing wastewater 
treatment technologies since As2S3(am) precipitation is a technique currently used to 
remove arsenic from waste streams (Robins, 1985). 
5.2 EXPERIMENTAL METHODS 
5.2.1 General 
All reagents used in this study were analytical grade and labware was acid- 
washed. An Orion model 720A meter was used to make pH measurements with a 
Willhelm-type reference electrode - glass pH electrode pairing (both from both 
Sentek Ltd. ) during the green rust experiments. The same meter was used with a 
glass combination electrode (Sentek Ltd. ) during the ferrihydrite ageing and goethite 
sulphidisation experiments. Calibration ± 0.05 pH units was achieved at room 
temperature with constantly stirred Whatman NBS grade buffers. The As(V) stock 
solution was prepared from Na2HAsO4.7H2O and was stored at 4 °C in a closed 
amber-coloured HDPE bottle. 
5.2.2 Preparation of As(V) on ferrihydrite ageing samples 
5.2.2.1 Preparation of pure ferrihydrite 
Ferrihydrite was prepared by neutralising 500 ml of a 0.2 M ferric nitrate 
solution with 1M KOH according to the method reported by Schwertmann and 
Cornell (1991). Approximately 360 ml of KOH was required to bring the solution to 
pH 7.5; the last 20 ml was added in a dropwise fashion with constant checking of 
pH. The resulting deep brown slurry was rinsed clean of contaminant anions (e. g. 
NO3-) by repeated centrifugation and re-suspension in fresh MilliQ water. The clean 
suspension was allowed to age for 24 hours at room temperature prior to being used. 
137 
Chapter 5 
5.2.2.2 Ageing of As(V)-contaminated ferrihydrite 
One litre of a thoroughly mixed 20 g L-1 ferrihydrite stock suspension was 
divided equally (by weight) between four 1 litre amber HDPE screw-top containers. 
The containers were amber-coloured to reduce the risk of unwanted photoredox 
reactions. 750 ml -X ml of MilliQ with a 0.1 M NaC1O4 background electrolyte 
was then added to each container. X is the volume of 990 ppm As(V) stock solution 
that, when added, made the total volume of each sample 1000 ml. X=0,12.5,62.5 
and 125 ml in samples 'No As-HFO', 'low As-HFO', 'Med. As-HFO' and 'High As- 
HFO', respectively. 
The transformation of ferrihydrite to hematite occurs via an internal 
dehydration/rearrangement process (Fischer and Schwertmann, 1975). Conversely, 
goethite is formed by dissolution of the precursor followed by nucleation and growth 
of the more crystalline phase (Fischer and Schwertmann, 1975). The relative 
proportion of goethite and hematite in the final product is strongly dependent on pH. 
Hematite is dominant between pH 5.5 and pH 9, whereas goethite is dominant under 
higher and lower pH conditions (Schwertmann and Murad, 1983). Because goethite 
is the most commonly occurring iron (oxyhydr)oxide in temperate climates 
(Schwertmann and Cornell, 1991), experimental conditions were tailored so that this 
mineral was the dominant ageing product. It was hoped that reducing the number of 
variables in this way would assist interpretation of the EXAFS results. 
The pH of each suspension was set to 4 with 10% v/v HNO3 immediately 
after the As(V) stock solution was added. The system was then allowed to 
equilibrate at room temperature for two hours; Wilkie and Hering (1996) have 
previously established that this is long enough for the removal of 100% of available 
As(V) from solution between pH 4 and 8. After equilibration, the samples were 
placed in a 60 ± 3°C oven and aged for a total of 1076.5 hours. It is important to 
note that the mechanisms of ferrihydrite ageing to goethite and hematite are not 
temperature dependent between 25°C and 70°C (Fischer and Schwertmann, 1975; 
Cornell and Schwertmann, 1979; Schwertmann and Murad, 1983). Hence, whilst 
ageing at elevated temperatures has allowed us to accelerate the process, the results 
are still applicable to low temperature systems. 
The pH of all samples decreased as the reactions proceeded, with the rate of 
pH decrease greatest in 'No As-HFO' and lowest in 'High As-HFO'. The pH of each 
sample was manually buffered on a frequent basis to keep it within 0.3 pH units of 
pH 4 for the duration of the reaction. This was achieved by the judicious addition of 
small amounts of 5M KOH every 2-3 days near the start of the ageing period, and 
1M KOH every 4-5 days subsequently. Immediately prior to each pH buffering 
cycle, approximately 40 ml of well mixed suspension was collected from each 
sample in brim-full screw-top polypropylene centrifuge tubes. Carbonate has been 
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shown to have a minor influence on As(V) sorption by (Wilkie and Hering, 1996), or 
coprecipitate with, ferrihydrite (Fuller et al., 1993), and no attempt was made to 
exclude C02(g) during the ageing process. 
Progressive changes in the colour of the suspensions from deep brown to an 
increasingly yellow ochre ('No As-HFO') or red-yellow ochre (Low and Medium As- 
HFO) indicated that mineralogical transformations were taking place. The colour of 
'High As-HFO' changed little from its initial deep brown colour. 
Centrifugation (3000 rpm for 20 - 60 min) was used to separate each reacted 
suspension into a clear supernate and a viscous paste (the 'adsorption sample') which 
was frozen prior to analysis. It is interesting to note that the ease of sample settling 
during centrifugation increased with arsenic content. The supernates were filtered 
using 0.2 tm cellulose nitrate membrane filters and analysed for arsenic within 24 
hours of collection on a Jobin-Yvon JY-24 ICP-AES. Determinations of aqueous 
arsenic concentration by this technique are often reported to involve a hydride 
generation step. This was not deemed necessary here as a pilot study showed that 
our ICP-AES was capable of returning accurate and repeatable determinations of 
arsenic concentration from a range of standards. It was, however, necessary to 
constantly flush the instrument optics with argon in addition to the normal nitrogen 
flow during arsenic analyses. The concentration of dissolved iron was also measured 
by ICP-AES in a number of samples to check for dissolution of the iron 
oxyhydroxide during ferrihydrite ageing. 
X-ray diffraction was used to determine the mineralogy of the aged samples. 
XRD slides were prepared by air-drying a water-based suspension of each sample 
onto small glass discs which were placed in aluminium sample holders during 
analysis. The relative diffraction peak intensities were used to determine the relative 
proportion of goethite and hematite in mixed mineralogy samples. 
5.2.3 Preparation of As(V)-ferrihydrite 'coprecipitate' ageing samples 
A further ferrihydrite sample was generated at pH 4, but this time arsenic was 
present during the hydrolysis and precipitation of Fe(III) so that the effect that this 
had on the form of sorbed arsenic and the mineralogy of the ageing product could be 
investigated. This sample is termed 'pH 4 As-HFO coprecipitate', and it was 
prepared in the following manner: Forty grams of Fe(N03)3.9H20 was dissolved in 
500 ml of MilliQ water that had a 0.1 M NaC1O4 background electrolyte and 
contained 30 ml of a 1340 ppm As(V) stock solution. This mixture was brought to 
pH 7.5 by the rapid addition of 310 ml of 1M KOH with the subsequent dropwise 
addition of a further 20 ml. The resulting deep brown slurry was made to 1 litre with 
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MilliQ water in an amber coloured screw-top container, and its pH was set to 4.0 by 
the addition of a small volume of 10 % v/v HNO3. After an equilibration period of 
approximately 1 hour, a sample was collected from the well mixed suspension in a 
brim-full 40 ml screw-top polypropylene centrifuge tube, and the remainder of 'pH 4 
As-HFO coprecipitate' was aged in an oven at 60 ± 30C for a total of 886 hours. The 
pH of 'pH 4 As-HFO coprecipitate' decreased as ageing proceeded, but at such a high 
rate that it was impossible to prevent its pH from occasionally dropping 
approximately one unit below the desired value (pH 4) between buffering cycles. 
Buffering was achieved by the judicious addition of small amounts of 5M KOH 
every 2-3 days near the start of the ageing period, and 1M KOH every 4-5 days 
subsequently. Immediately prior to each pH buffering cycle, approximately 40 ml 
was collected from the well mixed sample. As with the 'As-HFO' samples, no 
attempt was made to exclude C02(g) during the ageing process. Centrifugation, 
aqueous sample analysis and adsorption sample storage was conducted in the same 
manner as for the other 'As-HFO' samples. 'pH 4 As-HFO coprecipitate' samples 
were also characterised by XRD. 
5.2.4 Arsenic interaction with green rust 
5.2.4.1 Preparation of green rust with adsorbed As(V) (As-GR' sample 
series) 
The method of Schwertmann and Fechter (1994) was followed to prepare 
sulphate green rust (GR2(SO42-)) with the expected approximate bulk formula 
Fe(11)2Fe(III)(OH)5(SO4). Light was excluded from all samples during preparation 
and analysis to prevent unwanted photoredox reactions. Sample preparation took 
place in a 500 ml straight-sided polythene beaker. This contained a magnetic 
follower and was capped by an airtight PVC lid with holes for pH electrodes, gas 
inlet/outlet ports and sample ports (Fig. 5.2). Sample details are summarised in 
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Fig. 5.2. Reaction vessel used to prepare samples of green rust to which As(V) was 
added after formation ('As-GR' sample series) and prior to nucleation ('As-GR('O' 
series). The total volume of the reaction vessel was 500 nil, and it was wrapped in 
aluminium foil at all times to exclude light which may have otherwise caused 
unwanted photoredox reactions. The 1M NaOH was supplied by a Metrohm 718 
pH-stating titrator; it was stored in a plastic reagent bottle prior to delivery to the 
reaction vessel to prevent possible leaching of silica from the walls of a glass reagent 
bottle. 
Initially, 370 ml of MilliQ water was added to the beaker and purged with 
Na(g) for 48 hours to remove dissolved oxygen prior to the addition of 20.57 g of 
FeSO4.7H-2O. The resulting light green solution was continually purged with N-, (g) 
whilst the pH was raised from an initial value of -3.4 to pH 7.0 over a 15 minute 
period by the addition of CO2/N2-free 1.0 M NaOH from a Metrohm 7 18 pH-stat 
titrator. Once pH 7.0 was reached, the N2(g) flow was replaced with laboratory air 
supplied by a small pump via an open ended 4 nun ID glass tube. The light green 
solution started to darken in colour and become more turgid as soon as air flow 
began, and passed through consecutive dark green-blue, ochre-green and finally 
bright orange stages over a period of approximately 6 hours. Because the 
oxidation/hydrolysis reaction liberates protons, the 718 titrator was required to 
constantly add 1.0 M NaOH throughout the reaction to maintain pH at 7.0 ± 0.1. 
The rate of base addition was high for the first -100 minutes of reaction (-0.6 
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ml/min), but subsequently decreased to a much lower and constant value of -0.03 
ml/min. 
The dark green suspension was first sampled after 50 minutes, and 14.7 ml of 
a 1340 ppm As(V) stock solution was then added. Further samples were collected 
periodically throughout the course of the 18 hour reaction. Sampling was achieved 
with 20 ml plastic syringes fitted with 50 mm long needles that were used to pierce 
rubber septa in the sample ports (Fig. 5.2). The suspension collected in this way was 
transferred immediately to 50 ml screw-top polypropylene copolymer centrifuge 
tubes that were filled to the brim with no trapped air. These were stored in the dark 
at room temperature for the duration of the reaction and then centrifuged after the 
last sample had been collected. This allowed the arsenic in solution ample time to 
equilibrate with the solid phase. 
Centrifugation and aqueous sample analysis was conducted in the same 
manner as for the ferrihydrite ageing samples (section 5.2.2.2). All of the green rust 
adsorption samples were frozen immediately after collection to prevent oxidation 
during storage. This was achieved by briefly immersing the centrifuge tubes in 
which they were contained in liquid nitrogen. Note that the concentration of 
dissolved iron was also measured by ICP-AES in all samples to establish the 
relationship between levels of dissolved arsenic and iron as a function of reaction 
time. 
X-ray diffraction was used to determine the mineralogy of all samples. The 
XRD slides were prepared by air-drying a glycerol-based suspension of each sample 
onto small glass discs. The glycerol-based suspension was generated by quickly 
mixing a drop of each green rust sample with a small amount of glycerol. This 
resulted in a viscous paste which protected the air-sensitive samples against 
oxidation during XRD analysis (Hansen et al., 1994). Note that there was no 
significant difference in diffraction patterns collected from a fully oxidised sample 
with and without the glycerol matrix (see section 5.3.3.2). Comparison of the 
relative intensity of observed green rust and lepidocrocite diffraction peaks allowed a 
qualitative assessment of the rate of green rust oxidation. 
The reproducibility of the green rust preparation method was verified by 
generating a set of duplicate samples and analysing them by XRD. The results from 
both sets of samples were in good agreement. 
5.2.4.2 Preparation of green rust with coprecipitated As(V) ('As-GRCO' 
sample series) 
A series of green rust samples were prepared and progressively oxidised in 
the presence of As(V) using exactly the same method that was used to prepare the 
'As-GR' sample series, with the exception that the As(V) stock solution was added 
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prior to, rather than after, the nucleation of green rust from solution. Samples were 
first collected 1 hour after green rust formation commenced, and then periodically 
throughout the 18 hour reaction. Sample collection and treatment was exactly the 
same as detailed in section 5.2.4.1. 
5.2.5 Sulphidisation of As(V)-contaminated goethite 
5.2.5.1 Sample preparation 
A 41.5 g L-1 goethite stock suspension was prepared according to the method 
detailed in section 5.2.6.1. Approximately 125 ml of this stock suspension was 
added to the reaction vessel shown in Fig. 5.3 and made to a total volume of 1.0 L 
with MilliQ water with a 0.1 M NaC1O4 background electrolyte. A pipette was then 
used to add 20.0 ml of a 1340 ppm As(V) stock solution to the reaction vessel, and 
the pH of the As(V)-goethite suspension was subsequently buffered from -pH 8.5 to 
pH 6.0 by the addition of a small amount of 10% HNO3. After 5 minutes at pH 6.0, 
two 20 ml samples (GS2 and GS bulk chem. ) were collected using 20 ml plastic 
syringes with 50 mm stainless steel tips. 
Following equilibration at pH 6.0 ± 0.1 for approximately 2 days, sample 
GS3 was collected as per GS2. After a further day of equilibration at pH 6.0 ± 0.1, 
the suspension began to be purged with H2S(g). This was delivered to the closed 
reaction vessel in a nitrogen carrier gas following generation by the slow addition of 
10% HCl to a stirred -1M HNaS solution in a roundbottom flask (Fig. 5.3). The 
HC1 was fed by a Metrohm 721 autotitrator at a rate of 0.5 ml min-1 for the first 4 
hours and 0.1 ml min-1 subsequently. Purging with hydrogen sulphide caused the 
pH of the suspension to drop from 6.0 to a stable value of 5.2 ± 0.1 over a4 hour 
period. Although the suspension was still an ochre yellow colour after 2 hours of 
hydrogen sulphide flow, it had turned deep olive green-black when sample GS4 was 
collected (as per GS2) after 4.5 hours. It is interesting to note that very brief 
exposure to air caused the deep olive green-black suspension to revert to its previous 
ochre yellow colour at this stage in the sulphidisation. 
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Fig. 5.3. Experimental apparatus used to sulphidise As(V)-contaminated goethite. 
The lid of the reaction vessel is on a central threaded shank, and was moved down 
(by turning the large knurled wheel) each time samples were taken to ensure that 
subsequent samples could be collected and that the electrode remained submerged. 
Rubber O-rings under all threaded plugs and around the lid ensured that the reaction 
vessel was gas-tight at all times. H2S((,, ) was generated by the slow dropwise 
addition of 10 % HCl to a-1M HNaS solution, and transferred to into the reaction 
vessel in an 02-free N2(g) carrier gas. Outlet gas was fed through a small conical 
flask of water to prevent atmospheric oxygen entering the reaction vessel through the 
outlet gas pipe. Diagram is not to scale; reaction vessel brim-full volume is - 1.5 L. 
Centrifugation, aqueous sample analysis (dissolved arsenic and iron 
concentration), adsorption sample storage (freezing) and characterisation (XRD) of 
samples GS2 to GS9 was performed in the same manner as for the green rust 
samples (section 5.2.4.1). Total dissolved hydrogen sulphide (H2S, HS- and S2-) 
was also determined in samples GS4 to GS9 by a method modified from Cline 
(1969) (see section 2.1.3 for further information). Samples were collected in 
duplicate (except for GS4 and GS6) with minimal exposure to oxygen. Dissolved 
sulphide was chemically fixed by mixing each I nil sample with 0.25 nil of a IW'zinc 
acetate solution, thereby allowing samples to he stored safely prior to analysis. 
During analysis, a UV-vis spectrophotometer (CECIL CE292, Cecil Instruments, 
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Cambridge, U. K. ) was used to measure colour intensity at 670 nm. The instrument 
was calibrated with previously prepared sulphide standards, all of which gave 
absorbance values below 0.92. This was of importance because colour intensity 
obeys Beer's Law in this region, ensuring a linear response from the instrument. The 
detection limit under these conditions is < 10 µM. There was excellent agreement 
between sulphide standard concentrations measured before and after sample 
analysis, indicating the high reproducibility of this method and the low level of 
instrument drift. 
Sample 'GS bulk chem. ' was not frozen. It was analysed within 2 hours of 
collection to ascertain the bulk chemistry of the initial As(V)-contaminated goethite 
suspension. Analysis was performed in the following manner: 5 ml of the 
thoroughly mixed 'GS bulk chem. ' sample was dissolved in approximately 5 ml of 
warm concentrated HCI. The resulting clear solution was diluted with MilliQ water 
by a factor of 20 for arsenic analysis and by a factor of 2000 for iron analysis (both 
by ICP-AES). These analyses show that the suspension initially consisted of 29.6 
ppm arsenic and 5.05 g L-1 goethite. The As/(As+Fe) ratio was thus 6.89 x 10-3. 
Using a maximum As(V) adsorption density on goethite of 1.58 sites nm-2 (derived 
from Sun and Doner, 1996), 90% of the goethite surface sites were initially 
occupied. 
5.2.6 Preparation of EXAFS reference standards 
A number of samples were prepared- from highly characterised starting 
materials for use as the EXAFS standards. The data collected from these standards 
was used for reference whilst analysing EXAFS data from the 'unknown' samples. 
5.2.6.1 As(V) on goethite, hematite and lepidocrocite 
Goethite was prepared by hydrolysing a ferric nitrate solution at pH 12-13 
and 70 °C for 60 hours (Schwertmann and Cornell, 1991). Plastic labware was used 
throughout to avoid the danger of the high pH solution leaching silica from 
glassware. The ochre yellow precipitate was collected by centrifugation and cleaned 
by dialysis against frequently changed MilliQ water for one week. The general 
crystal morphology was examined by TEM and electron diffraction. Goethite 
crystallites measured approximately 4000 nm long by 150 nm wide. They displayed 
a characteristic elongate lath-like morphology with a diamond shaped cross-section 
bounded mainly by the (110) surfaces with little or no contribution from the (100) 
and (010) surfaces. The chain terminations were bounded by the (021) surfaces 
which are estimated to comprise -2 % of the overall crystal surface area (Fig. 3.2). 
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Hematite was prepared by hydrolysis of ferric nitrate (Schwertmann and 
Cornell, 1991). Two litres of 0.002 M HNO3 in a Duran flask was heated to 98 OC in 
an oven. Precisely 16.6 g of un-hydrolysed Fe(N03)3.9H20 were then added with 
vigorous stirring to generate a 0.02 M Fe(III) solution. The closed Duran flask was 
then held at 98 °C for seven days, after which the bright red precipitate was collected 
and washed by repeated centrifugation and re-suspension in fresh MilliQ water. 
Lepidocrocite was prepared by the oxidation/hydrolysis of a FeC12 solution at 
pH 6.7 - 6.9 (Schwertmann and Cornell, 1991). The product was collected and 
cleaned using the method described above for goethite. Transmission electron 
microscopy showed the crystallites to measure approximately 300 nm long by 125 
nm wide, displaying the platy morphology (with thickness « width) that is 
characteristic of this mineral. The ends of the crystallites had a serrated appearance 
whilst the sides were relatively straight. 
Each cleaned mineral suspension was stored as a refrigerated stock 
suspension prior to use. The identity and purity of the crystalline products was 
confirmed by X-ray powder diffraction of randomly oriented powder samples. 
Additionally, the surface area of goethite (34 ±3 m2 g-1), hematite (20 m2 g-1) and 
lepidocrocite (88 ±3 m2 g-1) was determined by BET surface area analysis following 
12 hours of outgassing with N2(g). The analytical error of ±3 m2 g-1 was 
determined by repeated measurements. 
Immediately prior to preparation of the EXAFS reference standards, aliquots 
of the goethite, hematite and lepidocrocite stock suspensions were air dried at -500C 
for 48 hours. The dry material was then crushed with an agate mortar and pestle. In 
all cases, precisely 0.50 g of the resulting fine powder was weighed out into 370 ml 
of MilliQ water with a 0.1 M NaC1O4 background electrolyte. The added mineral 
powders were thoroughly dispersed by a combination of stirring and treatment in an 
ultrasound bath, and were allowed to re-hydrate over a 24 hour period. 
Subsequently, 0.93 ml of a 1340 ppm As(V) stock solution was added to the goethite 
suspension, and 1.12 ml of the same stock solution was added to the hematite and 
lepidocrocite suspensions with stirring. The goethite and hematite suspensions were 
equilibrated at pH 3.9 ± 0.05 under ambient temperature and atmospheric conditions 
for 24 hours with the use of a Metrohm 718 pH stat titrator containing 0.1 M HNO3. 
The same conditions and equipment were used during equilibration of the 
lepidocrocite suspension, except that pH was maintained at 7.0 ± 0.05 by the 
addition of 0.1 M NaOH from the titrator. 
It should be noted that a maximum of 0.7 ml of HNO3 or NaOH was added to 
any sample to achieve the desired pH, and that such additions resulted in minimal 
changes in total sample volume. Centrifugation, aqueous sample analysis and solid 
sample storage was conducted in the same manner as for the ferrihydrite ageing 
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samples. Percentage surface loading values, which describe the proportion of 
available surface sites occupied by adsorbed arsenic, were calculated using a surface 
site density for As(V) on goethite of 1.58 sites nm-2 derived from Sun and Doner 
(1996). 
5.2.6.2 Mineral reference standards 
Samples of orpiment (As2S3) and scorodite (FeAs04.2H2O) were obtained 
from University of Bristol, Department of Earth Sciences, courtesy of Dr. Liz 
Loeffler. The samples were ground to a fine powder in an agate mortar and pestle 
that was part-filled with acetone to keep dust down. Small drops of the acetone- 
based suspension were dried onto glass discs, and subsequently analysed by XRD to 
confirm the mineralogy of each sample. The remainder of the powdered samples 
was spread into a fine coating on layers of Sellotape. The coated layers of tape were 
subsequently made into EXAFS samples by cutting them up and stacking them one 
on top of the other. 
5.2.7 EXAFS theory, data collection and analysis 
5.2.7.1 General description of EXAFS spectroscopy 
An EXAFS spectral scan is obtained by measuring X-ray absorption over a 
range of photon energies which includes the 'absorption edge' of the element of 
interest (e. g. Brown et al., 1988,1995; Charlet and Manceau, 1993). Curve fitting 
allows determination of the average number (Nj) (± 20 %) of atoms in the jth atomic 
shell, their distance (Rj) (± 0.02 A) from the central excited cadmium atom, their 
identity, and the associated Debye-Waller factor (2(yj2) (e. g. Brown et al., 1988). 
The latter parameter represents the mean square of variation in distance between the 
element of interest and the shell under consideration. It accounts for damping of the 
EXAFS oscillations due to thermal vibration (ßT) and static disorder (as) within 
atomic shells (e. g. Brown et al., 1995). The quality of the fit between the 
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where a is the standard deviation of the difference between experimental ()Cxperiment) 
and theoretical (xtheory) EXAFS functions over a specified k range. For poorly 
ordered mineral-aqueous systems such as those described here, an R value between 
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20% and 40% indicates an acceptable match between theory and experiment (Dent 
and Mosselmans, 1992). 
5.2.7.2 Data collection 
EXAFS data were collected at the CLRC Synchrotron Radiation Source at 
Daresbury Laboratory, U. K. Spectra were collected at the arsenic K-edge (11.8667 
keV) on station 16.5. Data from the aged As-HFO samples and the associated As(V) 
on goethite/hematite reference standards was collected under room temperature 
conditions. However, data from the green rust and goethite sulphidisation samples 
and the As(V) on lepidocrocite reference standard was collected at 77 K to minimise 
the risk of oxidation. Station 16.5 is equipped with a water cooled, harmonic 
rejecting double crystal Si (311) monochromator and a 1.2m long plane mirror 
which is bent to provide vertical focusing. Because the focusing mirror minimised 
higher harmonics in the EXAFS spectra, it was not necessary to detune the 
monochromator during data collection. The storage ring energy was 2.0 GeV and 
the beam current varied between 130 and 240 mA during data collection. Each 
adsorption sample was presented to the X-ray beam as a viscous paste held by 
Sellotape in a2 mm-thick Teflon slide with a4x 15 mm sample slot. EXAFS data 
were collected from the samples and goethite/hematite/lepidocrocite standards 
during four to six fluorescence mode scans using an Ortec 30-element solid state 
detector. EXAFS data were also collected from the EXAFS reference standards 
scorodite (FeAsO4.2H2O) and orpiment (As2S3) in three room temperature 
transmission mode scans. Both minerals were presented to the X-ray beam as a 
finely ground powder that was evenly spread on layers of Sellotape. These were 
stacked one atop of the other to achieve a suitable EXAFS signal. 
5.2.7.3 Data analysis 
EXAFS data reduction was performed using Daresbury Laboratory software 
(EXCALIB and EXBACK) (Binsted et at., 1991). EXCALIB was used to calibrate 
from monochromator position (millidegrees) to energy (eV) and to average multiple 
spectra from individual samples. EXBACK was used to define the start of the 
EXAFS oscillations and perform background subtraction. 
The exact curved wave theory EXAFS analysis program EXCURV98 
(Gurman et al., 1984,1986; Joyner et al., 1987; Gurman, 1988; Binsted et al., 1991, 
1992) was used to analyse the EXAFS data. This process involved the comparison 
of experimental data with theoretical EXAFS oscillations that were derived by 
EXCURV98 from model clusters. The geometry of these clusters was based on 
knowledge of the likely arsenic coordination environment in each sample. In all 
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cases, the cluster that provided the closest initial fit underwent least squares 
refinement of: Debye-Waller factor, number of atoms per shell, As-X distance, and 
Fermi energy to improve the fit between its theoretical oscillations and the 
experimental data. This caused the composition and geometry of the model cluster 
to approach the true structure and chemistry of the adsorption complex. The value of 
some parameters were held constant in the early stages of fitting, but all parameters 
were normally unconstrained during the final stages of data analysis. The model 
clusters initially consisted of only one atomic shell. Successive shells were added to 
the theoretical model until each significant peak in the Fourier transform of the 
EXAFS data was accounted for. Statistical tests (Joyner et al., 1987) were 
performed to ascertain the significance of each new atomic shell, and only those 
which improved the fit between theory and experiment at the 99% level of 
confidence were retained. 
Refining theoretical models to find agreement with experimental data in this 
way provided shell parameters that describe the average local coordination 
environment around adsorbed arsenic. Care was taken during curve fitting to check 
whether any of the atomic shells could be assigned to the known structure of arsenic- 
containing solids such as scorodite (FeAs04.2H20). 
The phase-shift functions used in the curve fitting were derived by ab initio 
methods in EXCURV98 using Hedin-Lundqvist potentials (Hedin and Lundqvist, 
1969) and von Bart ground states. The use of theoretical values is justified by good 
agreement between the structures of scorodite and orpiment derived from EXAFS 
data in this study using theoretical phase-shift functions (Fig. 5.4) and the published 
data from these minerals (Kitahama et al., 1975; Helz et al., 1995). 
5.2.8 Interpretation of EXAFS data 
To a first approximation, the inner sphere complexation of As(V) with iron 
(oxyhydr)oxide mineral surfaces can be described by the combination of Fe(O, OH)6 
octahedra at the mineral surface and H2AsO4 tetrahedra from solution. These can 
be linked by sharing edges, corners or apices. Because each type of linkage results 
in a discrete and characteristic As-Fe distance, EXAFS spectroscopy can be used to 
discriminate between the different mechanisms of attachment. For instance, single 
edge sharing between arsenic and ferric iron octahedra results in an As-Fe distance 
of -2.8 ± 0.1 
A, double corner sharing leads to an As-Fe distance of -3.3 ± 0.1 
A, 
and single corner sharing results in a As-Fe distance of 3.6 ± 0.1 A (Waychunas et 
al., 1993; Manceau, 1995). This is known as the 'polyhedral approach' to EXAFS 
data interpretation (e. g. Combes et al., 1989). 
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5.3 RESULTS AND DISCUSSION 
5.3.1 EXAFS reference standards 
EXAFS data from the EXAFS reference standards are shown in Fig. 5.4 and 
summarised in Table 5.1. 
Table 5.1. EXAFS results from EXAFS reference standards. CNX is number of atoms 
in a shell at distance RX (A) from the central cadmium atom. 2ß2X (A2) is the 
associated Debye-Waller factor. The R factor gives a measure of the agreement 
between experimental and theoretical EXAFS curves. R< 20% indicates a very good 
fit whereas R: 5 40% is acceptable. 
Sample RAs-0 CNO RAs-S CNs RAs-Fel CNFe1 RAs-Fe2 CNFe2 R 
2020 2&s 2a2Fe1 202Fe2 factor 
Scorodite 1.68 4.0 -- 3.38 3.9 -- 25.1 
FeAsO4" 0.004 0.013 
2H20 
As(V) on 1.69 4.0 -- 2.85 0.8 3.31 1.5 22.0 
goethite 0.004 0.019 0.011 
36.6% SL 
0.24 wt% 
As(V) on 1.69 4.0 -- 2.86 1.1 3.32 1.1 20.0 
hematite 0.005 0.020 0.014 
0.29 wt% 
As(V) on 1.69 4.0 -- -- 3.32 1.7 22.0 
lepidocro. 0.003 0.011 
17.4% SL 
0.3 wt% 
Orpiment -- 2.29 2.9 3.20 1.0 As 3.56 2.4 As 21.2 
As2S3 0.005 As-As 0.016 As-As 0.020 
Notes: 
t% SL = percentage surface loading, which describes the proportion of 
available surface sites occupied by adsorbed arsenic. These values were 
calculated using a maximum surface site density for As(V) of 1.58 sites nm-2 





























Fig. 5.4. EXAFS (left) and FT (right) plots for 
EXAFS reference standards. Aside from the first 
shell of tetrahedrally coordinated oxygen atoms 
around As(V), the As(V) on goethite and As(V) 
on hematite plots have prominent contributions 
from iron shells at 2.85 A and 3.32 A. These can 
be assigned to single edge- and double corner 
sharing adsorption mechanisms. Only the latter 
shell is observed for As(V) on lepidocrocite. The 
As-Fe = 3.38 A in scorodite is assigned to single 
corner sharing linkages on the basis of the 
structure of this mineral. The EXAFS and FT 
plots for orpiment are distinctly different, with a 
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The spectra from all samples except orpiment are dominated by a shell of 
four oxygen atoms at a distance of 1.69 A from the central As(V) atom. The low 
Debye-Waller factors (0.003 - 0.005 
A2) for this shell are an indication of its rigidity. 
Beyond the oxygen shell, iron shells at As-Fe distances of 2.85 - 2.86 
A and 3.31 - 
3.32 A are clearly visible in the As(V) on goethite and As(V) on hematite FT plots. 
On the basis of geometrical considerations, these are assigned to (bidentate) single 
edge- and (bidentate) double corner sharing adsorption mechanisms (Fig. 5.5). 
There is no evidence for (monodentate) single corner sharing adsorption, which has a 
characteristic As-Fe distance of 3.65 A (Waychunas et al., 1993). Bidentate arsenate 
site attachment should be strongly favoured thermodynamically and kinetically over 
monodentate attachment because of the greater strength of the bidentate chemical 
bonding, and the likelihood that any monodentate arsenate can add a bond and 
become bidentate (Waychunas et al., 1993). Thus, it is possible that monodentate 
adsorption is not observed because the sorption capacity of the more favourable 
bidentate adsorption sites is not exceeded at the studied surface loading levels. 
The observed interatomic distances and coordination numbers are in good 
agreement with previous studies of As(V) adsorption on goethite, which identified 
As-Fe distances of 2.80 A-2.83 A (Manceau, 1995) and 3.29 A (Waychunas et al., 
1993). There has, however, been some debate in the literature as to the importance 
of the 2.80 - 2.83 
A (edge sharing) shell. Waychunas et al. (1993,1995) find little or 
no EXAFS evidence for its existence, and argue that arsenate tetrahedra would have 
to be deformed in order to achieve single edge adsorption. Conversely, Manceau 
(1995) provides good EXAFS evidence for the adsorption of significant amounts of 
arsenate at the edge sharing sites; the results presented here are in strong agreement 
with the latter view. 
Although the fits for As(V) on goethite and As(V) on hematite yield very 
similar numbers, the ratio of CNFe1 to CNFe2 is higher in the case of hematite. This 
suggests that single edge sharing adsorption is more important in this sample than it 
is in the case of As(V) on goethite. , 
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As-O = 1.69 A 
As-Fe = 2.85 A 
Single edge 
As-O = 1.69 A 
As-Fe = 3.31 A 
As-O = 1.69 A 
As-Fe = 3.65 A 
Double corner Single corner 
Fig. 5.5. Mechanism of arsenate attachment on Fe(O, OH)() octahedra. The 
associated interatomic distances are for As(V) adsorbing to Fe(Ill)OO octahedra, and 
will he slightly longer for As(V) adsorption on Fe(11)O(, octahedra. As-Fe distances 
are from Waychunas et at. (1993) and Manceau (1995). 
The dominant iron shell contribution in As(V) on lepidocrocite is at an As-Fe 
0 distance of 3.32 A (Fig. 5.4 d), indicating that As(V) predominantly adsorbs to this 
mineral via a double corner sharing mechanism. Inclusion of a shell containing 1.0 
0 iron atom at 2.85 A does improve the agreement between theory and experiment in 
the FT plot. Since it does not, however, lead to a statistically significant 
improvement in the quality of the fit to the EXAFS data, the 2.85 A shell is not 
included in the final fit (Table 5.1). 
Thus, arsenate adsorbs to all of the EXAFS reference standards by forming 
inner sphere bonds with hydroxyl groups at the mineral surface. This is consistent 
with the findings of previous spectroscopic studies (e. g. Waychunas et al., 1993, 
1995; Hsia et al., 1994; Manceau, 1995; Sun and Doner, 1996; Fendorfet al., 1997) 
and wet chemistry studies (e. g. Grossl and Sparks, 1995). The results of a pressure- 
jump relaxation study also support the suggestion that As(V) bonds to iron 
(oxyhydr)oxides by forming inner sphere complexes (Grossl et al., 1997). 
Aside from the tetrahedral oxygen shell, the scorodite (FeAsO4"211,0) 
spectra are dominated by a single iron shell at an As-Fe distance of 3.38 A. This is 
in good agreement with the As-Fe distance of 3.358 A derived by Kitahama et al. 
(1975) using XRD, and gives us confidence that the phase shifts (derived by ah 
initio methods in EXCURV98) used during EXAFS data analysis are accurate. The 
0 As-Fe distance of 3.38 A is assigned to single corner linkages between arsenate 
tetrahedra and Fe06 octahedra, on the basis of the known crystal structure of this 
mineral (Fig. 5.6). Single corner sharing with it linear bond through the apices of 
FeOO octahedra and arsenate tetrahedra should yield the greatest possible As-Fe 
distance (Fig. 5.5); Waychunas et al. (1993) suggest that this is 3.65 A for As(V) 
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adsorbed on goethite. The As-Fe distance observed in scorodite is not as lame as 
this because the As-O-Fe bonds are non-linear (Fig. 5.6). 
Fig. 5.6. The crystal structure of scurodite (FcAsO. t. 211, O). Diagram created in 
CrystalMaker 2.1.0 (Palmer, 1996) using data from Kitahama et al. (1975). 
The orpiment EXAFS data and its Fourier transform (Fig. 5.4 c) arc distinctly 
different to those from adsorbed As(V) (Fig. 5.4 a-d). The most prominent feature of 
the data is a shell of three sulphur atones at an As-S distance of 2.29 A, outside 
which there are arsenic shells at As-As distances of 3.20 A and 3.56 A (Table 5. I ). 
The interatomic distances and coordination numbers derived from this data are in 
good agreement with the findings of a previous EXAFS study of this mineral (l ielz 
et al., 1995). This gives us further confidence that the phase shifts used during 
EXAFS data analysis are correct. 
5.3.2 Ageing of arsenic-contaminated ferrihy, drite 
5.3.2.1 Chemical observations, from ageing ofarsenic-cou1annrnatecl /'rrih\. tlrite 
Iron was not released to solution during ageing of any arsenic-contaminated 
ferrihydrite (As-HFO) sample. More importantly, there was no release of arsenic to 
solution during ageing. This indicates that even though the iron oxyhydroxidc 
sorbents were becoming increasingly crystalline (see section 5.3.2.2), with a 
concomitant decrease in reactive surface area highly likely (Fuller et al., 1993), the 
sorption capacity for As(V) was not exceeded. To put this into perspective, let us 
assume that all of the ferrihydrite in 'Low As-HFO', 'Med. As-HFO' and 'Hi`gh As- 
HFO' had aged into goethite with a surface area of 30 m2 g 1. If this were the case, 
the percentage of available surface sites occupied by As(V) in these threc samples 
would be 48%, 238% and 478%, respectively. The lack of As(V) release is almost 
certainly a result of the fact that 'High As-HFO', and 'Med. As-HFO' to a lesser 
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extent, underwent incomplete transformation during the 1076.5 hour reaction time 
(see section 5.3.2.2). It may also be due in part to the low pH of the system (-pH 4) 
which favours As(V) sorption. These findings differ from those of Fuller et al. 
(1993), who observed the release of arsenic during the room temperature ageing of 
an As(V)-HFO coprecipitate at -pH 8. It also differs markedly from my findings 
during the ageing of Cr(III)-contaminated ferrihydrite at pH 12.9, where a constant 
release of chromium was observed (Chapter 6). 
All sample supernates tended to become more acidic as ageing proceeded. 
The pH of 'No As-HFO', 'Low As-HFO', 'Med. As-HFO' and 'High As-HFO' 
decreased at a rate of 0.1 to 0.3 units per day near the start of the reaction. This rate 
gradually decreased to a constant value of 0.01 to 0.1 units per day after about 
twenty days, presumably as the ferrihydrite precursor was progressively reacted 
away. The rate of pH decrease always followed the same order: 'No As-HFO' > 
'Low As-HFO' > 'Med. As-HFO' > 'High As-HFO'. This, combined with the fact 
that the colour change after 1076.5 hour of ageing was greatest in 'No As-HFO' and 
least in 'High As-HFO', suggests that the measured rate of pH decrease was a 
reasonable indicator of reaction rate. 
The rate of pH decrease in the 'pH 4 As-HFO coprecipitate' sample was 
always greater than in all other As-HFO samples. It was initially 0.45 units per day 
and decreased to a constant value of -0.15 units per day after twenty days. This 
sample had an As/(As+Fe) ratio very similar to that of 'Low As-HFO' (0.0054 and 
0.0033, respectively). Consequently, the difference in the rate of pH change 
suggests that the reaction in 'pH 4 As-HFO coprecipitate' proceeded in a slightly 
different manner to that in the other As-HFO samples. 
5.3.2.2 X-ray diffraction results from ageing of arsenic-contaminated ferrihydrite 
X-ray diffraction powder patterns from the goethite and hematite EXAFS 
reference standards are shown in Fig. 5.7 (a) and (b) for comparison with data from 
the As-HFO ageing products (Fig. 5.7 c-g). Peak positions and relative intensities in 
Fig. 5.7 (a) and (b) are in good agreement with JCPDS cards 29-713 (goethite) and 
13-534 (hematite), respectively. 
The diffraction peaks in powder patterns from the 'No As-HFO' series of 
samples can almost exclusively be assigned to goethite (Fig. 5.7 c). The two non- 
goethite peaks are relatively weak and can be assigned to hematite, indicating the 
presence of trace amounts of this mineral. This is to be expected since previous 
studies have shown that the product of ferrihydrite ageing at pH 4 is 95% goethite 
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Fig. 5.7 a. Goethite XRD reference standard. Numbers in parentheses are 
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Fig. 5.7 b. Hematite XRD reference standard. Numbers in parentheses are 
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Fig. 5.7 c. XRD powder patterns from As(V)-free ferrihydrite (No As-HFO) samples 
collected on (a) 27/6, (b) 6/7, (c) 10/7, (d) 16/7 and (e) 26/7/98 after ageing at 60±3°C. 
(d) 452.5 hours 
(c) 303.5 hours 
ýOANO 
(b) 210.5 hours 
0.0 hours 
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Fig. 5.7 d. XRD powder patterns from ferrihydrite samples with As/As+Fe = 0.0033 
(Low As-HFO) collected on (a) 27/6, (b) 6/7, (c) 10/7, (d) 16/7 and (e) 26/7/98 after 
ageing at 60±3°C. 
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(d) 452.5 hours 
M11 
(c) 303.5 hours 
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Fig. 5.7 e. XRD powder patterns from ferrihydrite samples with As/As+Fe = 0.016 
(Med. As-HFO) collected on (a) 27/6, (b) 6/7, (c) 10/7, (d) 16/7, (e) 26/7 and (f) 
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Fig. 5.7 f. XRD powder patterns from ferrihydrite samples with As/As+Fe = 0.032 
(High As-HFO) collected on (a) 27/6, (b) 6/7, (c) 10/7, (d) 1617 and (e) 26/7/98 after 
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Fig. 5.7 g. XRD powder patterns from ferrihydrite samples which were nucleated in the 
presence of As(V) to yield a solid with As/As+Fe = 0.0054 ('pH 4 As-HFO 
coprecipitate'), and collected on (a) 5/7, (b) 6/7, (c) 10/7, (d) 16/7, (e) 26/7 and (f) 
11/8/98 after ageing at 60±3°C. 
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In contrast to the 'No As-HFO' powder patterns, those from the 'Low As- 
HFO' sample series (As/(As+Fe) = 0.0033) contain several hematite peaks (Fig. 5.7 
d). However, the low intensity of these relative to goethite-only peaks such as the 
(110) and (111) suggests that hematite still comprises a relatively small component 
of these samples. Exactly how small is hard to say because several of the most 
diagnostic goethite and hematite diffraction peaks coincide, and it is impossible to 
tell how much each mineral is contributing to the intensity of a given peak. 
Notwithstanding this, a reasonable estimate of the composition of the final ageing 
product is 80-90% goethite and 10-20% hematite. This would be consistent with the 
fact that the final colour of the 'Low As-HFO' suspension was largely ochre yellow 
(goethite) with a tinge of red (hematite). 
Increasing As/(As+Fe) by a factor of five from 0.0033 to 0.016 ('Med. As- 
HFO'; Fig. 5.7 e) dramatically reduces the goethite content of the final ageing 
product to below levels detectable by XRD (<_ 5 vol%). All of the diffraction peaks 
in the 'Med. As-HFO' powder pattern can be assigned to hematite, but broad humps 
are still visible between 30-50 degrees 20 and 60-70 degrees 20, even after 1076.5 
hours of ageing. These coincide with the broad humps that are characteristic of the 
2-line ferrihydrite starting material (Schwertmann and Cornell, 1991) (see time 0.0 
hours in Fig. 5.7 e), and suggest that significant amounts of ferrihydrite remain at the 
end of the ageing process. This finding is important because it explains how the 
As(V) sorption capacity of 'Med. As-HFO' was not exceeded during ageing. If all of 
the ferrihydrite had aged to hematite, the bulk surface area of the sample would have 
decreased to a point where arsenic would probably have been released to solution. 
Increasing As/(As+Fe) still further to 0.032 effectively arrests the ageing 
process altogether (Fig. 5.7 f). It is clear that there is no development of any 
crystalline phase. This again explains how 'High As-HFO' was able to hold onto its 
high As(V) loading. 
It is evident that the presence of As(V) during nucleation has a significant 
effect on the rate at which the ageing process proceeds. It is also clear from Fig. 5.7 
(g) that it exerts a significant influence on the product of the ageing process. 
Although the As/(As+Fe) value for 'pH 4 As-HFO coprecipitate' (0.0054) is only 
slightly larger than that for'Low As-HFO' (0.0033), the 'pH 4 As-HFO coprecipitate' 
ageing product consists entirely of hematite, whereas that from 'Low As-HFO' 
contains just 10-20% hematite. In addition to this, the diffraction peaks in 'pH 4 As- 
HFO coprecipitate' are very sharp and the background is very low, unlike that of 
'Med. As-HFO'. This indicates that >90% of the available ferrihydrite has aged into 
hematite. If this is the case and it is assumed that the resulting hematite has a surface 
area of 30 m2 g-1, the percentage surface loading is 86%. It is likely that no arsenic 
was released to solution during the ageing of 'pH 4 As-HFO coprecipitate' because 
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the sorption capacity was not exceeded. It should be pointed out that increased 
hematite content of 'pH 4 As-HFO coprecipitate' does not arise simply from the fact 
that it was aged at a slightly lower pH than the other As-HFO samples (section 
5.2.3); even at pH 3 the product of ferrihydrite ageing is expected to be 88% goethite 
and 12% hematite (Schwertmann and Murad, 1983). 
In summary, increasing levels of As(V) have two major effects on the ageing 
of arsenic-contaminated ferrihydrite. Firstly, increasing arsenic content favours the 
formation of hematite over goethite, all other conditions being equal. Secondly, the 
rate of reaction decreases significantly as As/(As+Fe) increases, and is effectively 
arrested at a value of 0.032. 
The first observation is explained by the fact that hematite forms via internal 
dehydration and rearrangement whilst goethite forms via dissolution and re- 
precipitation (Fischer and Schwertmann, 1975). At a given pH, the former 
mechanism is favoured by clumping of particles. Since the ease of sample settling 
during centrifugation was observed to increase with arsenic content, it seems likely 
that As(V) facilitates the necessary aggregation of ferrihydrite particles. A 
mechanism was proposed for this by Waychunas et al. (1996). 
The second observation is partly explained by the fact that arsenate binuclear 
surface complexes are highly effective at inhibiting both the reductive (e. g. by H2S) 
and non-reductive dissolution of iron (oxyhydr)oxides such as goethite (Biber et al., 
1994). This phenomenon is due to (1) the large activation energy which must be 
overcome to simultaneously detach two surface metal centres and to (2) the lack of 
additional surface protonation when uncharged binuclear or multinuclear complexes 
are formed (Biber et al., 1994). It is also partly explained by the fact that As(V) is 
known to poison the growth of iron oxyhydroxides by blocking crystal growth sites 
(Waychunas et al., 1996). Whilst dissolution and crystal growth both become 
increasingly retarded with rising arsenic levels, it is noteworthy that crystal growth is 
significantly inhibited even when arsenic surface loading is well below monolayer 
coverage (Waychunas et al., 1996). 
Finally, the point at which As(V) is introduced to the system also has an 
effect on the mineralogy of the final ageing product. 'Low As-HFO' and 'pH 4 As- 
HFO coprecipitate' had very similar As/(As+Fe) ratios and were aged under near 
identical conditions. Despite this, the former aged into 80-90% goethite/10-20% 
hematite whilst the latter aged into 100% hematite. 
Phenomena very similar to those observed here for arsenate have previously 
been observed for phosphate. This is not surprising since these two oxyanions share 
a very similar chemistry. Indeed, strong competitive adsorption has been observed 
between these two species on model iron oxyhydroxides (Manning and Goldberg, 
1996) and soils (Melamed et al., 1995). 
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5.3.2.3 EXAFS results from ageing of arsenic-contaminated ferrihydrite 
The EXAFS and FT plots from 'Low As-HFO' samples collected after 0, 
210.5,692.5 and 1076.5 hours of ageing and a 'Med. As-HFO' sample collected after 
210.5 hours are shown in Fig. 5.8 (a). The associated EXAFS data is summarised in 
Table 5.2. All samples have a shell of iron atoms at 2.79 - 2.87 
A which can be 
assigned to single edge sharing adsorption on ferrihydrite and the goethite that it 
ages into (Fig. 5.5). The two least aged samples (0.0 hours and 210.5 hours) 
additionally have a shell of iron atoms at 3.30 - 3.31 
A, which is consistent with 
bidentate corner sharing adsorption across the apices of adjacent ferric octahedra 
(Fig. 5.5). Although the XRD data shows that 'Low As-HFO' contains little or no 
goethite after 0.0 and 210.5 hours of ageing, the fits to the EXAFS data from these 
two early samples are very similar to that for the As(V) on goethite reference 
standard (Table 5.2). This is not surprising because the local structure of ferrihydrite 
is very similar to that of goethite and akaganeite ((3-FeOOH) (Manceau and Combes, 
1988; Combes et al., 1989; Shinoda et al., 1994). 
After 692.5 hours of ageing the 3.30 -3.31 
A iron shell is replaced by another 
at 2.95 - 2.96 
A, and following 1076.5 hours of oxidation, a third iron shell appears 
at 3.48 A. Indeed, there is an indication in the FT plot after 692.5 hours of ageing 
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Fig. 5.8 a. EXAFS (left) and FT (right) plots 
from a series of ferrihydrite samples to which 
As(V) was adsorbed prior to ageing at 60±3°C. 
The As/(As+Fe) of (a) to (d) is (0.0033) (Low As- 
HFO), and that of (e) is 0.016 (Med. As-HFO). 
Although the 3.42 A shoulder in (c) can be fit by 
including a shell containing 0.5 iron atoms at this 
distance, doing so does not significantly improve 
the quality of the fit to the EXAFS data. 
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Table 5.2. EXAFS results from 'Low As-HFO', 'Med. As-HFO' and 'pH 4 As-HFO 
coprecipitate' samples and EXAFS standards. CNX is number of atoms in a shell at 
distance RX (A) from the central cadmium atom. 2ß2X (A2) is the associated Debye- 
Waller factor. R gives a measure of the agreement between experimental and theoretical 
EXAFS curves. R< 20% indicates a very good fit whereas RS 40% is acceptable. Note 
that the Debye-Waller factors for the iron shells were constrained to 0.011 A2 during the 
final stages of fitting to allow the associated coordination numbers to be compared 
between samples. The freely refined Debye-Waller factors generally fell in the range 













'Low As-HFO' As/ As+Fe = 0.003 3 
0.0 hr 1.69 4.0 2.84 0.7 3.30 0.9 -- 19.8 
0.006 0.011 0.011 
210.5 hr 1.69 3.9 2.87 0.5 3.31 0.6 -- 22.3 
0.007 0.011 0.011 
692.5 hr 1.69 4.0 2.79 1.1 2.95 1.2 -- 22.0 
0.008 0.011 0.011 
1076.5 hr 1.69 4.1 2.79 1.3 2.96 1.3 3.48 0.6 20.8 
0.008 0.011 0.011 0.011 
Medium As-HFO As/(As+Fe) = 0.016 
210.5 hr 1.68 4.1 2.87 0.6 3.30 0.9 -- 24.4 
0.005 0.011 0.011 
'pH 4 As-HFO coprecipitate' As/(As+Fe) = 0.0054 
0.0 hr 1.69 4.1 2.74 0.8 2.90 1.2 3.33 0.9 19.0 
0.005 0.011 0.011 0.011 
113.25 hr 1.70 4.1 2.87 1.5 3.01 0.8 3.36 0.9 23.8 
0.006 0.011 0.011 0.011 
502.25 hr 1.69 4.1 2.80 1.6 2.97 1.6 3.46 0.8 19.2 
0.006 0.011 0.011 0.011 
886.25 hr 1.69 4.1 2.79 1.3 2.96 1.3 3.48 0.6 20.8 
0.008 0.011 0.011 0.011 
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Table 5.2 continued. 
EXAFS standards 
Sample % SLt 









As(V) on 36.6 1.69 4.0 2.85 0.8 3.31 1.5 22.0 
goethite (0.24) 0.004 0.019 0.011 
As(V) on (0.29) 1.69 4.0 2.86 1.1 3.32 1.1 20.0 
hematite 0.005 0.020 0.014 
Scorodite - 1.68 4.0 3.38 3.9 -- 25.1 
FeAsO4" 0.004 0.013 
2H20 
Notes: 
t% SL = percentage surface loading, which describes the proportion of 
available surface sites occupied by adsorbed arsenic. These values were 
calculated using a maximum surface site density for As(V) of 1.58 sites nm-2 
on goethite derived from Sun and Doner (1996). 
The XRD data from 'Low As-HFO' (Fig. 5.7 d) shows that a significant 
amount of ageing from ferrihydrite (the presence of which is indicated by the high 
background and low diffraction peak intensity) to crystalline goethite occurred 
between 210.5 hours and 692.5 hours. This would have been accompanied by a 
decrease in surface area, and therefore the number of available surface sites (Fuller 
et al., 1993). It seems likely that this change caused the occupation of the less 
energetically favourable single corner sharing sites (section 5.3.1, Fig. 5.5. ), which 
manifest themselves as the 3.48 A peak. This As-Fe distance is not as great as that 
suggested by Waychunas et al. (1993) for single corner sharing adsorption of As(V) 
on goethite (3.65 A). It is, however, still consistent with single corner sharing 
because an As-Fe distance of 3.38 A is observed for this mechanism in scorodite. 
The origin of the 2.95 - 2.96 
A shell is more problematic, and it has not been 
documented in previous studies of As(V) adsorption on iron oxyhydroxides. The 
low iron coordination numbers (1.1 - 1.3) indicate that the As(V) atoms associated 
with this shell are bound at mineral surface sites rather than sorbed within the 
mineral structure. Furthermore, the relatively short As-Fe distance is suggestive of 
an edge sharing adsorption mechanism. What is not clear is how this differs from 
the edge sharing mechanism which has already been identified as the source of the 
2.79 - 2.87 
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Fig. 5.8 b. EXAFS (left) and FT (right) plots 
from a series of ferrihydrite samples which were o 
nucleated in the presence of As(V) prior to o12345 
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The 'Med. As-HFO' sample in Fig. 5.8 (a) contained five times as much 
As(V) as the 'Low As-HFO' samples shown in the same plot. However, the EXAFS 
results from 'Med. As-HFO' after 210.5 hours of ageing are essentially identical to 
those from 'Low As-HFO' after 0.0 hours and 210.5 hours of ageing. This simply 
illustrates that increasing the arsenic loading does not cause the adsorption 
mechanism to change. EXAFS data was not collected from any 'High As-HFO' 
samples. 
The EXAFS and FT plots for the 'pH 4 As-HFO coprecipitate' series of 
samples are shown in Fig. 5.8 b, and the associated data is summarised in Table 5.2. 
All samples have iron shells at 2.74 - 2.87 
A and 2.90 - 3.01 
A. As with the As-Fe 
contributions at similar distances in 'Low As-HFO', these shells are consistent with 
adsorption via single edge sharing mechanisms. 
In addition to the shells at 2.74 - 2.87 
A and 2.90 - 3.01 
A, the two least aged 
samples of 'pH 4 As-HFO coprecipitate' (0.0 hours and 113.25 hours) have a third 
iron shell at 3.33 - 3.36 
A. As with the 'Low As-HFO' series, this is thought to 
correspond to bidentate corner sharing adsorption across the apices of adjacent ferric 
octahedra. Sometime between 113.25 and 502.25 hours of ageing, this relationship 
is replaced by another which results in an iron shell at 3.46 - 3.47 
A. It is likely that 
this has a similar origin to the 3.48 A shell observed in the 'Low As-HFO' series. 
Namely, mineralogical transformations during ageing cause a decrease in surface 
area. In turn, this results in the occupation of relatively unfavourable single corner 
sharing adsorption sites as the sorption capacity of the more energetically favourable 
sites is exceeded. 
5.3.2.4 Ageing of As(V)-contaminated ferrihydrite - Summary 
Whilst there are early differences between the EXAFS results from the 'pH 4 
As-HFO coprecipitate' and 'Low As-HFO' ageing series, the As(V) sorption 
environment is ultimately the same regardless of whether the adsorption or 
coprecipitate route is followed (Table 5.2). A similar finding was made by 
Waychunas et al. (1993) for As(V) adsorbed by and 'coprecipitated' with ferrihydrite. 
This is despite the indication from macroscopic chemical observations that the 
ageing reaction proceeded in a slightly different manner in the 'pH 4 As-HFO 
coprecipitate' series than it did in the other As-HFO samples (section 5.3.2.1). 
The observed iron coordination numbers (0.5 - 1.6) strongly indicate that 
sorbed As(V) remained bound in external surface complexes throughout the ageing 
process in all As-HFO samples, even the 'pH 4 As-HFO coprecipitate' series. If it 
had truly been coprecipitated with iron and/or formed a solid, the iron coordination 
numbers would have been in the region 3-4; As(V) in scorodite is surrounded by a 
shell of four iron atoms at 3.38 A (Fig. 5.4 (a), Table 5.2). The fact that there are 
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As-Fe interactions at several distances in 'pH 4 As-HFO coprecipitate' but just one 
distance in scorodite is further evidence that little if any arsenic coprecipitated in this 
form. 
It is interesting to note that whilst the EXAFS results from the most aged 
'Low As-HFO' samples and all 'pH 4 As-HFO coprecipitate' samples are similar to 
each other, they are distinctly different from the As(V) on goethite, lepidocrocite and 
hematite reference standards. This is the case despite the fact that XRD shows the 
bulk product of the ageing process to be goethite and/or hematite (Fig. 5.7 d, e and 
g). This observation is best explained by invoking As(V) poisoning as the cause of 
structural deformation that is limited to the surface of the ageing products. This 
explains how a novel As(V) coordination environment can develop whilst the bulk 
ferrihydrite ageing product is pure goethite and/or hematite. 
Irrespective of how arsenic is bound, the finding that As(V) exists mainly in 
sorbed form during ageing is in very good agreement with the field findings of Voigt 
et al. (1996). These workers find that arsenic exists in predominantly sorbed form in 
contaminated land and even in soils that have been chemically 'fixed' during 
remediation efforts. They also find no direct evidence for the formation of arsenate 
minerals (Voigt et al., 1996). 
The experimental work presented here and field studies such as that by Voigt 
et al. (1996) have one important conclusion: The aqueous concentration of arsenic 
in oxic, iron-rich sediments and soils will depend on the equilibrium between species 
in solution and those that are adsorbed. Equilibrium with authigenic As(V)- 
containing solids such as scorodite and other arsenates will be of minor importance. 
This is especially true since scorodite is only stable under acidic conditions (Foster 
et al., 1998). 
5.3.3 The interaction of As(V) with green rust 
5.3.3.1 Chemical observations from the interaction of As(V) with green rust 
Levels of dissolved iron and arsenic recorded during the growth and 
oxidation of a series of green rust samples with As(V) added after ('As-GR' series; 
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Fig. 5.9 a. Changes in dissolved iron and arsenic concentrations during the 
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Fig. 5.9 b. Changes in dissolved iron and arsenic concentrations during the 
formation and oxidation of green rust that was nucleated in the presence of As(V) 




Initial levels of dissolved iron are high in both cases, but represent only 40- 
50% of total iron in the system (11200 ppm if all dissolved). By comparison, initial 
levels of dissolved arsenic are relatively low; only 6-8% of total available arsenic 
remains in solution one hour after the start of the reaction. This suggests that even 
when 40-50% of total iron is in solution, that which is in a solid form (as green rust) 
is capable of sorbing 92-94% of available arsenic. 
There are a number of notable differences between Fig. 5.9 (a) and (b). 
Firstly, initial levels of dissolved iron and arsenic are higher in the 'As-GRCO' series 
of samples than the 'As-GR' series despite the fact that both systems were identical in 
composition. Secondly, whilst the concentration of both analytes drops most rapidly 
in the 'As-GR' series, the lowest concentrations following 4 hours of oxidation are 
recorded in the 'As-GRCO' series. This indicates that arsenic is most effectively 
removed from solution by coprecipitation with green rust rather than sorption onto 
pre-existing surfaces. 
Secondly, a small temporary increase in both arsenic and iron concentrations 
after 4.5 hours of oxidation is observed in Fig. 5.9 (a). Although the changes in 
concentration are relatively small, they are likely to be 'real' because the same effect 
is observed for both analytes. They may be a consequence of the phase change 
between green rust and lepidocrocite. XRD results (section 5.3.3.2) suggest that the 
phase transformation starts after around three hours of oxidation, but it is clear that 
the highest proportion of co-existing green rust and lepidocrocite is found after 4.5 
hours of oxidation. It therefore seems likely that the small increase in dissolved iron 
and arsenic concentrations occurred at the same time as the greatest amount of green 
rust oxidation was taking place. 
No perturbation in dissolve iron and arsenic concentrations is observed for 
the 'As-GRCO' series. This could be explained by invoking a slight difference in the 
arsenate adsorption mechanism between the two sample series. A second possibility 
is that the sampling density was not sufficiently high in the 'As-GRCO' series to pick 
up the perturbation. However, this is unlikely to be the explanation because whilst 
XRD results for the 'As-GRCO' series show that significant amounts of green rust 
and lepidocrocite co-exist after 4.0 and 6.0 hours of oxidation (section 5.3.3.2), no 
corresponding increase in either iron or arsenic concentrations is observed in Fig. 5.9 
(b). 
An important final observation is that, notwithstanding the small perturbation 
in dissolved arsenic and iron concentrations observed in Fig. 5.9 (a), arsenic 
concentrations remained very low in both series following the first 3-4 hours of 
reaction, and ultimately fell below detectable limits. This suggests that As(V) was 
not reduced to As(III) by the green rust. If it had been, dissolved arsenic levels 
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would have been expected to remain measurable and possibly even increase because 
As(III) is not as strongly adsorbed as As(V) (Bowell, 1994). This point is discussed 
further in section 5.3.3.3. 
5.3.3.2 X-ray diffraction results from the interaction of As(V) with green rust 
The XRD results from the 'As-GR' sample series are shown in Fig. 5.10 (a). 
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Fig. 5.10 a. XRD results from the progressive oxidation of green rust with adsorbed 
As(V) ('As-GR') to lepidocrocite at pH 7±0.05. Green rust and lepidocrocite peak 
indexing from Vins et al. (1987) and JCPDS card 8-98, respectively. Sample As- 
GR7* is identical to As-GR7 except that the sample was made up using a water- 
based paste rather than a glycerol-based smear. All other green rust XRD samples 
were made up in a glycerol matrix to prevent oxidation during analysis. The As- 
GR7 and As-GR7* powder patterns are identical, indicating that the use of a glycerol 
medium does not introduce artefacts into the data. 
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The characteristic (001), (002) and (003) lines of sulphate green rust 
(GR2(SO42-)) can be clearly seen in the data from sample As-GR1. These lines 
correspond to crystallographic plane spacings of 11.2 A, 5.58 A and 3.77 A (Vins et 
al., 1987). All other peaks in As-GR1 can also be assigned to GR2(SO42-), and there 
is no evidence for the presence of magnetite (Fe304). The (001), (002) and (003) 
peaks become slightly more intense and sharper over the first 4.5 hours of oxidation 
(up to As-GR5) but are absent after 6.0 hours (As-GR6). A similar pattern is 
observed for other less intense green rust peaks such as the (100), (101) and (103). 
These observations suggest that whilst green rust is being lost from solution due to 
oxidation, that which remains becomes increasingly crystalline as it ages. 
After 3.2 hours of oxidation (As-GR4), the (100) and (120) peaks of 
lepidocrocite start to develop. Since they co-exist with the remaining green rust 
peaks and there is no evidence for an intermediate phase, it seems likely that green 
rust oxidises directly into lepidocrocite. Other lepidocrocite peaks, such as the (031) 
and (051,200), also grow strongly at the same time as the (100) and (120) peaks. It 
should be noted, however, that both the (031) and (051,200) lepidocrocite lines have 
identical d-spacings to the green rust (102) (2.48 A) and (104) (1.94 A) lines. This 
cannot be taken as evidence for the existence of green rust in the most oxidised 
sample (As-GR7) for two reasons: Firstly, the most diagnostic (001), (002) and 
(003) green rust lines are absent from the As-GR7 powder pattern, and secondly the 
lines in question can more easily be assigned to lepidocrocite. 
After 6.0 hours of oxidation, all green rust has been oxidised. Thereafter, the 
lepidocrocite peaks simply become more intense, presumably as a result of an 
increase in crystallinity with ageing. There is no evidence for the development of 
other mineral phases. Although the peaks in As-GR7 are well defined, they are two 
to three times less intense than those recorded from a pure lepidocrocite XRD 
standard (data not shown). This suggests that the material in As-GR7 is not highly 
crystalline. This is a possibly because the system contained As(V), which has been 
shown to poison the growth of ferrihydrite (Waychunas et al., 1993,1996). 
Finally, it is important to note that the use of glycerol as an anti-oxidation 
coating did not introduce any artefacts into the XRD data. This was proven by 
analysing the most oxidised sample with (As-GR7) and without (As-GR7*) glycerol. 
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Fig. 5.10 b. XRD results from the progressive oxidation at pH 7±0.05 of green rust 
that was nucleated in the presence of As(V) ('As-GRCO'). Green rust and 
lepidocrocite peak indexing from Vins et al. (1987) and JCPDS card 8-98, 
respectively. 
In general, the results are very similar to those from the 'As-GR' series of 
samples; all peaks in As-GRCO1 can be assigned to sulphate green rust whilst all 
those in the final oxidation product (As-GRCO5) can be assigned to lepidocrocite. 
Increases in diffraction peak intensity suggest that the green rust is becoming more 
crystalline as it ages, and the coexistence of lepidocrocite and green rust diffraction 
peaks between 4.00 and 6.00 hours of oxidation indicates that green rust is oxidising 
directly into lepidocrocite. 
There is, however, one notable difference: It is evident that the green rust 
diffraction peaks in the 'As-GRCO' series are much more intense than those in the 
'As-GR' series. This is a clear indication that nucleating green rust in the presence of 
As(V) increases its crystallinity. The relatively low intensity of the green rust 
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diffraction peaks in Fig. 5.10 (a) is consistent with the 'As-GR' crystallites being 
very small, whereas the reverse appears to be true of those from the 'As-GRCO' 
series. Any differences in green rust diffraction peak intensity do not carry over into 
the final oxidation products since the powder patterns from samples As-GR7 and As- 
GRCO5 are essentially identical. 
Finally, it is apparent that a small amount of green rust persists after 6.00 
hours of oxidation in the 'As-GRCO' series (As-GRCO4) whilst it is absent from the 
'As-GR' series at this stage in the reaction. This may be a result of the higher 
crystallinity of green rust in the 'As-GRCO' series. It may, however, simply be due 
to a slight difference in reaction conditions between the two sample series. 
5.3.3.3 EXAFS results from the interaction of As(V) with green rust 
The arsenic K-edge EXAFS results from the 'As-GR' and 'As-GRCO' series 
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Fig. 5.11. EXAFS (left) and FT (right) plots 
from samples of green rust to which As(V) was 
added after (a to c) and prior to (d to f) 
nucleation. Both sets of samples were oxidised 
to lepidocrocite. In both series, the first two 
samples have prominent iron shells at 2.88-2.95 
A and 3.42-3.47 A. These are consistent with 
single edge- and double corner sharing 
adsorption on a ferrous hydroxide-bearing 
mineral. The oxidised samples (c and f) have 
just one iron shell at 3.36 A, which is due to 
double corner sharing adsorption on Fe(III). 
Importantly, there is no evidence for the 













Table 5.3. EXAFS results from As(V) on green rust and As(V)-green rust 
coprecipitate samples. CNX is number of atoms in a shell at distance RX (A) from 
the central cadmium atom. 2ß2X (A2) is the associated Debye-Waller factor. The R 
factor gives a measure of the agreement between experimental and theoretical 











As-GR2 1.17 1.69 3.9 2.90 1.1 3.42 1.7 20.7 
0.004 0.019 0.011 
As-GR4 3.17 1.69 4.1 2.91 0.9 3.42 1.5 25.2 
0.005 0.019 0.011 
As-GR7 20.00 1.69 3.8 3.36 1.6 - - 22.0 
0.006 0.011 
As-GRCO1 0.92 1.69 4.0 2.88 0.8 3.45 2.5 22.0 
0.004 0.019 0.012 
As-GRCO3 4.00 1.70 4.0 2.95 0.7 3.47 1.9 25.7 
0.005 0.019 0.017 
As-GRCO5 18.50 1.69 3.9 3.36 1.5 - - 27.2 
0.006 0.009 1 1 
zAHr3 rere rence stanaara 
Sample % SLt RAS-0 CN0 RAs-Fel CNFe1 RAs-Fe2 CNFe2 R 
(wt % As) 202o 262Fe1 202Fe2 factor 
As(V) on 17.4 1.69 4.0 3.32 1.7 -- 22.0 
lepido- 0.3 0.003 0.011 
crocite 
Notes: 
t% SL = percentage surface loading, which describes the proportion of 
available surface sites occupied by adsorbed arsenic. These values were 
calculated using a maximum surface site density of 1.58 sites nm-2 on 
goethite derived from Sun and Doner (1996). 
The most striking and important feature of these EXAFS results is that 
arsenic exists as arsenate (4 oxygen atoms at an As-O distance of 1.69-1.70 A) in all 
samples. There is no evidence to suggest the formation of the more mobile As(III) 
species, which is characterised by a shell of 3.0 oxygen atoms at an As-O distance of 
1.79 A (Manning et al., 1998). This is in contrast to my finding that green rust 




precipitate whilst oxidising green rust to magnetite (Chapter 6). The absence of 
As(III) cannot be explained by its oxidation during EXAFS analysis. This assertion 
is supported by the fact that there were never any differences between multiple 
EXAFS spectra that were collected from any one given sample over a period of 
hours. Manning et al. (1998) have previously proven this point during their EXAFS 
and XANES analysis of As(III) adsorbed on goethite. 
Using data compiled by Krauskopf and Bird (1995), the overall electrode 
potential (E0) for the reaction: 
2Fe2+ + H3AsO4 = 2Fe3+ + HAsO2 
is +0.20. The fact that this value is positive indicates that the reaction should not 
take place simultaneously (Krauskopf and Bird, 1995). However, structural Fe(II) is 
a much stronger reducing agent than Fe(II)(aq) (White and Peterson, 1996), and the 
overall electrode potential for the reaction: 
2Fe(OH)2 + H3AsO4 = 2Fe(OH)3 + HAsO2 
is -1.12, suggesting that the reaction should take place spontaneously (Krauskopf 
and Bird, 1995). It is therefore very interesting that it appears not to. Since both the 
'As-GR' and 'As-GRCO' samples were equilibrated at room temperature for no more 
than 24 hours, it is possible that As(V) reduction did not occur for kinetic reasons. 
Unfortunately, this cannot be proven because no kinetic data for the reaction 
between solid phase Fe(II) and aqueous As(V) has been published. One final piece 
of evidence to support the notion that As(V) was not reduced by green rust is that no 
mineralogical changes were observed in the first few hours of reaction, and those 
which occurred in the latter stages can easily be assigned to air oxidation of green 
rust. Compare this result with the instantaneous oxidation of green rust to magentite 
by Cr(VI) (Chapter 6) and the fact that Se(VI) (Myneni et al., 1997) and nitrite 
(Hansen et al., 1994) are known to oxidise green rust to magnetite/lepidocrocite and 
goethite, respectively. 
The first two samples from both the 'As-GR' and 'As-GRCO' series have iron 
shell contributions at 2.88-2.95 
A and 3.42-3.47 A. These are entirely consistent 
with single edge- and double corner adsorption on Fe(II)O6 octahedra in a manner 
analogous to As(V) adsorption on Fe(III)O6 octahedra (Fig. 5.5). The As-Fe 
distances observed in the green rust system are slightly larger than those observed in 
the As(V)-goethite or As(V)-ferrihydrite systems because Fe(II)-O bonds are 0.13 A 
longer than Fe(II)-O bonds (Wehrli, 1990). 
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The XRD results clearly show that lepidocrocite was co-existing with green 
rust when both As-GR4 and As-GRCO3 were collected (section 5.3.3.2). 
Consequently, it is noteworthy that the EXAFS results from these two samples 
suggest adsorption on Fe(II) (oxyhydr)oxide (green rust) rather than Fe(III) 
(oxyhydr)oxide (lepidocrocite); this observation indicates that green rust oxidation 
has to occur before arsenic can become adsorbed by lepidocrocite. 
The As(V) coordination environment remains identical in the 'As-GR' and 
'As-GRCO' series following complete oxidation of green rust to lepidocrocite. 
However, it is now characterised by just one As-Fe interaction (Fig. 5.11 c and f; 
Table 5.3). This occurs at an As-Fe distance of 3.36 A, which suggests that 
adsorption occurs via bidentate double corner sharing between the apices of adjacent 
Fe(III)06 octahedra (Fig. 5.5). The coordination environment observed in As-GR7 
and As-GRCO5 is very similar to that in the As(V) on lepidocrocite EXAFS 
reference standard (Fig. 5.4, Table 5.3). This result is interesting because the As(V) 
coordination environment on the As-HFO ageing products (goethite and/or hematite) 
is distinctly different to that observed for the As(V) on goethite and hematite 
EXAFS reference standards (section 5.3.2.4). 
With two exceptions, the iron shell coordination numbers fall in the range 0.7 
to 1.7. This strongly suggests that As(V) remained adsorbed in surface complexes 
throughout the formation and oxidation of green rust, and that it did not form a 
coprecipitate and/or solid solution with iron. The coordination numbers in the 3.45- 
3.47 A shells of As-GRCO1 and As-GRCO3 are slightly greater at 1.9-2.5, but even 
these are not high enough to suggest true coprecipitation with green rust. 
Furthermore, the increased coordination numbers cannot be explained by As(V) 
incorporation into the green rust interlayer sites. This is because the observed As-Fe 
distance (3.45-3.47 A) is considerably smaller than the 4.3 A SO42--Fe distance in 
green rust (distance derived from crystallographic model shown in Fig. 5.1). 
5.3.4 Sulphidisation of As(V)-contaminated goethite 
5.3.4.1 Chemical observations from the sulphidisation of As(V)-contaminated 
goethite 
Changes in the concentration of dissolved iron, arsenic and total sulphide 
(H2S + HS- + S2-) as a function of time during the sulphidisation of As(V)- 
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Fig. 5.12. Changes in the aqueous concentration of arsenic, iron and total sulphide 
(H2S + HS- + S2-) during the sulphidisation of As(V)-contaminated goethite. The 
supply of H2S(g) started at t=0.0 hours. It is clear that steady state conditions are 
achieved after approximately 500 hours. The last three sulphide data points 
represent averages of concentration values recorded from duplicate samples. The 
error bars represent the actual sample concentrations. 
The initial spike in arsenic concentrations marks the time at which it was 
added to the reaction vessel, and it is clear that it was rapidly adsorbed by goethite. 
Hydrogen sulphide gas flow started at t=0.0 hours, and sample GS4 was collected 
4.5 hours after this. Although dissolved sulphide remains below detectable limits at 
this stage in the reaction, increases in the levels of aqueous iron and arsenic indicate 
that the reductive dissolution of goethite has begun. Maximum dissolved iron 
concentrations of 105 ppm (1.9 x 10-3 M) are recorded after 29 hours of 
sulphidisation (GS5). Although this concentration is high relative to values recorded 
in reducing sediments, it should be noted that it represents just 3% of total iron in the 
system. In this system, levels of dissolved iron are most likely to be regulated by 


















sulphide-rich conditions. Consequently, the peak in iron concentrations after 29 
hours probably represents the point in time when the availability of solubility- 
limiting solid phases was at a minimum. Between 29.0 (GS5) and 287.5 (GS7) 
hours of sulphidisation, dissolved iron concentrations fall sharply to :5 25 ppm and 
continue to decline more slowly thereafter. This observation is consistent with the 
formation of a solubility-limiting iron sulphide phase which is stable under the new 
conditions, and XRD data supports this hypothesis (section 5.3.4.2). 
Although arsenic concentrations do rise sharply at the same time as iron 
concentrations, they do not peak until after 287.5 hours of sulphidisation (GS5). 
This may be because adsorbed As(V) stabilised the FeOOH surface against 
dissolution, causing the As(V)-contaminated goethite to be the last FeOOH fraction 
to undergo dissolution. Indeed, Biber et al. (1994) have clearly shown that binuclear 
surface complexes (such as those formed by As(V) on goethite; see EXAFS results 
in section 5.3.4.3) are highly effective at stabilising iron (oxyhydr)oxides against 
reductive dissolution. A similar phenomenon was observed during the ageing of 
As(V)-contaminated ferrihydrite (section 5.3.2.2). 
Between 287.5 (GS5) and 434.5 (GS7) hours of sulphidisation, arsenic 
concentrations undergo a dramatic decrease to <_ 0.4 ppm, and fall below detectable 
limits after 816.5 hours. As in the case of iron, this behaviour is consistent with the 
development of a new solubility-limiting phase. This is likely to be an iron and/or 
arsenic sulphide mineral; see section 5.3.4.3 for further discussion. Petersen et al. 
(1995) suggest that arsenic should be relatively mobile under sulphidic conditions as 
a result of the supposed instability of its sulphides. In contrast to this, it is 
noteworthy that only 10% of the available 29.6 ppm of arsenic was released to 
solution during sulphidisation. Whilst this suggests that arsenic remained relatively 
immoble, it is important to realise that any arsenic that remained in solution 
following the onset of sulphidisation (Fig. 5.12) was most likely to be in the mobile 
and toxic As(III) form. 
The pattern of changes in dissolved sulphide concentrations are entirely 
consistent with the reductive dissolution of FeOOH and the subsequent formation of 
iron sulphide(s). As stated previously, levels of dissolved sulphide were initially 
below detectable limits even when increases in dissolved arsenic and iron indicated 
that sulphidisation had started. At this stage in the reaction, it is likely that all 
available sulphide was being used to attack the FeOOH phase. The first peak in 
sulphide concentrations occurred 174.0 hours after sulphidisation started (GS6). 
This is at the point when dissolved iron concentrations were starting to decrease, and 
it seems likely that more sulphide was being added to the system than was required 
for the reductive dissolution of remaining FeOOH. However, levels of dissolved 
sulphide underwent a decrease between 174.0 hours and 287.5 hours (GS7), at the 
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same time as the final sharp decrease in iron concentration was occurring. Because 
XRD evidence indicates that mackinawite (Fei+xS) is forming at this stage in the 
reaction (section 5.3.4.2), it is reasonable to assume that available sulphide was 
being consumed during the growth of this mineral. After dissolved iron (and 
arsenic) concentrations had reached low and relatively stable levels (after 434.5 
hours), dissolved sulphide concentrations increased once more, this time to a 
constant value of around 0.45 mM. This level of dissolved sulphide compares 
favourably with concentrations found in sedimentary environments, which vary but 
are generally less than 5.0x10-3 M (Stanton and Goldhaber, 1991). Note that the last 
three sulphide data points represent averages from duplicate samples, and the 
associated error bars represent the actual sample concentrations. Whilst the first 
(lower concentration) sample of each duplicate was exposed to the lab atmosphere 
for up to 60 seconds before fixing in zinc acetate, the second (higher concentration) 
sample was collected much more rapidly. The difference in recorded concentrations 
may thus be due to greater loss of sulphide due to volatilisation in the first than the 
second sample. The disparity between duplicate sample concentrations is unlikely to 
have an instrumental origin since analysis of standards as unknowns before and after 
the samples demonstrated the high reproducibility of this method. 
5.3.4.2 X-ray diffraction results from the sulphidisation of As(V)-contaminated 
goethite 
The XRD results from samples collected during the progressive 
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Fig. 5.13. XRD results from the sulphidisation of As(V)-contaminated goethite 
(GS4) to poorly crystalline mackinawite (Fei+,, S) (JCPDS card 15-37) (GS9) at pH 
5.2±0.1. 
Sample GS4 was collected 4.5 hours after the flow of H2S(g) had started. 
The positions and relative intensities of the peaks are identical to those of pure 
goethite, although the absolute intensities are relatively low. For instance, the (110) 
line in (GS4) has an intensity of -300 whereas the intensity of the same line in a 
sample of pure goethite (Fig. 5.7 a) is 550. This is qualitative evidence that 
reductive dissolution started very shortly after H2S(g) supply began, and is 
consistent with the presence of increasing amounts of iron in solution at this time 
(Fig. 5.12). Twenty-nine hours after H2S flow began (GS5), only traces of the most 
intense goethite peaks remained, and a new 1.86 A peak started to develop along 
with a broad hump between 20-30 degrees 20. The presence of only one new peak 
suggests the presence of minimal crystalline solubility-limiting phases, with a 
correspondingly high dissolved iron concentration when GS5 was collected (Fig. 
5.12). 
Following 287.5 hours of sulphidisation (GS7), all trace of the goethite 
precursor had disappeared and the 1.86 A peak had grown considerably. A new 
-2.37 
A peak also started to develop and the 20-30 degrees 20 hump started to gain 
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some structure. This trend continued through GS8 (434.5 hours). The final product 
(GS9,816.5 hours) was characterised by prominent 1.86 A, 2.37 A and 3.05 A peaks 
and a more diffuse -5.3 A contribution. The intensity and position of these peaks 
suggest that the sulphidisation product is an acid volatile sulphide (AVS) mineral 
called mackinawite (Fei+,, S) (JCPDS card 15-37). The relatively poor crystallinity 
of this material is indicated by the width and low absolute intensity of these peaks. 
Comparison with published XRD tables shows that GS9 does not contain any pyrite 
(FeS2), marcasite (FeS2), greigite (Fe3S4) or arsenopyrite (FeAsS). 
Previous work has shown that the first iron sulphide phase to form under 
anoxic sedimentary environments is amorphous iron sulphide (FeS(am)) (Berner, 
1967). This initial precipitate develops incipient long-range order in a matter of 
days, and transforms into poorly crystalline mackinawite quite rapidly under both 
abiotic (e. g. Rickard, 1995) and microbially-mediated conditions (Herbert et al., 
1998). However, transformation to a well crystallised form of this mineral can take 
up to two years at 25°C (Rickard, 1995). Consequently, poorly crystalline 
mackinawite is likely to exert a strong control on the concentrations of dissolved 
ferrous iron and sulphide in reducing sediments (Herbert et al., 1998), although its 
presence is hard to confirm because it commonly occurs as a finely dispersed 
precipitate and as a coating on other minerals (Morse and Cornwell, 1987). 
It appears that the abiotic method used to achieve goethite sulphidisation in 
this study successfully replicated the mineralogical changes expected during the 
early development of natural sedimentary iron sulphides. Although a number of 
studies have shown that disordered mackinawite is a precursor phase to pyrite 
formation (Schoonen and Barnes, 1991; Stanton and Goldhaber, 1991; Wilkin and 
Barnes, 1996,1997; Rickard, 1997; Rickard and Luther, 1997), the formation of 
pyrite is not expected within the time frame of this experiment. 
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5.3.4.3 EXAFS results from the sulphidisation of As(V)-contaminated goethite 
The arsenic K-edge EXAFS results from GS3 (pre-sulphidisation), GS4, GS8 
and GS9 are shown in Fig. 5.14 and summarised in Table 5.4. 
Table 5.4. EXAFS results from As(V)-goethite and its sulphidisation products. 
CNX is number of atoms in a shell at distance RX (A) from the central cadmium 
atom. 2ß2X (A2) is the associated Debye-Waller factor. The R factor gives a 
measure of the agreement between experimental and theoretical EXAFS curves. R< 
20% indicates a very good fit whereas R: 5 40% is acceptable. 
Sample RAs-0 CNo RAs-S CNS RAs-Fel CNFe1 RAs-Fe2 CNFe2 R 
Sulphidis- 2020 2a2s 202Fel 2o2Fe2 factor 
ation time 
GS3 1.69 4.1 - - 2.91 0.9 3.32 1.7 21.2 
0.0 hr 0.005 0.019 0.011 
Sul hidisation started 4.5 hr before sample GS4 was taken. 
GS4 1.69 3.5 2.14 0.2 2.89 0.7 3.31 1.5 20.0 
4.5 hr 0.005 0.019 0.008 
GS8 - - 2.27 3.0 - - - - 24.3 
434.5 hr 0.009 
GS9 - - 2.27 2.6 - - - - 34.8 
816.5 hr 0.011 
Orpiment 2.29 2.9 3.20 1.0 As 3.56 2.4 As 21.2 
As2S3 0.005 As-As 0.016 As-As 0.020 
EXAFS reference standard 
Sample % SLt RAs-0 CNO RAs-Fel CNFe1 RAs-Fe2 CNFe2 R 
(wt % As) 2d o 2&Fe1 202Fe2 factor 
As(V) on 36.6 1.69 4.0 2.85 0.8 3.31 1.5 22.0 
goethite (0.24) 0.004 0.019 0.011 
Notes: 
t% SL = percentage surface loading, which describes the proportion of 
available surface sites occupied by adsorbed arsenic. This value was 
calculated using a maximum surface site density for As(V) of 1.58 sites nm-2 
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Fig. 5.14. EXAFS (left) and FT (right) plots of As(V)-contaminated goethite (a) that 
was progressively sulphidised (b, c, d) at pH 5.2±0.1. Samples (a) and (b) are 
dominated by contributions from As(V) adsorbed via bidentate bridging between 
adjacent singly coordinated hydroxyls, at the goethite surface (--1.6 iron atoms at As-Fe 
= 3.31 
A). The inclusion of a weak sulphur shell contribution at 2.14 A slightly 
improves the quality of the fit in (b), consistent with the onset of sulphidisation. The 
sulphur shell (3.0 sulphur atoms at 2.27 
A) is fully developed in (c) and (d), and is 
consistent with the formation of As2S3(am). Compare with orpiment data (Fig. 5.4 e). 
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Sample GS3 was collected prior to the onset of sulphidisation, and the 
EXAFS results from this sample are essentially the same as those from the As(V) on 
goethite EXAFS reference standard (Table 5.4). Aside from the inner shell of 
tetrahedrally coordinated oxygen atoms, there are iron shell contributions at 2.91 A 
and 3.32 A, which suggest that As(V) adsorption occurs by single edge- and double 
corner sharing adsorption. The results from GS4, which was collected after 4.5 
hours of sulphidisation, are slightly different. Whilst both iron shells remain 
unchanged, there is a weak sulphur shell contribution at an As-S distance of 2.14 A. 
Additionally, the oxygen shell coordination number drops from 4.1 in GS3 to 3.5 in 
GS4. Whilst these changes on their own are relatively minor, when taken together, 
they suggest the onset of sulphidisation. Remember that increases in the levels of 
dissolved iron and arsenic at the time GS4 was collected suggested a similar scenario 
(section 5.3.4.1). 
The EXAFS results from GS8 and GS9 show that the arsenic coordination 
environment in these samples is very different to that in GS3 and GS4. The iron 
shells have gone, and the shell of tetrahedrally coordinated oxygen atoms has been 
replaced by one containing 2.6-3.0 sulphur atoms at an As-S distance of 2.27 A. 
This is very similar to the first shell coordination environment around arsenic in 
crystalline and amorphous orpiment (As2S3) (Fig. 5.4 e, Table 5.4), but is distinctly 
different to that in realgar (AsS) (Helz et al., 1995). 
It is clear from the low levels of arsenic in solution when GS8 and GS9 were 
collected (Fig. 5.12) that the majority of arsenic was sorbed in some way at this 
stage in the reaction. However, the lack of second neighbour contributions in the 
EXAFS spectra from these two samples (Fig. 5.14) makes it hard to determine the 
mechanism by which sorption occurred. Helz et al. (1995) have collected EXAFS 
data from arsenic sulphide solutions that were undersaturated with respect to 
orpiment. They too were only able to resolve a single sulphur shell around arsenic, 
but the As-S distance in this case was 2.21-2.23 A. This was assigned to the 
AsS(SH)2 monomer. Under conditions of oversaturation with respect to orpiment, 
the trimer As3S4(SH)2 is additionally present, but no EXAFS data is available for 
this species. However, Helz et al. (1995) did determine the geometries of the trimers 
As3S3(SH)3 and As3S63- using polarised split valence Hartree-Fock calculations. 
The calculated As-S distances for these molecules were 2.248 A and 2.301 A, 
respectively. The As-S distance observed in GS8 and GS9 (2.27 A) is distinctly 
different to this, suggesting that the arsenic coordination environment observed in 
GS8 and GS9 is not consistent with adsorbed As(III) sulphide species. 
Thus, it seems likely that arsenic was sorbed in the form of orpiment or 
As2S3(am). The lack of an As-As contribution in the EXAFS data is problematic, 
but may be explained in part by the structure of orpiment. This consists of AsS3 
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pyramids polymerised in two dimensions to form sheets (Mullen and Nowacki, 
1972). Twisting of the pyramids with respect to one another can produce disorder in 
the higher coordination shells by changing interatomic distances, whilst leaving the 
first shell geometry essentially unaffected (Helz et al., 1995). A high degree of 
incoherency in a given atomic shell would cause the corresponding FT peak to 
become broader and less intense, and may even cause EXAFS oscillations from that 
shell to cancel each other out to some extent. 
If arsenic is indeed precipitated as As2S3(am), the solubility data of Eary 
(1992) suggests that the dominant aqueous species should be II3AsO3O under acid, 
sulphide-deficient conditions and H2As3S6- under acidic, excess sulphide conditions. 
5.4 CONCLUSIONS 
Ferrihydrite, otherwise known as hydrous ferric oxide (HFO), is one of the 
most important sorbents of As(V) under oxic conditions. As(V) adsorption on 
ferrihydrite is strong, and because ferrihydrite is so ubiquitous this mineral plays a 
very important role in the 'natural attenuation' of As(V). Natural attenuation is a 
phenomenon whereby naturally occurring sorbents act as a barrier to the migration 
of contaminant species in the environment. However, since As(V)-contaminated 
ferrihydrite constitutes a potentially massive reservoir of arsenic, it is essential that 
we understand changes that this material is likely to undergo over time, and the 
implications that this has for sorbed arsenic. One of the most likely changes is the 
ageing of ferrihydrite to more crystalline phases such as goethite ((x-FeOOH) or 
hematite ((X-Fe203). Since this phase transformation is accompanied by a decrease 
in bulk surface area (and hence the number of sorption sites), there is clearly the 
potential for the release of adsorbed As(V). However, results presented here show 
that this does not occur. When ferrihydrite that was contaminated with a relatively 
small amount of As(V) (bulk As/(As+Fe) = 0.0033) was aged to goethite, all As(V) 
remained adsorbed because the sorption capacity of the crystalline product was not 
exceeded. Importantly, there was also no arsenic release from samples whose 
sorption capacity would have been exceeded if all ferrihydrite had transformed to 
goethite or hematite. This is due to the fact that sorbed As(V) retarded the ageing 
process to such an extent that significant amounts of untransfonned ferrihydrite 
remained, and the sorption capacity of the samples was consequently not exceeded. 
Another important finding is that throughout the ageing process, As(V) persisted as 
surface complexes whether it was added prior to or after the nucleation of 
ferrihydrite. It was not incorporated into the iron oxyhydroxide bulk structure, and 
there was no evidence for the formation of a ferric arsenate phase such as scorodite 
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(FeAs04.2H20). This result is in agreement with field observations (e. g. Voigt et 
al., 1996). 
Green rust (Fey (11)Fex(111)(OH)3x+2y-2z(SO4)z) is a mixed Fe(II)-Fe(III) 
oxyhydroxide mineral that is thought to occur under the reducing and mildly acidic 
to mildly alkaline conditions found in reductomorphic soils and certain sedimentary 
horizons. Consequently, it is likely to be one of the most important Fe(II)-bearing 
minerals in immature sediments and soils. Green rust has previously been shown to 
be capable of reducing Cr(VI) to Cr(III) (see Chapter 6), Se(VI) to Se(O), and nitrate 
to ammonium. In contrast to these findings, results presented here show that green 
rust does not reduce As(V) to As(III), irrespective of whether arsenic is added prior 
to or after green rust formation. This is of great importance because As(III) is far 
more toxic and mobile than As(V). Following adsorption on green rust, As(V) 
persists as surface complexes, even after the oxidation of green rust to lepidocrocite 
(y-FeOOH). It is not incorporated into the green rust bulk structure and it does not 
exchange for sulphate anions in the interlayer sites that are present in green rust. 
In contrast to the findings with green rust, As(V) is reduced to As(III) during 
the sulphidisation of an As(V)-contaminated goethite. X-ray diffraction analyses 
showed that all goethite was consumed during the reaction and that it was replaced 
by poorly crystalline mackinawite (Fei+xS). Dissolved arsenic concentrations 
remained low after the formation of this mineral. However, extended X-ray 
absorption fine structure (EXAFS) spectroscopy results are not consistent with the 
sorption of arsenic sulphide complexes or the formation of an arsenic-iron sulphide 
coprecipitate. It is apparent that arsenic partitioned into a discrete amorphous 
orpiment (As2S3(am)) precipitate, and it is likely that this exerted the major control 
on arsenic solubility. This finding is consistent with field studies which suggest that 
arsenic concentrations can be controlled by equilibrium with authigenic arsenic 
sulphides under reducing, sulphidic conditions. A note of caution is that whilst 
arsenic concentrations remained low following the formation of the solubility- 
limiting sulphide phase, any arsenic that remained in solution will have been in the 
toxic and highly mobile As(III) form. 
Taken together, the results presented here demonstrate that under the oxic to 
mildly reducing conditions which favour ferrihydrite and green rust, respectively, 
dissolved arsenic concentrations will be controlled by equilibrium with adsorbed 
arsenate species. This will be the case even when immature ferric (oxyhydr)oxide 
minerals age and become more crystalline, because ferric arsenate minerals do not 
appear to form easily under low temperature, near surface conditions. 
However, under strongly reducing conditions such as those found in 
sulphidic sediments, dissolution of iron (oxyhydr)oxide sorbents can lead to the 
release of large quantities of arsenic, presumably in the mobile and toxic As(III) 
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form. Rather than forming arsenopyrite (FeAsS) or a solid solution with existing 
iron sulphides such as mackinawite, the liberated arsenic appears to form a discrete 
precipitate which resembles poorly crystalline orpiment. This will exert the major 
control on arsenic solubility under reducing, sulphidic conditions. It is important to 
appreciate that oxidation of the As2S3(am) phase would lead to the release of 
significant amounts of arsenic to solution. Consequently, it is clear that cyclical (e. g. 
seasonal) changes in soil and sediment redox profiles as well as events such as 
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The fate of chromium during early diagenetic processes 
6.1 INTRODUCTION 
Chromium is widely recognised as a toxic contaminant. Although necessary in 
trace amounts for animal and plant metabolism, it can result in nausea, skin 
ulcerations, lung cancer and gastro-intestinal and liver diseases when accumulated in 
excess (Ajmal et al. 1984; Nieboer and Jusys, 1988). 
Only the trivalent (Cr(III)) and hexavalent (Cr(VI)) forms of chromium are 
stable in the natural environment (Calder, 1988). Under low Eh (reducing) 
conditions, the main aqueous Cr(III) species are Cr3+, Cr(OH)2+, Cr(OH)2+, 
Cr(OH)30, and Cr(OH)4 (Fig. 1.9; Rai et al., 1986,1987). The Cr3+ species is 
prevalent only below pH 3.6, and polymeric Cr(III) species such as Cr2(OH)24+, 
Cr3(OH)45+, and C4(OH)66+ are never significant in natural systems (Rai et al., 
1986,1987). Under oxidising conditions, the dominant chromium species are the 
Cr(VI) oxyanions HCrO4" and CrO42- (Fig. 1.9; Calder, 1988). 
Almost all reported incidents of chromium groundwater contamination have an 
industrial origin. Major sources of chromium to the environment are the metal plating 
industries, wood treatment and tannery facilities, chromium mining and milling 
operations (Calder, 1988) and chemical manufacturing (Richard and Bourg, 1991). 
Many of these activities produce Cr(VI), which is highly toxic and mobile. Most 
naturally occurring chromium is, however, in the less toxic and highly immobile 
Cr(III) form. This explains why natural occurrences of chromium at potentially 
harmful concentrations are rare (Robertson, 1975). 
Wherever Cr(III) is found in nature, it is often in close association with Al(HI) 
and Fe(III) because substitution of one for another can occur in a variety of mineral 
and organic structures (Bartlett and James, 1988). For instance, Cr(III) can substitute 
for small amounts of octahedral aluminium in clay minerals (Bartlett and James, 
1988), and amorphous [Fe(III), Cr(III)] hydroxide is thought to be the main 
chromium solubility-controlling phase in natural environments (Rai et al., 1986; Sass 
and Rai, 1987; Richard and Bourg, 1991). Since it is clear that amorphous Fe(III) 
hydroxide (ferrihydrite) can exert a strong control on the mobility of Cr(III), it is 
important to know the fate of sorbed chromium as contaminated ferrihydrite ages. 
Consequently, one aim of this study was to investigate changes in the coordination 
environment and aqueous concentration of chromium in a series of Cr(III)- 
198 
Chapter 6 
contaminated ferrihydrite samples. These differed from each other in the amount of 
Cr(III) that was sorbed before ageing started. 
Because chromium exists in two oxidation states that exhibit markedly different 
toxicities, solubilities and mobilities (Richard and Bourg, 1991), it is also important to 
understand reactions that can lead to changes in oxidation state. A number of field and 
laboratory-based studies have shown that fine grained ferrous iron-bearing minerals 
such as magnetite are very effective reductants of aqueous Cr(VI) (Anderson et al., 
1994; Peterson et al., 1996,1997; White and Peterson, 1996). Green rust is a mixed 
Fe(II)-Fe(III) oxyhydroxide mineral that is thought to be an intermediate phase in both 
the formation and the reductive dissolution of ferric oxyhydroxides such as goethite, 
lepidocrocite and magnetite (Hansen et al., 1994; Schwertmann and Fechter, 1994). It 
occurs under a range of reducing and weakly alkaline to weakly acidic conditions such 
as those found in reductomorphic soils (Trolard et al., 1997) and the uppermost layers 
of lacustrine and marine sediments (Buurman, 1980; Newman, 1987). Whilst 
relatively little work has been done to investigate the reaction of green rust with trace 
groundwater components, it is known to be capable of reducing Se(VI) to Se(0) 
(Myneni et al., 1997) and nitrate to ammonium (Hansen et al., 1994,1996). In light 
of this, the second aim of this study was to determine the effect of green rust on 
aqueous chromium oxidation state. 
6.2 EXPERIMENTAL METHODS 
6.2.1 General 
All reagents used in this study were analytical grade and labware was acid- 
washed. A glass Willhelm-type reference electrode (Sentek Ltd. ) was used in 
combination with a glass pH electrode and an Orion model 720A meter to make pH 
measurements. Calibration ± 0.05 pH units was achieved at room temperature with 
constantly stirred Whatman NBS grade buffers. The Cr(III) and Cr(VI) stock 
solutions were prepared from Cr(N03)3.9H2O and K2CrO4, respectively. All Cr(III) 
stock solutions were used within 24 hours to minimise polymerisation. The risk of 
this occurring was further reduced in the stock solution used to prepare the Cr(III) on 
lepidocrocite EXAFS reference standards by acidifying it with 1% v/v HNO3. All 
stock solutions were stored at 4 °C in closed amber-coloured HDPE bottles. 
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6.2.2 Preparation of Cr(III)-ferrihydrite coprecipitate ageing samples 
Three samples of ferrihydrite were nucleated in the presence of different levels 
of aqueous Cr(III) and aged to goethite according to a method adapted from that of 
Schwertmann et al. (1989). Initially, 60 ml of a 0.5M Cr(III) stock solution was 
mixed with 36 ml of 5M KOH. Immediately after thorough mixing, 11,24 and 30 ml 
aliquots of this solution were placed in 2L HDPE screw-top containers, to which 90 
ml of a 1M ferric nitrate solution was then added with stirring. Finally, the volume of 
each sample was made to 1800 ml by the addition of MilliQ water. This method 
resulted in three suspensions with Cr/(Cr+Fe) ratios of 0.052,0.111 and 0.140 that 
are hereafter referred to as 'Low Cr-HFO', 'Med. Cr-HFO' and 'High Cr-HFO', 
respectively. Following collection of a 100 ml sample from each suspension, they 
were all placed in a 65±3°C oven for 2686 hours. 
Ferrihydrite is known to age into goethite (a-FeOOH) and/or hematite (a- 
Fe203) under laboratory conditions, and the relative proportion of each in the final 
product is strongly dependent on pH: Hematite is dominant between pH 5.5 and pH 
9, whereas goethite is dominant under higher and lower pH conditions (Schwertmann 
and Murad, 1983). In this experiment, I chose to age ferrihydrite at high pH (12.9) to 
favour goethite as the sole product for two reasons. Firstly, goethite is the most 
commonly occurring iron oxyhydroxide under temperate conditions (Schwertmann 
and Cornell, 1991) and secondly, EXAFS data are easiest to interpret when the 
number of components in a system is minimised. 
The samples were aged at 65±3°C to accelerate a process that would normally 
take weeks to months. Despite this, the results are applicable to low temperature 
systems because previous studies have shown that the mechanisms of ferrihydrite 
ageing to goethite and hematite are not temperature dependent between 25°C and 70°C 
(Fischer and Schwertmann, 1975; Cornell and Schwertmann, 1979; Schwertmann and 
Murad, 1983). 
As time passed, progressive changes in the colour of the suspensions from 
deep brown to an increasingly yellow ochre colour indicated that mineralogical 
transformations were occurring. The rate of reaction was clearly highest in the Low 
Cr-HFO sample and lowest in the High Cr-HFO sample, although the pH of all 
samples was identical - it deviated little from 12.9 during the course of the reaction. 
Samples were periodically collected from the suspensions following thorough mixing. 
Centrifugation (3000 rpm for 10 - 20 mins) was used to separate the samples into 
viscous pastes (the 'adsorption samples', which were frozen prior to analysis) and 
supernates. The latter were filtered through 0.2 gm cellulose nitrate filter membranes 
and then acidified by dilution with 1% v/v HNO3. All supernates were stored at 4°C 
and analysed by ICP-AES within one week of collection. Iron was also periodically 
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analysed for (by ICP-AES) to check for any iron oxyhydroxide dissolution during the 
ageing process. The bulk chemistry of each Cr-FIFO ageing sample was determined 
by ICP-AES following dissolution of small aliquots of each suspension in warm SU'ý; 
HCI. This information was used to confirm the expected Cr/(Cr+Fe) ratios. It should 
be noted that the highly alkaline nature of the supernates necessitated thorough rinsing 
of the ICP-AES with MilliQ water between samples in order to eradicate memory 
effects of previous samples. 
6.2.3 Preparation of green rust with adsorbed Cr(VI) 
The method of Schwertmann and Fechter (1994) was followed to prepare 
sulphate green rust (GR2(SO42-)) with the expected approximate hulk formula 
FeJt)2Fe0It)(OH)5(SO4). Light was excluded from all samples during preparation and 
analysis to prevent unwanted photoredox reactions. Sample preparation took place in 
a 500 ml straight-sided polythene beaker. This contained a magnetic follower and was 
capped by an airtight PVC lid with holes for pH electrodes, gas inlet/outlet ports and 
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Fig. 6.1. Reaction vessel used to prepare Cr(VI) on green rust sample and associated 
Cr(111)/Cr(VI) on lepidocrocite EXAFS reference standards. The total volume of the 
reaction vessel was 500 ml, and it was wrapped in aluminium foil at all times to 
exclude light which may have otherwise caused unwanted photoredox reactions. The 
1.0 M NaOH and 0.1 M HNO3 were supplied by a Metrohm 718 pH-stating titrator. 
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Initially, 370 ml of MilliQ water was added to the beaker and purged with 
oxygen-free N2(g) for 24 hours to remove dissolved oxygen prior to the addition of 
20.57 g of FeSO4.7H2O. The resulting light green solution was continually purged 
with N2(g) whilst the pH was raised from an initial value of -3.4 to pH 7.0 over a 15 
minute period by the addition of CO2/N2-free 1.0 M NaOH from a Metrohm 718 pH- 
stat titrator. Once pH 7.0 was reached, the N2(g) flow was replaced with laboratory 
air supplied by a small pump via an open ended 4 mm ID glass tube. The light green 
solution started to darken in colour and become more turgid as soon as air flow began. 
Because the oxidation/hydrolysis reaction liberates protons, the 718 titrator was 
required to constantly add 1.0 M NaOH throughout the reaction to maintain pH at 7.0 
± 0.1. The rate of base addition was high for the first -100 minutes of reaction (-0.6 
ml/min), but subsequently decreased to a much lower and constant value of -0.03 
ml/min. The solid product was collected by centrifugation after 2 hours of reaction 
and the resulting viscous paste was stored at 1-4 CC in air-free screw-top centrifuge 
tubes for a maximum of 2 days prior to use. It was not possible to dry the green rust 
and store it as a powder because this mineral undergoes rapid oxidation when in 
contact with air. However, it was possible to make an XRD sample by rapidly mixing 
a viscous green rust paste with glycerol and smearing this onto a glass disc. The 
glycerol matrix prevented the green rust from oxidising during analysis (Hansen et al., 
1994) and its use has been shown not to introduce any artefacts into the XRD data 
(section 5.3.3.2). The XRD results showed the sample to consist of pure sulphate 
green rust (peak indexing from Vins et al., 1987) with clear development of the 
characteristic (001), (002), and (003) planes (see Fig. 6.8 a). 
The sample of Cr(VI) on green rust (92-S) was prepared in the following 
manner: Oxygen-free nitrogen gas was used to purge 400 ml of MilliQ water in a 
reaction vessel identical to that in Fig. 6.1. This was wrapped in aluminium foil to 
exclude light that may have otherwise induced unwanted photoredox reactions. After 
12 hours of purging, 2.6 g of the viscous green rust paste was added, followed by 1.2 
ml of a 5617 ppm Cr(VI) stock solution. The stirred dark-green suspension began to 
turn a darker green-black colour soon after the addition of chromium. Prior to this and 
immediately after the Cr(VI) stock solution had been added, a 100 ml subsample was 
collected from the reaction vessel and subsequently oxidised by purging with 
laboratory air over a 12 hour period (97-S). The remaining Cr(VI)-green rust 
suspension was continually purged with N2(g) over the course of the 12 hour 
equilibration period, and the Metrohm 718 pH stat titrator was used to maintain pH 
5.9 ± 0.05. This pH was chosen to favour the adsorption of both Cr(III) (Charlet and 
Manceau, 1992) and Cr(VI) (Van Geen et al., 1994). 
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The reacted suspensions were collected in brim-full centrifuge tubes, and 
centrifugation (3000 rpm for 20 min) was used to separate the adsorption samples 
from their supernates. These were filtered through 0.2 µm cellulose nitrate filter 
membranes and then acidified by dilution with 1% v/v HNO3. The acidified 
supernates were stored at 40C and analysed by ICP-AES within one week of 
collection. The adsorption samples were frozen immediately after collection and 
stored under a nitrogen atmosphere to prevent oxidation prior to EXAFS analysis. 
6.2.4 Preparation of EXAFS reference standards 
Lepidocrocite was prepared by the oxidation/hydrolysis of a ferrous chloride 
solution at pH 6.7 - 6.9 (Schwertmann and Cornell, 1991). The bright orange 
precipitate was collected by centrifugation, cleaned by dialysis against MilliQ water 
and stored as a refrigerated 20 g L-I stock suspension prior to use. X-ray powder 
diffraction of a randomly oriented powder sample was used to confirm the identity and 
purity of the crystalline product. Additionally, its surface area (88 ±3 m2g-I) was 
determined by BET surface area analysis following 12 hours of outgassing with 
N2(g)" 
Cr(III) and Cr(VI) were adsorbed to the laboratory-precipitated lepidocrocite as 
outlined below. The resulting samples were used as EXAFS reference standards 
during analysis of data from the 'unknown' samples. 
6.2.4.1 Cr(III) on lepidocrocite 
Two samples of Cr(III) sorbed on lepidocrocite were prepared with different 
chromium contents. In both cases, 30 ml of the lepidocrocite stock suspension was 
added to 370 ml of MilliQ with a 0.1 M NaC1O4 background electrolyte in a reaction 
vessel identical to that shown in Fig. 6.1. A 1135 ppm Cr(III) stock solution was 
then added in 418 pL aliquots at 45 min intervals until a total of 1208 µL was added to 
one sample (81-S) and 2926 µL to the other (80-S). A Metrohm 718 pH stat titrator 
with 0.1 M NaOH was used to maintain pH 6.00 ± 0.05 throughout addition of the 
stock solution and for a three hour equilibration period after the last aliquot of stock 
solution was added. Previous work has shown three hours to be sufficient for the 
establishment of equilibrium during Cr(III) adsorption on ferrihydrite (Amirhaeri et 
al., 1984). 
The stepwise addition of chromium was employed to maintain aqueous 
chromium concentrations below 25 µM, assuming that the majority of chromium in 
each aliquot was adsorbed within 45 min. The 25 µM concentration limit was chosen 
because a solution at pH 6 containing this amount of chromium is only slightly 
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saturated with respect to chromium hydroxide (Fendorf et al., 1994). Consequently, 
polymerisation will have been minimal (Fendorf et al., 1994), and chromium would 
have been present in solution mainly as free ions whilst adsorption was occurring. 
Centrifugation (3000 rpm for 20 min) was used to separate the adsorption 
samples from their supernates. These were filtered through 0.2 µm cellulose nitrate 
filter membranes and then acidified by dilution with 1% v/v HNO3. The acidified 
supernates were stored at 40C and analysed by ICP-AES within one week of 
collection. The adsorption samples were refrigerated prior to EXAFS analysis. 
Percentage surface loading values, which describe the proportion of available surface 
sites occupied by sorbed Cr(III), were calculated using a maximum surface site 
density for Cr(HI) on goethite of 1.3 sites nm-2 (Charlet and Manceau, 1992). 
6.2.4.2 Cr(VI) on lepidocrocite 
Two samples of Cr(VI) sorbed on lepidocrocite were prepared with different 
chromium contents. In both cases, exactly 25 ml of the lepidocrocite stock suspension 
was added to 425 ml of MilliQ with a 0.1 M NaC1O4 background electrolyte in a 
reaction vessel identical to that shown in Fig. 6.1. Precisely 392 4L of a 5617 ppm 
Cr(VI) stock solution was then added to one sample (83-S) and 1880 µL to the other 
(84-S). Both samples were equilibrated at pH 5.9 ± 0.05 under ambient temperature 
and atmospheric conditions for 12 hours with the use of a Metrohm 718 pH stat 
titrator containing 0.1 M HNO3. A previous study suggests that equilibration is 
complete within 10 hours (Mesuere and Fish, 1992). 
Centrifugation and sample treatment and analysis were conducted in the same 
manner as for the Cr(IlI) on lepidocrocite samples. Percentage surface loading values, 
which describe the proportion of available surface sites occupied by sorbed Cr(VI), 
were calculated using a maximum surface site density for Cr(VI) on goethite of 1.44 
sites nm-2 (derived from Mesuere and Fish, 1992). 
It should be noted that a maximum of 1.5 ml of HNO3 was added to the Cr(VI) 
on lepidocrocite samples to achieve the desired pH, and that this addition resulted in 
minimal changes in total sample volume. It was, however, necessary to add a 
maximum of 30 ml of NaOH to the Cr(III) on lepidocrocite samples to maintain the 
target pH. This was mainly because the Cr(III) stock solution used to prepare these 
samples was mildly acidic. 
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6.2.5 EXAFS theory, data collection and analysis 
6.2.5.1 General description of EXAFS spectroscopy 
An EXAFS spectral scan is obtained by measuring X-ray absorption over a 
range of photon energies which includes the 'absorption edge' of the element of 
interest (e. g. Brown et al., 1988,1995; Charlet and Manceau, 1993). Curve fitting 
allows the determination of the average number (Ni) (± 20 %) of atoms in the jth 
atomic shell, their distance (Rj) (± 0.02 A) from the central excited cadmium atom, 
their identity, and the associated Debye-Waller factor (2aj2) (e. g. Brown et al., 1988). 
The latter parameter represents the mean square of variation in distances from the 
element of interest to the shell under consideration. It accounts for damping of the 
EXAFS oscillations due to thermal vibration (aT) and static disorder (as) within 
atomic shells (e. g. Brown et al., 1995). The quality of the fit between the 
experimental and simulated EXAFS functions is represented by the R factor: 
R -1 (1 (k)exp _ Xi (k)theo'Y 1) x 100% EXAFS - 
1 
where a is the standard deviation of the difference between experimental (Xexperiment) 
and theoretical (Xtheory) EXAFS functions over a specified k range. For poorly 
ordered mineral-aqueous systems such as those described here, an R value between 
20% and 40% indicates an acceptable match between theory and experiment (Dent and 
Mosselmans, 1992). 
6.2.5.2 Data collection 
EXAFS data were collected at the CLRC Synchrotron Radiation Source at 
Daresbury Laboratory, U. K. EXAFS spectra were collected at the chromium K-edge 
(5.9892 keV) [Fe K-edge = 7.1120 keV] under room temperature conditions on 
station 8.1. This station uses a water cooled, harmonic rejecting double crystal 
Si(111) monochromator and a 13 element Ge diode detector. During all data 
collection, the monochromator was detuned to reject higher harmonics from the 
EXAFS spectra. 
The storage ring energy was 2.0 GeV and the beam current varied between 130 
and 240 mA during the collection of all data. Each adsorption sample was presented 
to the X-ray beam as a viscous paste held by Sellotape in a2 mm thick Teflon slide 
with a4x 15 mm sample slot. EXAFS data were collected from all adsorption 
samples during three to six fluorescence mode scans. It would have been preferable to 
analyse the air sensitive Cr(VI) on green rust sample at 77 K. Although this was not 
possible, the similarity of successive spectra collected from this sample suggest that 
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analysing it at room temperature did not induce artificial changes in chromium 
oxidation state or sorbent surface chemistry. 
6.2.5.3 Data analysis 
EXAFS data reduction was performed using Daresbury Laboratory software 
(EXCALIB and EXBACK) (Binsted et al., 1991). EXCALIB was used to calibrate 
from monochromator position (millidegrees) to energy (eV) and to average multiple 
spectra from individual samples. EXBACK was used to define the start of the 
EXAFS oscillations and perform background subtraction. 
The exact curved wave theory EXAFS analysis program EXCURV98 
(Gurman et al., 1984,1986; Joyner et al., 1987; Gurman, 1988; Binsted et al., 1991, 
1992) was then used to analyse the EXAFS data. This process involved the 
comparison of experimental data with theoretical EXAFS oscillations that were derived 
by EXCURV98 from model clusters. The geometry of these clusters was based on 
the predicted geometry of the adsorption complexes. For each sample, the cluster that 
provided the closest initial fit underwent least squares refinement of: Debye-Waller 
factor, number of atoms per shell, Cr-X distance and Fermi energy to improve the fit 
between its theoretical oscillations and the experimental data. This caused the 
composition and geometry of the model cluster to approach the true structure and 
chemistry of the adsorption complex. Whilst the values of some parameters were held 
constant in the early stages of fitting, it was normal for all parameters to be 
unconstrained during the final stages of data analysis. 
The model clusters initially consisted of only one atomic shell. Successive 
shells were added to the theoretical model until each significant peak in the Fourier 
transform of the EXAFS data was accounted for. Statistical tests (Joyner et al., 1987) 
were performed to ascertain the significance of each new atomic shell, and only those 
which improved the fit between theory and experiment at the 99% level of confidence 
were retained. Refining theoretical models to find agreement with experimental data in 
this way provided shell parameters that describe the average local coordination 
environment around sorbed chromium. However, it should be noted that EXAFS 
cannot discriminate between chromium and iron as backscatterers because of their 
similar mass and electronic structure. 
The phase-shift functions used in the curve fitting were derived by ab initio 
methods in EXCURV98 using Hedin-Lundqvist potentials (Hedin and Lundqvist, 
1969) and von Bart ground states. The fact that the EXAFS parameters reported here 
compare very well with published data from similar systems (e. g. Charlet and 
Manceau, 1992) confirms the accuracy of the theoretical phase-shift values that were 
used in this study. 
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6.3 RESULTS AND DISCUSSION 
6.3.1 Ageing of Cr(III)-contaminated ferrihydrite 
6.3.1.1 X-ray diffraction results from aged Cr(III)-ferrihydrite samples 
The XRD results show that the sole ageing product of Cr(III)-contaminated 
ferrihydrite with Cr/(Cr+Fe) between 0.052 and 0.140 is goethite, irrespective of 
initial chromium loading (Fig. 6.2 b-d). There is no evidence to suggest the formation 
of chromium hydroxide phases, although this is perhaps not surprising since 
Cr(OH)3(s) and y-CrOOH are both X-ray amorphous (Christensen, 1976; Rai et al., 
1987). Even a crystalline phase such as bracewellite (a-CrOOH; JCPDS card 25- 
1497) would be very hard to resolve by XRD because it would constitute such a small 
fraction of each sample. 
Schwertmann et al. (1989) suggest that there is an upper limit of 12% for 
chromium substitution in goethite. Whilst High Cr-HFO (Fig. 6.2 d) exceeds this 
limit (14% substitution; Cr/(Cr+Fe) = 0.140), it should be noted that this sample has 
not transformed completely to goethite. The broad humps between 30-40 and 55-65 
degrees 20 that are evident at the start of the ageing process in Fig. 6.2 (d) are 
characteristic of two-line ferrihydrite (Schwertmann and Cornell, 1991), which was 
the starting material. Although goethite peaks do initially, develop quite quickly in 
High Cr-HFO, they never grow to be as intense as those in Low Cr-HFO and Med. 
Cr-HFO. Additionally, the broad humps from the ferrihydrite precursor are still 
evident, and the background noise remains high (a sign of low crystallinity) relative to 
that in the other Cr-HFO samples, even after 2686 hours of ageing. Both of these 
lines of evidence suggest that a fraction of the ferrihydrite remained untransformed. 
This may be because sorbed chromium stabilised it against dissolution, which is an 
integral step in the transformation to goethite (Schwertmann and Murad, 1983). This 
is a likely explanation because sorbed chromium is known to stabilise goethite against 
dissolution (Schwertmann et al., 1989). Furthermore, the relative peak intensities in 
Fig. 6.2 (d) are noticeably different to those in Fig. 6.2 (a) and Figs. 6.2 (b) and (c). 
This suggests that high levels of sorbed Cr(III) influence the extent to which the 
various crystal planes in the goethite structure grow as it ages from ferrihydrite. 
Low Cr-HFO and Med. Cr-HFO appear to have transformed completely into 
goethite. The low background noise and sharp diffraction peaks are an indication of 
the high level of crystallinity of the ageing product in both samples. It is evident that 
the majority of transformation was complete after 24 hours in Low Cr-HFO (Fig. 6.2 
b) but not until after 144.5 hours in Med. Cr-HFO (Fig. 6.2 c). This finding supports 
the hypothesis that increasing levels of Cr(III) result in increased stabilisation of the 
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ferrihydrite precursor against dissolution. Despite the fact that ageing in Low Cr-HFO 
(Cr/Cr+Fe) = 0.052) and Med. Cr-HFO (Cr/(Cr+Fe) = 0.111) took place at slightly 
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Fig. 6.2 a. Goethite XRD reference standard. 
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Fig. 6.2 b. XRD powder patterns from samples of Low Cr-HFO (Cr/(Cr+Fe) _ 
0.052) at various stages in the ageing process. 
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Fig. 6.2 c. XRD powder patterns from samples of Med. Cr-HFO (Cr/(Cr+Fe) = 0.111) 
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Fig. 6.2 d. XRD powder patterns from samples of High Cr-HFO (Cr/(Cr+Fe) = 0.140) 
at various stages in the ageing process. 
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Finally, it should be noted that the XRD data presented here is not of 
sufficiently high resolution to establish whether or not increasing chromium content 
resulted in a change in goethite unit cell dimensions. 
6.3.1.2 Chemical observations from aged Cr(III)-ferrihydrite samples 
Changes in the concentration of dissolved chromium as a function of ageing 
time for Low, Med. and High Cr-HFO are shown in Fig. 6.3. It is clear that 
chromium is released to solution from all Cr-HFO samples as ageing proceeds, and 
that the rate of release is greatest near the start of reaction. Whilst the release rate 
gradually decreases with time in all cases, only in Low Cr-HFO does it appear that 
equilibrium between dissolved and solid phase chromium is close to being reached. In 
both other samples, chromium was still being released to solution at a significant rate 
when the reaction was stopped, and the amount of chromium released to solution 
always followed the same order: Low Cr-HFO < Med. Cr-HFO < High Cr-HFO. 
However, it is clear from Fig. 6.4 that the expelled chromium constitutes just 0.4 - 
0.6% of the initial chromium loading. It is also clear from this plot that the differences 
in dissolved chromium concentration correlate very closely with differences in initial 
chromium loading throughout most of the ageing reaction. 
The sorption capacity of ferrihydrite is very high because it has a high surface 
area (commonly 200-300 m2 g-1; Schwertmann and Cornell, 1991) and low 
crystallinity. Consequently, it is not surprising that fresh ferrihydrite was capable of 
sorbing all available Cr(III) from solution (Fig. 6.3). However, surface area (and 
hence the number of reactive surface sites) decreases whilst crystallinity increases 
during ageing (Fuller et al., 1993), and goethite consequently has a much lower 
sorption capacity than ferrihydrite. The release of some chromium to solution during 
ageing should therefore be expected, and is best explained simply as a consequence of 
changes in surface area and crystallinity. Indeed, Schwertmann et al. (1989) observe 
that goethite formed by the ageing of Cr(III)-ferrihydrite never sorbs all available 
Cr(III) from solution. 
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Fig. 6.3. The release of chromium to solution during the ageing of ferrihydrite 
samples with differing loadings of contaminant Cr(III). 
It is interesting to note that chromium was still being released from Low Cr- 
HFO and Med. Cr-HFO, albeit at a decreasing rate, after the ageing process was 
complete according to the XRD data. Indeed, the rate of chromium release from Med. 
Cr-HFO relative to that from the other two samples appeared to increase after 2686.0 
hours of ageing (last data points in Figs. 6.3 and 6.4). The first of these observations 
may be explained by the continued transformation of residual Cr(III)-contaminated 
ferrihydrite that is not detected by XRD because (a) it constitutes a small fraction of the 
bulk sample and (b) the high intensity of the goethite diffraction peaks swamps out the 
low intensity of the broad diffraction humps that are characteristic of ferrihydrite. The 
second observation is harder to explain. However, it may in fact be due to decreases 
in the rate of chromium release from Low Cr-HFO and High Cr-HFO rather than an 
increase in the rate of release from Med. Cr-HFO. This is possible because the 
approach to equilibrium of Low Cr-HFO and the retardation of the ageing reaction in 
High Cr-HFO (section 6.3.1.1) could have caused the rate of chromium release to 
decline in both cases. Since neither of these conditions applied to Med. Cr-HFO, the 
rate of chromium release from this sample would have declined more slowly, thereby 
appearing to increase relative to the two other samples. 
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Fig. 6.4. Chromium release to solution during the ageing of Cr(III)-contaminated 
ferrihydrite as a function of initial Cr(III) loading. 
One final important observation is that there was no release of iron to solution 
during ageing. This is proof that chromium was not released to solution simply by 
dissolution of the host FeOOH phase. 
6.3.1.3 EXAFS results from aged Cr(III)-ferrihydrite samples 
The EXAFS results from Cr-HFO samples at various stages in the ageing 
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Fig. 6.5. EXAFS (left) and FT (right) plots 
from samples of chromium-contaminated 
ferrihydrite (Cr-HFO) that were aged at 
65±3°C. All samples are dominated by a 
shell of oxygen atoms in octahedral 
coordination at a Cr-O distance of 1.98-1.99 
A. (Cr, Fe) shell contributions at 3.00 A and 
3.95 A suggest that chromium sorbed 
predominantly as a Cr(III) hydroxide 
precipitate with a gamma-CrOOH-type 
structure. There also appear to be 3.45 A 
(Cr, Fe) contributions (suggesting that some 
chromium existed in a goethite-like 
environment), but a Cr, Fe shell at this 
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Table 6.1. EXAFS results from Low Cr-HFO and Medium Cr-HFO coprecipitate 
samples. CNX is the number of atoms in a shell at distance RX (A) from the central 
cadmium atom. 2a2X is the associated Debye-Waller factor (A2). The R factor gives a 
measure of the agreement between experimental and theoretical EXAFS curves. R< 
20% indicates a very good fit whereas RS 40% is acceptable. Note that EXAFS 
cannot distinguish between chromium and iron as backscattering atoms; Me denotes 











Med. Cr-HFO 24.0 1.98 4.5 3.00 2.0 3.94 1.4 34.0 
21/03/98 0.009 0.012 0.015 
Low Cr-HFO 144.5 1.98 5.1 3.01 2.0 3.95 2.0 39.2 
26/03/98 0.009 0.012 0.015 
Low Cr-HFO 501.0 1.99 4.3 3.00 1.6 3.91 1.5 42.6 
10/04/98 0.009 0.012 0.015 
The spectra of all samples are dominated by a shell of 4.3-5.1 oxygen atoms at 
a Cr-O distance of 1.98-1.99 A. This Cr-O distance is characteristic of Cr(III) in 
octahedral coordination (Charlet and Manceau, 1992; Fendorf et al., 1994), and is 
distinctly different to the oxygen coordination environment around Cr(VI) (4.0 oxygen 
atoms at Cr-O = 1.69 A; section 6.3.2.2). Because EXAFS-derived coordination 
numbers are only ever equal to or less than the true values (CNEXAFS <_ CNeal; Charlet 
and Manceau, 1992), the observed oxygen coordination numbers taken together with 
the Cr-O distance suggest that the samples contained only Cr(III) and no Cr(VI). 
Further evidence for this assertion is that the raw EXAFS data (not shown) contain no 
trace of the sharp pre-edge feature that is characteristic of Cr(VI) (e. g. Fendorf et al., 
1997). 
Aside from the oxygen shell, the Fourier transform (FT) plots are dominated 
by shells containing 1.6-2.0 Cr, Fe atoms at Cr-(Cr, Fe) = 3.00-3.01 A and 1.4-2.0 
Cr, Fe atoms at Cr-(Cr, Fe) = 3.91-3.95 A (remember that EXAFS cannot discriminate 
between chromium and iron as backscatterers). These Cr-(Cr, Fe) distances and 
coordination numbers are in good agreement with EXAFS results obtained from both 
a hydrous Cr(III) gel (Cr(OH)3"nH2O) (Manceau and Charlet, 1992) and Cr(III) 
sorbed at high surface coverage on ferrihydrite (Charlet and Manceau, 1992). The 
3.00-3.01 A and 3.91-3.95 A Cr-(Cr, Fe) contributions are respectively assigned to 
single edge- and single corner sharing mechanisms of polyhedral attachment, 
suggesting that Cr(OH)3"nH2O possesses a y-CrOOH-like structure (Manceau and 
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Charlet, 1992 Fig. 6.6). Thus, it is apparent that the majority of Cr(III) sorbed to the 
Cr-HFO samples as Cr(OH)3"nnH2O with a y-CrOOH-like local structure. 
Fig. 6.6. The structure of y-CrOOH. Each octahedron represents a Cr(O, O1 I)(, unit, 
and the hatched white spheres represent chromium atoms. SE and SC denote single 
edge- and single corner sharing mechanisms of polyhedral attachment, respectively. 
Diagram constructed in CrystalMaker 2.1.0 (Palmer, 1996) using crystallographic data 
for y-FeOOH, lepidocrocite. 
Goethite ((x-FeOOH) has characteristic Fe-Fe interactions at 3.01 A (single 
edge-), 3.28 A (double edge-) and 3.46 A (double corner sharing), and the local 
structure of ferrihydrite is very similar to this (Manceau and Combes, 1988; Combes 
et al., 1989; Shinoda et al., 1994). Note that the structures of goethite and ferrihydrite 
are distinctly different to that of y-CrOOH, which has Cr-Cr interactions at 2.98 A and 
3.98 A (Manceau and Charlet, 1992). 
A 3.45 A Cr-(Cr, Fe) contribution is visible in the FT plots (Fig. 6.5), raising 
the possibility that some Cr(III) sorbed to ferrihydrite or goethite by isomorphic 
substitution for Fe(III). However, the 3.45 A contribution is too weak to be resolved 
in the EXAFS fits. This makes it clear that after as little as 24 hours of ageing, the 
majority of Cr(III) sorbed was to ferrihydrite and the a-FeOOH ageing product as a 
discrete Cr(OH)3"nH,, O precipitate with a y-CrOOH structure. It is not possible to 
state whether this is located exclusively at the mineral-water interface or whether some 
of it is also occluded in the a-FeOOH structure. 
My finding that the majority of Cr(III) sorbed in the form of a discrete 
Cr(OH)3 nH,, O precipitate appears to be at odds with the results of Schwertmann et al. 
(1989). Based on changes in unit cell dimensions, these workers suggested that 
Cr(III) was incorporated into goethite by structural substitution of Cr(III) for Fe(III). 
In resolving this apparently contradictory evidence, it is important to realise that a- 
CrOOH belongs to space group R3m (Douglass, 1957; Hamilton and Ibers, 1963: 
Christensen, 1976) and is not isostructural with goethite (space group Prima). It 
actually has a structure much more like that of gibbsite, in which each Cr(O, OH)(, 
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octahedron shares six edges with neighbouring octahedra. This results in a single Cr- 
Cr distance of 2.98 A (Fig. 6.7). 
Fig. 6.7. The SH -1.101.11-C of U-0-001 I I'S 
similar to that of gibbsitc (AI(011); ). It 
consists of Cr(O, OH)6 octahedra that share 
edges with each other to form sheets which 
are linked by hydrogen bonding. There is 
only one Cr-Cr interaction, at a distance of 
2.98 A. Diagram constructed in 
CrystalMaker 2.1.0 (Palmer, 1996). 
Consequently, Cr(III) should not be expected to form a solid solution with Fe( Ill) in 
crystalline a-FeOOH. Whilst Sass and Rai (1987) do provide compelling evidence 
for extensive solid solution between Cr(Ill) and Fe(III) in amorphous iron 
oxyhydroxide (ferrihydrite), this may only be made possible by the poor long range 
crystallinity of ferrihydrite relative to goethite. Indeed, further evidence for the lack of 
a Cr(III)-Fe(III) solid solution in goethite is provided by comparing the results of Sass 
and Rai (1987) with those of Schwertmann et al. (1989). Whilst the former find up to 
89 mol% Cr(III) for Fe(III) substitution in ferrihydrite, the latter find that Cr/(Cr+Fe) 
reaches a maximum of 12% in goethite. 
The results presented here can be reconciled with those of Schwertmann et al. 
(1989) if it is assumed that a small amount of sorbed Cr(III) does in fact substitute for 
Fe(Ill) in the goethite structure, with the remainder forming a discrete y-CrOOH-like 
Cr(OH)3 iiH2O precipitate. This would explain why changes in the a-FeOOH unit 
cell dimensions might occur despite very weak EXAFS evidence for Cr(III) with a 
goethite-like local structure. It should be noted that any y-CrOOH or a-CrOOH that 
did form in the samples examined by Schwertmann et al. (1989) would not have been 
detected because it would have constituted <_ 12 mol% of the sample. Furthermore, y- 
CrOOH is X-ray amorphous (e. g. Christensen, 1976). 
6.3.2 Interaction of Cr(VI) with green rust 
6.3.2.1. General observations for Cr(VI) interaction with green rust 
The XRD powder pattern from pure green rust is shown in Fig. 6.8 (a). The 
sole product of the interaction of this material with aqueous Cr(VI) is magnetite 
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Fig. 6.8. (a) XRD powder pattern from green rust prior to Cr(VI) addition. Addition 
of aqueous Cr(VI) resulted in the rapid transformation of green rust to magnetite under 
anoxic conditions (sample 92-S; b). Air oxidation of a portion of the green rust 
suspension immediately after Cr(VI) addition resulted in the formation of goethite 
(sample 97-S; c). 
As previously noted in section 6.2.3, the dark-green green rust suspension 
began to turn a darker green-black colour consistent with the formation of magnetite 
very soon after the addition of Cr(VI). This observation suggests that the oxidation of 
green rust to magnetite occurs very rapidly. It has previously been shown that Se(VI) 
can oxidise green rust to magnetite and/or lepidocrocite (Myneni et al., 1997) whilst 
nitrite oxidises it to goethite (Hansen et al., 1994). Indeed, it is thought that the 
oxidation of green rust can lead to the formation of goethite, lepidocrocite, maghemite 
or magnetite depending on oxidation rate and the extent of green rust dehydration 
(Hansen et al., 1994). 
When the Cr(VI)-green rust suspension was reacted under oxic conditions, the 
sole mineralogical product was goethite (sample 97-S, Fig. 6.8 c). It is interesting to 
note that the (110) line is poorly developed in 97-S relative to that in pure goethite 
(Fig. 6.2 a) and that the powder pattern in Fig. 6.8 (c) is very similar to that from 
High Cr-HFO (Fig. 6.2 d). This may be due to Cr(III) interfering with crystal growth 
in both 97-S and High Cr-HFO. 
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6.3.2.2 EXAFS results for Cr(VI) interaction with green rust 
The EXAFS results from samples of Cr(VI) sorbed on green rust under anoxic 
and oxic conditions and the associated EXAFS reference standards (Cr(III) and Cr(VI) 
on lepidocrocite) are shown in Fig. 6.9 and summarised in Table 6.2. 
Table 6.2. EXAFS results from samples of Cr(VI) on green rust (GR) that were 
reacted under anoxic (92-S) and oxic (97-S) conditions, in addition to samples of 
Cr(III) and Cr(VI) sorbed on lepidocrocite (y-FeOOH). CNX is number of atoms in a 
shell at distance RX (A) from the central cadmium atom. 2ß2X (A2) is the associated 
Debye-Waller factor. The R factor gives a measure of the agreement between 
experimental and theoretical EXAFS curves. R< 20% indicates a very good fit 
whereas R <_ 40% is acceptable. Note that EXAFS cannot distinguish between 
chromium and iron as backscattering atoms; Me denotes both types of atom in this 
table. 














Cr(VI) on 0.5t 1.98 5.6 3.01 1.3 3.91 1.7 35.3 
GR(S042-) 0.009 0.011 0.011 
(92S) 
Oxidised N/A 1.97 5.4 3.06 1.3 3.87 1.2 34.1 
portion of 0.008 0.012 0.013 
92-S(97S) 
EXAFS reference standards 










Cr(III) on 70§ 1.98 6.1 3.04 1.7 3.97 2.4 37.0 
y-FeOOH 0.72 0.012 0.019 0.015 
(84S) 
Cr(VI) on 50¥ 1.65 4.2 -- -- 44.3 
y-FeOOH 0.50 0.003 
(81S) 
Notes: 
SL stands for surface loading. 
t Value ± ca. 20% due to uncertainty of exact mass of green rust in sample. 
Values derived from maximum adsorption site density of 1.3 sites nm-2 for 
Cr(III) on goethite (Charlet and Manceau, 1992). 
§ Values calculated using maximum adsorption site density of 1.44 sites nm-2 






























Fig. 6.9. The coordination environment of 
Cr(III) on lepidocrocite (gamma-FeOOH), is 
identical to that in gamma-CrOOH (octahedral 
shell of 0 atoms at 1.99 A and Cr, Fe shells at 
3.04 A and 3.99 A). The chromium coordination 
environment is very similar to this following 
sorption on green rust, making it clear that green 
rust reduces sorbed Cr(VI) (compare with the 
Cr(VI) coordination environment in (e)). There 
is a weak 3.45 A contribution in (c), suggesting 
that some chromium is adsorbed or 
coprecipitated in an a-FeOOH-type environment; 
this feauture becomes stronger following reaction 
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Spectra from all samples except Cr(VI) on lepidocrocite are dominated by a 
shell of 5.4-6.1 oxygen atoms at a Cr-O distance of 1.97-1.99 A that immediately 
shows the sorbed chromium to be in the Cr(III) form. Conversely, Cr(VI) is 
surrounded by a shell of four oxygen atoms at a Cr-O distance of 1.65 A, in good 
agreement with the findings of previous studies of Cr(VI) sorption on iron 
oxyhydroxides (e. g. Fendorf et al., 1997). 
Aside from the oxygen shell, spectra from the Cr(III) on lepidocrocite EXAFS 
reference standards (Figs. 6.9 a and b) are dominated by Cr, Fe contributions at Cr- 
(Cr, Fe) distances of 3.04-3.07 A and 3.97-3.99 A. These distances, along with the 
associated coordination numbers (Table 6.2), are entirely consistent with Cr(III) 
sorption in the form of a Cr(OH)3"nH2O precipitate with y-CrOOH structure (Manceau 
and Charlet, 1992), despite the fact that an effort was made to minimise Cr(III) 
polymerisation prior to sorption (section 6.2.4.1). The theory that Cr(OH)3-nH2O is 
isostructural with lepidocrocite (Manceau and Charlet, 1992) is supported by the fact 
that it develops so well on this mineral (Figs. 6.9 a and b). Note that there is no trace 
of the speculative 3.45 A contribution noted for Cr(IH) sorption on ferrihydrite and a- 
FeOOH (goethite) (section 6.3.1.3). Although the Cr-(Cr, Fe) distances do not change 
as Cr(III) surface loading increases from 30% to 70% (Fig. 6.9, Table 6.2), the 3.97- 
3.99 A shell Cr, Fe coordination numbers increase whilst those for the 3.04-3.07 A 
shell decrease. A similar phenomenon has previously been observed following 
increases in Cr(III) surface loading on ferrihydrite (Charlet and Manceau, 1992). 
These workers assigned the change to a decrease in the ratio of edge- to corner sharing 
linkages during development of the y-CrOOH precipitate. 
The spectra in Fig. 6.9 (c) unambiguously demonstrate that green rust reduced 
all available Cr(VI) to Cr(HI). Furthermore, the strong similarity between the EXAFS 
results from this sample and those from the Cr(III) on lepidocrocite reference 
standards suggests that chromium was sorbed as a Cr(OH)3-nH2O precipitate with y- 
CrOOH-like structure following reduction. Note that the sorbent is magnetite (Fe304) 
rather than green rust since the latter was oxidised during Cr(VI) reduction (Fig. 6.8 
b). A likely reaction scheme for the reduction of Cr(VI) by green rust is as follows: 
HCrO4 + 3Fe(II)2Fe(III)(OH)5(SO4) = 
Cr(OH)3"nH2O + 3Fe3O4 + 3SO42- + 5H+ + 4-nH2O 
Previous work has shown that magnetite is also capable of reducing aqueous 
Cr(VI) (Peterson et al., 1996,1997; White and Peterson, 1996). Whilst anoxic 
conditions are required for this reaction to proceed at an appreciable rate (White and 
Peterson, 1996), it is apparent that this constraint does not apply to Cr(VI) reduction 
by green rust (Fig. 6.9 d). Although this is an interesting result, the importance of 
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this reaction in nature will be minimal because green rust itself cannot persist for long 
outside reducing environments. 
It is noteworthy that the Cr(VI) on green rust sample reacted under anoxic 
conditions has a weak -3.45 A contribution (see FT plot in Fig. 6.9 c), and that this 
becomes stronger following reaction under oxic conditions (Fig. 6.9 d). Although 
these contributions cannot be resolved in the EXAFS data, they do suggest that a small 
fraction of the Cr(III) may have sorbed by isomorphic substitution for Fe(III). 
Finally, it is clear that re-oxidation of Cr(III) to Cr(VI) did not occur during 
reaction with green rust under oxic conditions (Fig. 6.9 d). Although oxygen has 
been shown to oxidise Cr(III) to Cr(VI) under laboratory conditions (Schroeder and 
Lee, 1975; Nakayama et al., 1981), the rate of oxidation at room temperature is very 
low. Consequently, Cr(III) is more likely to be involved in faster concurrent reactions 
such as sorption or precipitation, explaining why the oxidation of Cr(III) by dissolved 
oxygen has not been observed in field studies (e. g. Kent et al., 1994). 
6.4 CONCLUSIONS 
It has previously been suggested that aqueous Cr(III) concentrations will be 
controlled by equilibrium with amorphous [Fe(III), Cr(III)] hydroxide (Cr(III)- 
contaminated ferrihydrite) wherever this occurs in nature (Richard and Bourg, 1991). 
However, it is clear that after Cr(III)-contaminated ferrihydrite has been aged for as 
little as 24 hours at 65±3°C, the Cr(III) that was present during its nucleation is 
sorbed as a discrete Cr(OH)3"nH2O precipitate with the y-CrOOH structure. It 
remains in this form during further ageing to crystalline goethite (a-FeOOH). 
Evidence for Cr(III) with a goethite-like local structure is weak, perhaps because a- 
CrOOH is not isostructural with a-FeOOH. This suggests that the extensive Cr(III)- 
Fe(III) solid solution observed by previous workers in amorphous [Fe(III), Cr(III)] 
hydroxide (Sass and Rai, 1987) does not occur in goethite. This assertion is 
supported by the fact that Cr(III) for Fe(III) substitution can reach 89 mol% in 
[Fe(III), Cr(III)] hydroxide (Sass and Rai, 1987) but just 12 mol% in goethite 
(Schwertmann et al., 1989). Hence, my results suggest that Cr(OH)3"nH2O will exert 
the dominant control on Cr(III) solubility following the ageing of Cr(III)-contaminated 
ferrihydrite. This is important because pure Cr(OH)3 is much more soluble than any 
[Fe(III), Cr(III)] hydroxide solid solution (Sass and Rai, 1987). The phase 
transformation from ferrihydrite to goethite is retarded by increasing Cr(III) content, 
and is accompanied by the expulsion of a small fraction of sorbed Cr(III), even when 
initial loadings are relatively low (e. g. Cr/Cr+Fe) = 0.052). 
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Data presented here shows that green rust can rapidly reduce Cr(VI) to Cr(III) 
with the concomitant production of magnetite. A likely scheme for this reaction is as 
follows: 
HCrO4 + 3Fe(II)2Fe(III)(OH)5(SO4) _ 
Cr(OH)3-nH2O + 3Fe3O4 + 3SO42- + 5H+ + 4-nH2O 
This observation is important because it shows that green rust, which is thought to 
occur quite widely under reducing and weakly acidic-alkaline conditions, can rapidly 
reduce chromium from its toxic and highly mobile Cr(VI) form and precipitate it as 
Cr(OH)3"nH2O. This phase will then exert the major control on Cr(III) solubility. 
The hypothesis that y-CrOOH is isostructural with lepidocrocite (y-FeOOH) 
(Manceau and Charlet, 1992) is supported by the fact that 'y-CrOOH develops so well 
on y-FeOOH. 
The results presented here have two broad implications for the mobility of 
chromium in the environment. Firstly, whilst equilibrium with [Fe(III), Cr(III)] 
hydroxide can be expected to maintain low Cr(III) solubility in immature sediments 
and soils, Cr(III) will partition into a discrete chromium hydroxide phases as this 
material ages. Since Cr(OH)3 is more soluble than any [Fe(III), Cr(III)] hydroxide, 
dissolved Cr(IH) concentrations should be expected to increase over time. 
Secondly, green rust is capable of reducing the mobile and toxic Cr(VI) species 
and precipitating it as Cr(OH)3"nH2O. This reaction may be very important in limiting 
the mobility of Cr(VI) because (a) it occurs rapidly and (b) current opinion is that 
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Overview and future directions 
7.1 INTRODUCTION 
The work presented in this report was motivated by a desire to better 
understand some of the processes that lead to 'natural attenuation', which is a 
phenomenon whereby naturally occurring materials act as a barrier to the migration of 
contaminants. A related aim was to identify situations where natural attenuation could 
not be relied upon to limit contaminant mobility. 
Arsenic, cadmium and chromium are highly toxic to humans when 
accumulated in excess (e. g. Nieboer and Jusys, 1988; Mandal et al., 1996; Jin et al., 
1998; Lehoczky et al., 1998). However, all three have become significant 
contaminants in many soil and sediment systems around the world, largely as a 
consequence of anthropogenic activities. Fortunately, As(V), Cd(II) and Cr(III) are 
strongly adsorbed by the poorly crystalline secondary iron- and/or manganese 
(oxyhydr)oxide minerals that occur widely in soils and sediments. This limits the 
mobility of these contaminants, and forms the basis of natural attenuation. 
Although the oxyhydroxide minerals are very effective in reducing contaminant 
mobility by sorption, they constitute a huge reservoir of pollutants as a result. 
Consequently, it is essential that we understand the long-term changes in composition 
and mineralogy that the oxyhydroxide minerals will undergo, and the implications that 
these changes have for the mobility of sorbed species. It is also vital that reactions that 
can bring about a change in arsenic or chromium oxidation state are understood 
because, as will be shown, these can also have important implications for the mobility 
of these contaminants. 
7.2 CADMIUM 
The aqueous chemistry of cadmium is relatively simple because it only exists in 
the +2 oxidation state (Fig. 1.4). Except where there are high concentrations of other 
ligands, cadmium is present in solution as the aquo ion, [Cd(H20)6]2+. Under 
favourable pH conditions (generally >_ pH 6), this adsorbs to iron (oxyhydr)oxide 
minerals via the formation of strong inner sphere bonds with =Fe-0(H) functional 
groups at the mineral surface (e. g. Spadini et al., 1994). 
A number of 'surface complexation models' (SCM's) have been developed to 
derive thermodynamic data that describes the sorption process (e. g. Davis and Leckie, 
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1978; Davis and Kent, 1990; Hayes et al., 1991; Hiemstra and Van Riemsdijk, 1996; 
Venema et al., 1996a, b). This data is used in reactive transport models that predict 
the migration of contaminants such as cadmium in groundwater, and the effectiveness 
of these predictions is clearly dependent on the quality of the input thermodynamic 
data. SCM's require chemically and physically realistic representations of both the 
surface complexes and the oxyhydroxide mineral surface in order to generate reliable 
data. Unfortunately, the use of SCM's is currently limited by an incomplete 
understanding of the chemistry that takes place during adsorption. Consequently, a 
major aim of this work was to elucidate how the structure and composition of 
cadmium surface complexes varies as a function of pH and surface loading on the 
following oxyhydroxide minerals: goethite (a-FeOOH), lepidocrocite (y-FeOOH), 
akaganeite (ß-FeOOH), schwertmannite (Fe808(OH)6SO4) (Chapter 3) and 
cryptomelane (KMn8O16) (Chapter 4). Extended X-ray absorption fine structure 
(EXAFS) spectroscopy was used to probe the short range (<_4 A) structure around 
sorbed cadmium in situ (i. e. the samples were analysed as viscous pastes, with no 
need for drying or the use of ultra-high vacuum during analysis). Importantly, the 
high X-ray flux used during EXAFS analysis allowed data to be collected from 
samples with as little as 0.1 wt% cadmium. Ab initio quantum mechanical modelling 
using density functional theory (DFT) calculations was used to complement and assist 
EXAFS data interpretation for samples of cadmium adsorbed on goethite. 
7.2.1 Cadmium adsorption on iron oxyhydroxides 
The EXAFS data show that cadmium adsorbs to goethite predominantly via a 
corner sharing mechanism at 'low affinity' sites on the dominant (110) surface (Fig. 
3.5). DFT calculations and consideration of the likely relative surface hydroxyl group 
reactivities strongly suggest that this adsorption is achieved by corner sharing with 
two A-type hydroxyls rather than one C-type hydroxyl (Fig. 3.3). The EXAFS data 
provide no evidence for the edge sharing adsorption which previous studies (e. g. 
Spadini et al., 1994) and our quantum mechanical modelling indicate to be 
energetically favourable over corner sharing adsorption. I suggest that the goethite 
morphology precludes significant cadmium adsorption at edge sharing sites because 
these are only present on the crystal ends which are estimated to comprise only -2% of 
the total surface area (Fig. 3.2). Note that synthetic and natural goethites share a very 
similar morphology (Smith and Eggleton, 1983; Schwertmann, 1984; Mann et al., 
1985; Amouric et al., 1986; Schwertmann and Cornell, 1991; Hiemstra and Van 
Riemsdijk, 1996). Consequently, it seems likely that cadmium adsorption on goethite 
could be adequately modelled by assuming that bonding occurs only by bidentate 
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corner sharing adsorption. This will be especially true under conditions of moderate 
to high cadmium surface loading and/or when other competing ions are present in 
solution. I suggest that the single site surface complexation constants reported by 
Gunneriusson (1994) and partially revised by Palmqvist et al. (1997) are currently the 
most reliable for describing cadmium adsorption on goethite: 
FeOH + Cd2+ H =FeOHCd2+; log ßö, i, 1. o(int) = 5.4 
=FeOH + Cd2+ t-*=FeOCd+ + H+; log ß',.,.,. o (int) _ -2.22 t 0.05 
By contrast, edge sharing mechanism(s) are responsible for the majority of 
cadmium adsorption on lepidocrocite (Fig. 3.7). This mineral has a far greater 
proportion of edge sharing sites than goethite, and this result confirms the notion that 
cadmium is preferentially adsorbed at 'high affinity' edge sharing- rather than 'low 
affinity' corner sharing sites at the surface of iron oxyhydroxide minerals. The overall 
mechanism of cadmium adsorption on goethite and lepidocrocite appears to be 
insensitive to changes in pH and surface loading. 
The results presented here also demonstrate that akaganeite and schwertmannite 
are capable of adsorbing significant amounts of cadmium from solution. Whilst this 
adsorption clearly occurs via inner sphere bonding, it has not been possible to 
unambiguously assign definite adsorption mechanism(s). 
7.2.2 Cadmium sorption on manganese oxide 
Cryptomelane is a manganese oxide with the hollandite structure (Fig. 4.1), in 
which there are -4.6 A tunnels (Vicat et al., 1986). In natural cryptomelane the tunnel 
sites are occupied primarily by K+ cations, although variable amounts of other cations 
(commonly Sr2+, Bat+, Na+, Pb2+) and water are also present (Post et al., 1982). 
Cryptomelane is the major manganese oxide in some lateritic weathering profiles (Parc 
et al., 1989; Ostwald, 1992; Vasconcelos et al., 1994; Ruffet et al., 1996), where it 
commonly forms by authigenic precipitation (Vasconcelos et al., 1994). The presence 
of cryptomelane is documented in weathered ultramafic rocks (Llorca and Monchoux, 
1991). It has also been identified as an important vein and/or fracture-lining 
manganese mineral in volcanic tuffs (such as that at the proposed Yucca Mountain 
high-level nuclear waste repository) (Carlos et al., 1993), in rocks surrounding 
granites (Nakashima and Imaoka, 1991), and in fault zones and related karsts in 
marbles (Nimfopoulos and Pattrick, 1991). 
The work presented here has shown cryptomelane to be capable of sorbing 
large amounts of cadmium from solution under low pH conditions (>_ pH 2). EXAFS 
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results indicate that cadmium sorption at pH 2.0 occurs predominantly at tunnel sites 
in the cryptomelane structure by ion exchange for H+ ions, which are likely to be in 
the tunnels in addition to potassium. This conclusion is supported by the lowering of 
pH during cadmium sorption. This is an important result for K-Ar dating techniques 
which use natural cryptomelane (Vasconcelos et al., 1992,1994; Lippolt and 
Hautmann, 1995; Dammer et al., 1996; Ruffet et al., 1996; Henocque et al., 1997), 
because the possibility of potassium replacement by competing cations would increase 
dating uncertainties. Sorbed cadmium is displaced from the ideal tunnel cation 
position (special position 2a (0,0,0)) in order to achieve a separation of 2.24 A from 
the tunnel wall 02- ions with which it is coordinated. EXAFS results show that 
cadmium has a complete octahedral solvation shell, but this cannot be due to tunnel 
wall 02- ions alone. I suggest that tunnel cadmium is also partly coordinated with free 
water in the tunnels in order to complete its solvation shell. Although this study 
demonstrates that cadmium is able to sorb at tunnel sites in cryptomelane, it has not 
been possible to identify the exact location of sorbed cadmium because of structural 
disorder and the likely existence of a number of different sorption sites. 
7.2.3 The influence of organic matter on trace metal adsorption 
It should be noted whilst dissolved organic material and organic coatings 
(biofilms) can exert a significant control on the behaviour of trace metals in the 
environment (e. g. Lion et al., 1988; Lamy et al., 1991; Tipping and Hurley, 1992; 
Sanchez-Martin and Sanchez-Camanzano, 1993), all experiments reported in this 
study were performed under organic-free conditions. This was done so that the 
fundamental inorganic reactions could be explored in detail, and thus form the basis 
for future experiments involving organics. It is important to realise that the influence 
of organics on trace metal speciation and mobility is limited under conditions of near 
neutral to alkaline pH in lakes (Tessier et al., 1985,1996) and soils (Anderson and 
Christensen, 1988). Indeed, Tessier et al. (1985,1996) have shown that trace metal 
adsorption under these conditions takes place by direct bonding to inorganic mineral 
surfaces, even in the presence of organics. An EXAFS spectroscopy study has 




7.2.4 Cadmium adsorption - summary 
Cadmium adsorbs from solution to goethite, lepidocrocite, akaganeite and 
schwertmannite by the formation of inner sphere bonds with the mineral surface. The 
strongest adsorption takes place at 'edge sharing' sites. The majority of adsorption 
will occur at these sites except where crystal morphology dictates that they constitute a 
minor fraction of the total available surface sites. Adsorption on goethite is a good 
example of such a situation. In this case, edge sharing sites occur on just -2% of the 
total crystal surface area. As a consequence, adsorption occurs predominantly at the 
less energetically favourable bidentate 'corner sharing' sites. Note that this situation 
can also arise when other ions such as Pb2+ and Zn2+ and Ca2+ compete for adsorption 
sites, thereby forcing cadmium onto the corner sharing sites even when edge sharing 
sites are theoretically available. Thus, in goethite-rich environments, cadmium 
mobility is most likely to be controlled by equilibrium with species adsorbed via a 
bidentate corner sharing mechanism. Conversely, stronger edge sharing adsorption is 
more likely to be important in environments where lepidocrocite dominates. Reactive 
transport modelling approaches should take account of this. 
By contrast to its adsorption on iron oxyhydroxides, cadmium predominantly 
sorbs to cryptomelane via ion exchange for protons that exist in the structural tunnels 
in this mineral. Since this can occur at pH >_ 2 (remember that cadmium adsorption on 
iron oxyhydroxides only becomes important above -pH 6), this mineral may 
constitute an important sorbent for cadmium when adsorption on iron (oxyhydr)oxides 
is minimal. 
It is expected that the results presented here will allow existing thermodynamic 
sorption data to be critically assessed on the basis of whether a physically realistic 
chemical model was used during its derivation. By the same token, the results should 
act as a guide for future attempts to generate thermodynamic data. They also provide 
direction for workers attempting to apply Ab initio methods to reactions at the mineral- 
water interface. 
7.3 ARSENIC AND CHROMIUM 
Naturally occurring, poorly crystalline iron oxyhydroxides such as ferrihydrite 
are known to be very effective sorbents of As(V) and Cr(III) (e. g. Aggett and 
Roberts, 1986; Belzile and Tessier, 1990; Richard and Bourg, 1991; Petersen et al., 
1995). Ferrihydrite is metastable and over time it ages into more crystalline phases 
such as goethite (a-FeOOH) and/or hematite (a-Fe203). The fate of adsorbed and 
coprecipitated contaminants upon ageing of ferrihydrite is unclear; they could simply 
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remain adsorbed as surface complexes or they may be incorporated into the bulk 
crystal structure. In this case, they could only be released upon dissolution of the host 
mineral. Conversely, they could be expelled from the crystal structure and desorbed 
during ageing, in which case their mobility and bioavailability would be vastly 
increased. This is a possibility because amorphous iron (oxyhydr)oxides such as 
ferrihydrite have a much higher sorption capacity per unit mass than crystalline ageing 
products such as goethite (e. g. Bowell, 1994). 
Understanding the risks posed by arsenic and chromium contamination is 
complicated by the fact that both elements exist in two different oxidation states (Figs. 
1.1 and 1.9). Whereas the As(V) and Cr(III) species are strongly adsorbed and 
therefore relatively immobile, the opposite is true of the more toxic As(III) and Cr(VI) 
forms. Because of this, it is vital that the geochemical processes that can bring about 
changes in the oxidation state of arsenic and chromium are also understood. A 
molecular scale understanding of redox processes is also useful from a mechanistic 
point of view. This is because the elucidation of adsorption equilibria and the 
structure of precursor complexes such as (=FeIII-O-Fell) at the mineral surface is a 
prerequisite for the study of heterogeneous redox kinetics (Wehrli, 1990). 
Amongst the most important processes that can lead to changes in oxidation 
state are (a) interaction of an oxidised species with a reductant, and (b) changes in the 
Eh and composition of porewater with the onset of with early diagenesis. These 
processes have the potential to liberate arsenic and chromium and turn many 
contaminated areas into persistent sources of pollution. This risk can only be 
mitigated by an understanding of the processes that will control the long-term mobility 
of arsenic and chromium. 
7.3.1 Ageing of contaminated ferrihydrite 
When ferrihydrite that was contaminated with a relatively small amount of 
As(V) (bulk As/(As+Fe) = 0.0033) was aged to goethite, all As(V) remained adsorbed 
because the sorption capacity of the crystalline product was not exceeded. 
Importantly, there was also no arsenic release from samples with a sorption capacity 
that would have been exceeded if all ferrihydrite had transformed to goethite or 
hematite. This is explained by the fact that sorbed As(V) retarded the ageing process 
to such an extent that significant amounts of untransformed ferrihydrite remained, and 
the bulk sorption capacity of the samples was consequently not exceeded. Another 
important finding is that throughout the ageing process, As(V) persisted as surface 
complexes whether it was added prior to or after the nucleation of ferrihydrite. It was 
not incorporated into the iron oxyhydroxide bulk structure, and there was no evidence 
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for the formation of a ferric arsenate phase such as scorodite (FeAs04.2H20). This 
result is in agreement with field observations (e. g. Voigt et al., 1996), and suggests 
that dissolved arsenic concentrations will be controlled by equilibrium with adsorbed 
species irrespective of ongoing ageing processes. 
It was apparent that increasing arsenic levels favoured the formation of 
hematite over goethite; this is thought to be because sorbed As(V) facilitates the 
aggregation of ferrihydrite particles and stabilises iron oxyhydroxides against 
dissolution. It is interesting to note that although the bulk ageing products were 
always goethite and/or hematite, the local coordination environment around As(V) on 
the ageing products was different to that of As(V) adsorbed on pure goethite or 
hematite. This difference is assigned to As(V)-induced poisoning of crystal growth 
that was limited to the mineral-water interface where the arsenic was adsorbed. 
In contrast to the As(V)-ferrihydrite ageing experiments, ageing of Cr(III)- 
contaminated ferrihydrite resulted in a persistent release to solution of Cr(III), 
although there was no release of iron. Increasing levels of Cr(III) did slow the ageing 
process, but goethite ((x-FeOOH) was always the sole ageing product. EXAFS 
analysis showed that Cr(III) sorbed via the formation of a hydrous Cr(III) oxide with 
a y-CrOOH-type structure. This persisted throughout the ageing process, and there 
was only weak evidence for Cr(III) for Fe(III) substitution, perhaps because a- 
CrOOH is not isostructural with a-FeOOH. This suggests that the extensive Cr(III)- 
Fe(III) solid solution observed by previous workers in amorphous [Fe(III), Cr(III)] 
hydroxide (Sass and Rai, 1987) does not occur in goethite. This assertion is 
supported by the fact that Cr(III) for Fe(III) substitution can reach 89 mol% in 
[Fe(III), Cr(III)] hydroxide (Sass and Rai, 1987) but just 12 mol% in goethite 
(Schwertmann et al., 1989). 
It has previously been suggested that aqueous Cr(III) concentrations will be 
controlled by equilibrium with amorphous [Fe(III), Cr(III)] hydroxide (Cr(III)- 
contaminated ferrihydrite) wherever this occurs in nature (Richard and Bourg, 1991). 
However, the results presented here suggest that Cr(OH)3"nH2O will exert the 
dominant control on Cr(III) solubility following the ageing of Cr(III)-contaminated 
ferrihydrite. This is important because pure Cr(OH)3 is more soluble than any 
[Fe(III), Cr(III)] hydroxide solid solution (Sass and Rai, 1987). 
7.3.2 Interaction with green rust 
Green rust (Fey(II)Fex(III)(OH)3x+2y-2z(SG4)z) is a mixed Fe(II)-Fe(III) 
oxyhydroxide mineral that is thought to occur under the reducing and mildly acidic to 
mildly alkaline conditions found in reductomorphic soils and certain sedimentary 
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horizons (e. g. Hansen et al., 1994; Schwertmann and Fechter, 1994; Trolard et al., 
1997). Consequently, it is likely to be one of the most important Fe(II)-bearing 
minerals in immature sediments and soils, and its mixed valence makes it of potentially 
great importance to trace metal mobility. Green rust has previously been shown to be 
capable of reducing Se(VI) to Se(O) (Myneni et al., 1997) and nitrate to ammonium 
(Hansen et al., 1994). In contrast to these findings, results presented here show that 
green rust does not reduce As(V) to As(III), irrespective of whether arsenic is added 
prior to or after green rust formation. This is of great importance because As(III) is 
far more toxic and mobile than As(V). Following adsorption on green rust, As(V) 
persists as surface complexes, even during the oxidation of green rust to lepidocrocite 
(y-FeOOH). It is not incorporated into the green rust bulk structure and it does not 
exchange for sulphate anions in the interlayer sites that are present in green rust. 
Therefore, aqueous arsenic concentrations will be controlled exclusively by 
equilibrium with sorbed As(V) species. 
In contrast, Cr(VI) undergoes instantaneous reduction to Cr(III) following 
interaction with green rust with the concomitant production of magnetite. A likely 
scheme for this reaction is as follows: 
HCrO4 + 3Fe(II)2Fe(III)(OH)5(SO4) = 
Cr(OH)3"nH2O + 3Fe3O4 + 3SO42- + 5H+ + 4-nH2O 
This observation is important because it shows that green rust can rapidly reduce 
chromium from its toxic and highly mobile Cr(VI) form and precipitate it as 
Cr(OH)3"nH2O. This phase will then exert the major control on Cr(III) solubility. 
7.3.3. Sulphidisation of As(V)-contaminated goethite 
Whereas iron (oxyhydr)oxides generally limit the mobility of As(V) under oxic 
conditions, arsenic mobility is limited by equilibrium with authigenic iron and/or 
arsenic sulphides under reducing, sulphur-rich environments (e. g. Moore et al., 1988; 
Huerta-Diaz and Morse, 1990,1992). Aqueous trace metal concentrations can 
increase dramatically during the reductive dissolution of (oxyhydr)oxides (Korte, 
1991; Petersen et al., 1995), a reaction that is known to take place during the early 
diagenesis of sediments. Under such conditions, there is the potential for significant 
amounts of arsenic to be transported away from the site of contamination, and pose a 
risk to human health. It is clearly of importance that these reactions are understood so 
that the potential release of contaminants can be predicted. This is especially true 
when it is realised that external factors such as seasonal changes in groundwater level 
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or reservoir water depth can cause the reduction/oxidation reactions to occur on a 
repeating, cyclical basis (Moore et al., 1988). 
The results presented here demonstrate that sulphidisation of As(V)- 
contaminated goethite leads to the reductive dissolution of the iron oxyhydroxide with 
a resultant release to solution of both iron and arsenic. The iron is subsequently 
removed from solution by the formation of poorly crystalline mackinawite (Fei+xS)" 
Arsenic concentrations similarly decrease, but EXAFS analysis shows that the first 
coordination shell around As(III) is identical to that in poorly crystalline orpiment 
(As2S3(am)). This suggests that arsenic does not sorb by coprecipitation with iron. 
Although dissolved arsenic concentrations remain low following the establishment of 
stable sulphide-rich conditions, presumably by equilibrium with As2S3(am), it should 
be noted that any arsenic that does remain in solution will be in the mobile and toxic 
As(III) form. 
7.3.4. Arsenic and chromium - summary 
Arsenic and chromium are both strongly sorbed by ferrihydrite, but they 
behave in very different ways as this mineral ages following contamination. As(V) 
persists as surface complexes throughout the ageing process, and no As(V) is released 
to solution. Consequently, dissolved As(V) concentrations would be expected to be 
maintained below drinking water limits by adsorption on ferrihydrite and its ageing 
products. Very high As(V) loadings prevent the ageing process from occurring, 
explaining why the bulk As(V) sorption capacity of grossly contaminated samples is 
not exceeded. Conversely, Cr(III) partitions out of a supposed solid solution in 
[Cr(III), Fe(III)] hydroxide during ageing, and forms a discrete hydrous Cr(III) oxide 
phase with y-CrOOH structure. This reaction is accompanied by the persistent release 
of a minor fraction of the initial Cr(III) load. 
Thus, aqueous concentrations of As(V) and Cr(III) in immature sediments will 
be controlled by equilibrium with adsorbed species and [Cr(III), Fe(III)] hydroxide, 
respectively. As the sediments age and the constituent iron (oxyhydr)oxides become 
more crystalline, As(V) will still be controlled by equilibrium with adsorbed species, 
but aqueous concentrations of Cr(III) will be controlled by equilibrium with hydrous 
Cr(III) oxide (e. g. Cr(OH)3"nH2O). Although Cr(OH)3"nH2O is more soluble than 
[Cr(III), Fe(III)] hydroxide, it is sufficiently insoluble that dissolved Cr(III) drinking 
water limits should not be exceeded. 
Green rust cannot reduce As(V) to As(III), and instead adsorbs it in surface 
complexes that are very similar to those observed on ferric oxyhydroxide minerals. 
This is very important because As(V) is essentially rendered immobile by adsorption, 
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even during the oxidation of green rust to lepidocrocite. Reduction to As(III) would 
have potentially disastrous consequences because this species is far more toxic and 
mobile than the As(V) form. Whilst green rust cannot reduce As(V), it can reduce 
Cr(VI) to Cr(III), which is then sorbed as a y-CrOOH-like precipitate very similar to 
that observed on aged Cr(III)-ferrihydrite. 
These results all suggest that ferrihydrite- and green rust-rich sediments and 
soils will constitute an effective barrier to the migration of As(V), Cr(III) and Cr(VI) 
(the latter is only attenuated in the presence of green rust), and that these contaminants 
will not be released in significant quantities as the sorbents age. 
The same is not necessarily true during the sulphidisation of As(V)- 
contaminated goethite. In this case, there is a period of time when both iron and 
arsenic concentrations are high. This is because solubility limiting phases are at a 
minimum during the reductive dissolution of the iron oxyhydroxide and prior to the 
formation of new iron and arsenic sulphide phases. During this time, the majority of 
dissolved arsenic is most likely to exist in the mobile and highly toxic As(III) form, 
and the risk of groundwater flow carrying this species away from the site of 
contamination will be high. Under steady state reducing, sulphide-rich conditions, it 
appears that As2S3(am) suppresses dissolved arsenic concentrations. However, it is 
important to realise that this material would be easily oxidised if events such as 
dredging or large storms exposed it to oxygenated conditions. 
7.4 FUTURE DIRECTIONS 
In order to isolate and fully understand some of the fundamental inorganic 
reactions that can affect the mobility of arsenic, cadmium and chromium, the 
experiments described in this dissertation have been performed in the absence of both 
organics and microbes. Relatively recent work has suggested that both of these 
factors can play an important role in determining the fate of a number of contaminants. 
Consequently, I feel that the next logical step for this work would be to repeat some of 
the experiments but to include in them a highly characterised organic or microbial 
component. Comparison of results generated in this way with those reported here will 
provide some direct information regarding the relative importance of inorganic, 
organic and microbially mediated reactions. 
EXAFS spectroscopy is clearly the technique of choice for determining the 
mechanism of trace metal sorption in poorly crystalline systems that approximate those 
found in the environment. However, samples have often had to contain the 'element 
of interest' at concentrations of ? 0.1 wt% in order that data of an acceptable quality 
can be collected. This in itself can preclude the incorporation of a biotic component in 
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sample preparation because the high contaminant concentrations would kill the 
microbes. However, recent developments in synchrotron radiation technology make it 
possible to analyse samples with 20.02 wt% of the element of interest. This, in turn, 
makes biotic sample preparation feasible. 
The results presented in Chapter 3 demonstrate the applicability of ab initio 
quantum mechanical techniques to modelling the structure of sorption complexes. 
Whilst the information derived in this way provides a useful independent guide for the 
analysis of EXAFS data, the calculations are physically unrealistic in the sense that the 
molecular clusters are very small, and they cannot take account of solvation effects. 
Increasing computing power and the development of new software make it likely that 
future modelling attempts will use a molecular dynamic approach. This allows much 
larger molecular units and solvation effects to be considered. I feel that the use of Ab 
initio predictions as a guide to which samples to prepare and analyse by EXAFS 
should increase in the future. This is especially true when it is remembered that 
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Abstract- The mobility of cadmium in the environment is strongly inhibited by 
sorption onto Fe and Mn (hydr)oxide minerals such as cryptomelane (KMn8O16). 
Adsorption experiments showed that cryptomelane was able to sorb two thirds of 
available cadmium from solution at pH as low as 2.0. EXAFS was used to determine 
whether cadmium had sorbed to the external surfaces of the mineral, or migrated into 
the -4.6 A diameter tunnels which exist in the cryptomelane structure. The Mn 
coordination environment around sorbed cadmium (4.9 ± 1.0 Mn at 3.65 ± 0.02 A) at 
pH 2.0 strongly indicates that the majority of sorbed cadmium is located inside the 
tunnels, and that it is displaced from the ideal tunnel cation position (special position 
2a (0,0,0)). The oxygen coordination environment around cadmium (6.5 ± 1.3 0 at 
2.24 ± 0.02 A) is consistent with this conclusion, but also suggests that sorbed 
cadmium is partially hydrated. The dominant tunnel cation (K+) was not significantly 
released to solution during cadmium sorption. Thus, it seems likely that cadmium 
exchanged with H+ in the tunnels rather than K+. This is supported by the lowering of 
pH during cadmium adsorption and corresponding charge balance calculations. 
Cadmium sorption at the tunnel sites is likely to be energetically favourable because it 
allows occupation of those tunnel sites which K+ cannot fill, thus resulting in a more 
effective balancing of the negative structural charge in cryptomelane. This is the first 
EXAFS study of cation sorption on a mineral with the hollandite structure. 
Keywords: Cadmium, Cryptomelane, Hollandite, Manganese oxides, EXAFS, Ion Exchange 
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An EXAFS Investigation of the Mechanisms of 
Cadmium Attenuation on Fe and Mn (Oxyhydr)oxide 
Minerals 
S. R. Randall 
D. M. Sherman 
K. V. Ragnarsdottir 
Department of Earth Sciences 
University of Bristol 
Bristol, BS8 1RJ, U. K. 
Introduction 
The structure of aqueous cadmium sorption complexes on the iron 
oxyhydroxide minerals goethite ((x-FeOOH), lepidocrocite (y-FeOOH), akaganeite (0- 
FeOOH), schwertmannite (Fe808(OH)6SO4), and cryptomelane (KMn8O16) have 
been determined in situ (in the presence of water) using Extended X-Ray Adsorption 
Fine Structure (EXAFS) spectroscopy. Sorption on these minerals may limit the 
mobility of Cd in soils and groundwater. 
Experimental 
All minerals were prepared in our laboratory according to methods reported in 
the literature. Samples for EXAFS analysis were prepared by adding a known 
concentration of Cd stock solution to suspensions of the chosen mineral and 
equilibrating for approximately 24 hr. C02-free conditions were maintained 
throughout the adsorption step of sample preparation to prevent the formation of 
CdCO3(s). 
EXAFS data were collected at the CLRC Synchrotron Radiation Source (SRS) 
at Daresbury Laboratory, U. K. Spectra were collected in multiple fluorescence mode 
scans at the Cd K-edge under room temperature conditions on station 9.2. Sample 
were presented to the X-ray beam as a wet paste held by Sellotape in a2 mm thick 
plastic slide with a4x 15 mm sample slot. EXAFS data were also collected from 
Cd(OH)2(s), for use as a reference standard in later curve fitting. 
EXAFS data reduction and analysis was performed using native Daresbury 
Laboratory software packages (EXCALIB, EXBACK, and EXCURV92) (Binsted et 
al., 1991). All reported atomic shells are significant at the 1% level. The phase shift 
functions used in the curve fitting were derived by ab initio methods in EXCURV92. 
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Results 
The EXAFS results show that in all adsorption samples and the p-Cd(OH)2(s) 
standard, Cd is surrounded by an inner atomic shell containing approximately 6 
O, OH, OH2 groups (EXAFS cannot distinguish between these three possibilities) at a 
distance of 2.24 - 2.28 
A. At least one additional atomic shell containing Fe or Mn 
atoms is observed outside the 0 shell but within 4A of the central Cd atom, showing 
that Cd must adsorb via an inner sphere mechanism. There is no evidence for a Cd 
shell in theoretical fits to experimental data from the adsorption samples, and this 
indicates that Cd did not adsorb via the precipitation of a solid phase such as 
Cd(OH)2(s) or CdCO3(s). These results are in general agreement with an earlier 
EXAFS-based study of Cd sorption on goethite and hydrous ferric oxide by Spadini 
et al. (1994). 
The EXAFS results for various 'wet paste' goethite adsorption samples are 
effectively the same regardless of pH (pH 5.4 to 9.3 range) or surface loading (24 % 
to 53 % range). In all cases, a shell containing between 1.1 and 1.8 Fe atoms is 
present between 3.75 and 3.80 A from the central Cd atom in addition to the 0 shell 
(Fig. 1). This Cd-Fe separation suggests that Cd adsorbs via a corner-sharing 
mechanism, and there is no support for an Fe shell at 3.3 A, which would indicate 
edge-sharing adsorption. 
2s 
3456789 10 11 12 0 
Wavenumber, k (A-') Distance from central Cd (A) 
Fig. 1. Representative EXAFS plot (left) and radial distribution function (right) for 
Cd adsorbed on goethite. 
Corner-sharing adsorption can occur if adsorbed Cd forms a bidentate bridge between 
two adjacent A-type hydroxyls or undergoes monodentate adsorption with one C-type 
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hydroxyl (Fig. 2). These two mechanisms are regarded as double corner (DC) and 
single corner (SC) adsorption, respectively, and can occur on both the dominant (1 10) 
faces and the much smaller (1 10) faces of goethite. Because these DC and SC 
adsorption complexes result in identical Cd-Fe separations and Fe coordination 
numbers, they are indistinguishable by EXAFS. However, the supposed inertness of 
the C-type hydroxyls suggests that adsorption is most likely to occur by l)(' bridging 
of two A-type hydroxyls. 




Corner sharing on (010) (-3.8 A) (110) 
(010) x(021) 




Edge-sharing adsorption is thought to be energetically favoured over corner- 
sharing adsorption, and the fact that edge sharing is not observed (even at a surface 
loading as low as 24 %) is consistent with the morphology of goethite crystals: edge 
sharing can only occur on the (021) faces which constitute just -5 % of the total 
surface area. 
In contrast to the results from goethite, the Fe shell in the lepidocrocite samples 
contains 1.1 - 1.5 Fe atoms at 3.26-3.30 A (indicative of edge-sharing adsorption) 
rather than the 3.75-3.80 A. This difference can be explained in terms of crystal 
morphology: Lepidocrocite crystals are typically more platey and broad than the 
narrow acicular goethite needles. As a consequence, far more edge-sharing sites are 
available on lepidocrocite, and it is these which Cd preferentially bonds to. Relatively 
small changes in pH (6.0 - 7.0) and surface loading (27 %- 45 %) have no significant 
effect on the EXAFS results from lepidocrocite. 
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Cryptomelane consists of a framework structure containing 2x2 tunnels -4.6 
A in diameter which are partly occupied by K+ and H+. This mineral was able to sorb 
up to two thirds of the available Cd2+ from solution at pH as low as 2.0, with a 
concomitant release of H+ to maintain charge balance (although no K was released 
during Cd sorption). The EXAFS results show that Cd is surrounded by one shell 
containing 6.5 0 atoms at 2.24 A, and another containing 4.9 Mn at 3.65 A. These 
results indicate that Cd sorbed at sites within cryptomelane's tunnel structure, but that 
it shifted off the ideal tunnel cation position (on the tunnel axis) to allow bonding with 
0 atoms in the tunnel walls. 
Akaganeite and schwertmannite are both structurally similar to cryptomelane, 
but differ in that the tunnel sites are occupied by Cl- and SO42-, respectively, and 
crystal growth along the needle axis is poor in schwertmannite. EXAFS results for 
Cd on akaganeite and schwertmannite both show the omnipresent shell of six 0 atoms 
at 2.28 A and a contribution from an Fe shell(s) between 3 and 4 A. Unfortunately, 
data quality was not sufficient to resolve an exact Cd-Fe separation, and the only firm 
conclusion that can be drawn is that Cd sorbed to both of these minerals via an inner 
sphere mechanism. 
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The Mechanism of Cadmium Surface Complexation on 
Iron Oxyhydroxide Minerals 
S. R. Randall, D. M. Sherman, K. V. Ragnarsdottir 
and Clare R. Collins 
Department of Earth Sciences, University of Bristol, Bristol, BS8 1RJ, U. K. 
Abstract- Many sediment and soil systems have become significantly contaminated 
with cadmium, and earth scientists are now required to make increasingly accurate 
predictions of the risks that this contamination poses. This necessitates an improved 
understanding of the processes that control the mobility and bioavailability of 
cadmium in the environment. With this in mind, we have studied the composition and 
structure of aqueous cadmium sorption complexes on the iron oxyhydroxide minerals 
goethite ((x-FeOOH), lepidocrocite (y-FeOOH), akaganeite (ß-FeOOH), and 
schwertmannite (Fe808(OH)6SO4) using Extended X-Ray Adsorption Fine Structure 
(EXAFS) spectroscopy. The results show that adsorption to all of the studied 
minerals occurs via inner sphere adsorption over a wide range of pH and cadmium 
concentrations. The bonding mechanism varies between minerals and appears to be 
governed by the availability of different types of adsorption site at the mineral surface. 
The geometry and relative stability of cadmium adsorption complexes on the goethite 
surface was predicted with ab initio quantum mechanical modelling. The modelling 
results, used in combination with the EXAFS data, allow an unambiguous 
determination of the mechanism by which cadmium bonds to goethite. 
Cadmium adsorbs to goethite by the formation of bidentate surface complexes 
at corner sharing sites on the predominant (110) crystallographic surface. There is no 
evidence for significant cadmium adsorption to goethite at the supposedly more 
reactive edge sharing sites. This is probably because the edge sharing sites are only 
available on the (021) crystallographic surface, which comprises just -2 % of the total 
mineral surface area. Conversely, cadmium adsorption on lepidocrocite occurs 
predominately by the formation of surface complexes at bi- and/or tridentate edge 
sharing sites. We explain the difference in EXAFS results for cadmium adsorption on 
goethite and lepidocrocite by the greater availability of reactive edge sharing sites on 
lepidocrocite than on goethite. The structures of cadmium adsorption complexes on 
goethite and lepidocrocite appear to be unaffected by changes in pH and surface 
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loading. There is no support for cadmium sorption to any of the studied minerals via 
the formation of an ordered precipitate, even at high pH and high cadmium 
concentration. Cadmium adsorption on akaganeite and schwertmannite also occurs 
via inner sphere bonding, but the mechanism(s) by which this occurs remains 
ambiguous. 
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Table I. Details of analytical methods that were applied to samples of ferrihydrite to 
which As(V) was added after formation (As-HFO series) and prior to nucleation (pH 4 
As-HFO coprecipitate series). All samples were aged at - pH 4 in a 600C oven. 
Date No As-HFO Low As-HFO Medium As- 
HFO 
Appendix of tables 
As/(As+Fe) As/(As+Fe) As/(As+Fe) 
= 0.0 = 0.0033 =0.016 




0.0 hr 0.0 hr 
28/6 XRD, S(As) XRD, S(As) 
5/7 -- 
6/7 XRD, S(As) XRD, S(As), 
EXAFS (3707- 
3710) 
210.5 hr 210.5 hr 
10/7 XRD, S(As) XRD, S(As) 
303.5 hr 303.5 hr 
16/7 XRD, S(As) XRD, S(As) 
452.5 hr 452.5 hr 
26/7 XRD, S(As) XRD, S(As), 
EXAFS (3711- 
3716) 
692.5 hr 692.5 hr 
11/8 XRD, S(As) S(As), EXAFS 
(4027-4034) 





























XRD, S(As) XRD, S(As) 
210.5 hr 20.25 hr 




303.5 hr 113.25 hr 
XRD, S(As) XRD, S(As) 
452.5 hr 262.25 hr 
XRD, S(As) XRD, S(As), 
EXAFS (3738- 
3743) 
692.5 hr 502.25 hr 
XRD, S(As) XRD, S(As), 
EXAFS (4035- 
4040) 
1076.5 hr 886.25 hr 
X-ray diffraction 
Supemate [As] (ICP-AES) 
Sample analysed by EXAFS. Data on XRSSERV 1 in 
'***' file. Numbers in parentheses are Daresbury laboratory 
run numbers, the full format of which is r****. dat 
A 
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Table H. Details of analytical methods applied to samples of green rust to which 
As(V) was added after formation (As-GR sample series) and prior to nucleation (As- 
GRCO sample series). Both sets of samples were gradually oxidised to lepidocrocite 
(y-FeOOH). 
Arsenic adsorbed on pre-existing 
green rust 
(As-GR sample series) 
Sample Reaction Details 
time (hr) 
As-GRl 0.83 XRD, S(As), 
S(Fe) 
As-GR2 1.17 XRD, S(As), 
S(Fe), EXAFS 
(4052-4055) 
As-GR3 2.08 XRD, S(As), 
S(Fe) 
As-GR4 3.17 XRD, S(As), 
S(Fe), EXAFS 
(4091-4094) 
As-GR5 4.50 XRD, S(As), 
S(Fe) 
As-GR6 6.00 XRD, S(As), 
S(Fe) 
As-GR7 20.00 XRD, S(As), 
S(Fe), EXAFS 
(4058 & 4064- 
4066) 
Key: 
Arsenic coprecipitated with green 
rust 
(As-GRCO sample series) 
ample Reaction Details 
time (hr) 
As-GRCO1 0.92 XRD, S(As), 
S(Fe), EXAFS 
(4067-4070) 
As-GRCO2 2.17 XRD, S(As), 
S(Fe) 
As-GRCO3 4.00 XRD, S(As), 
S(Fe), EXAFS 
(4086-4089) 
As-GRCO4 6.00 XRD, S(As), 
S(Fe) 
As-GRCOS 18.50 XRD, S(As), 
S(Fe), EXAFS 
(4078-4081) 
XRD X-ray diffraction 
S(As) Supernate arsenic concentration (ICP-AES) 
S(Fe) Supernate iron concentration (ICP-AES) 
EXAFS Sample analysed by at 77K on Station 16.5. Numbers in 
parentheses are Daresbury laboratory run numbers. 
B 
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Table III. Details of analytical methods applied to a 5.05 gL-t goethite suspension that 
was contaminated with 29.6 ppm As(V) and then gradually sulphidised. As/(As+Fe) 
ratio in the system was 6.89 x 10-3, and 90% of the goethite surface sites were initially 
occupied. 
Sample Sulphidisation Details 
time (hr) 
GS2 - S(As), S(Fe) GS3 - S(As), BC, EXAFS (4047-4050) 
GS4 4.5 XRD, S(As), S(Fe), S(ES), EXAFS (3745- 
(08/07/98) 3746,3747?, 3748-3749) 
GS5 29.0 XRD, S(As), S(Fe) 
(09/07/98) 
GS6 174.0 S(ES) 
(15/07/98) 
GS7 287.5 XRD, S(As), S(Fe), S(ES) 
(20/07/98) 





816.5 XRD, S(As), S(Fe), S(ES), EXAFS (4042, 
4044-4046) 
XRD X-ray diffraction 
S(ES) Total dissolved sulphides (spectrophotometry) 
S(As) Supernate arsenic concentration (ICP-AES) 
S(Fe) Supernate iron concentration (ICP-AES) 
BC Bulk chemistry (arsenic and iron by ICP-AES) 
EXAFS Sample analysed by at 77K on Station 16.5. Numbers in 
parentheses are Daresbury laboratory run numbers. 
C 
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Table IV. Analytical methods applied to EXAFS reference standards in chapter 5 
EXAFS standards EXAFS Conditions 
filename 
As(V) on goethite 4023-4026; Paste at room temp., fluorescence data on 
pH 3.9,0.24 wt% As, 37 % 3759??? 16.5. S(As) 
SL 
As(V) on hematite 4019-4022; Paste at room temp., fluorescence data on 
pH 3.9,0.29 wt% 4082-4085 16.5. S(As) 
As(V) on lepidocrocite 4072,4074- Paste @ 77K, fluoro. S(As) 
24/7/98.4076 









3758; 4095- 3 layers of powder on Sellotape at room 
4096 temp., transmission data on 16.5. XRD 
3755 &3 layers of powder on Sellotape at room 
3757(? ) temp., transmission data on 16.5. XRD 
Supernate arsenic concentration (ICP-AES) 
Surface loading. Values calculated using As(V) adsorption 
site density of 1.58 sites nm-2 derived from Sun and Doner 
(1996). 
D 
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Table V. Details of analytical methods applied to Low-, Med. - and High Cr-HFO 

















20/3 21/3 23/3 26/3 10/4 10/7 
0.0 24.0 70.0 144.5 501.0 2686.0 
XRD, XRD, XRD, S(Cr) XRD, XRD, XRD, 
S(Cr), S(Cr), BC S(Cr) S(Cr), S(Cr), 
EXAFS EXAFS S(Fe) 
(102-S) (100-S) 
XRD, S(Cr) XRD, S(Cr) XRD, XRD, XRD, S(Cr) XRD, 
EXAFS S(Cr), S(Cr) S(Cr), 
(101-S) S(Fe) 









Supernate [Cr] (ICP-AES) 
Supernate [Fe] (ICP-AES) 
Bulk chemical analysis (Fe by ICP-AES, Cr by ICP-MS) 
Sample analysed by EXAFS. Data on XRSSERVI in 
'crferrihydrite' file. 
E 
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Table VI. Details of analytical methods applied to samples of Cr(VI) on green rust that 
were reacted under anoxic (92-S) and oxic conditions (97-S), and the associated 









-100% SL (-1 wt%) 
Cr(VI) on lepidocroc. 
81-S 
-50% SL (0.5 wt%) 
Cr(VI) on lepidocroc. 
83-S 
-30% SL (0.28 wt%) 
Cr(III) on lepidocroc. 
84-S 
-70% SL (0.72 wt%) 





Cr(VI) on sulphate green rust (pH 6). Paste @ RT, fluoro., 
EXAFS (44973 & 44975; 45001-45003) 
Oxidised portion of Cr(VI)-sulphate green rust coppt. Paste 
@ RT, fluoro., EXAFS (44995-44997) 
EXAFS Conditions 
filename 
44970-44971 Paste @ RT, fluoro. (same result as 81- 
S? ) 
44953-44955; Paste @ RT, fluoro. 
44957-44959 
44961-44962; Paste @ RT, fluoro. 
44964-44966 
44967-44968 Paste @ RT, fluoro. 
Supernate chromium concentration (ICP-AES or ICP-MS) 
As data collected at room temperature on station 8.1. Numbers 
in parentheses are Daresbury laboratory run numbers. 
Surface loading - the proportion of available surface sites 
occupied by sorbed chromium. Values calculated using a 
surface site density of 1.44 sites nm-2 for Cr(VI) on goethite 
(derived from Mesuere and Fish, 1992), and 1.3 sites nm-2 for 
Cr(III) on goethite (Charlet and Manceau, 1992). 
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